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Executive summary
Polybrominated diphenyl ethers (PBDEs)
Polybrominated diphenyl ethers (PBDEs) are a group of brominated compounds
comprising 209 congeners used as flame retardants in order to reduce the flammability
of furniture, textiles and electronic equipment. PBDEs are additive flame retardants, i.e.
they are mixed during the manufacture of other polymers but not chemically bound. As
a result, PBDEs may enter the environment via dust generated from the
aforementioned products or following leaching from polymer matrices. PBDEs are
characterised by their low aqueous solubilities (< 0.1–130 µg/L) with a general trend of
decreasing solubility with increasing degree of bromination. The low vapour pressures
(1.94 x 10-3 to 3.51 x 10-9 mm Hg) and Henry’s law constants (2.07 x 10-4 to 7.30 x 10-8
atm m3/mol) of PBDEs indicate that this class of compounds exhibit low volatility. In
addition, the high octanol-water partitioning coefficient (Kow of 5.74 to 8.27) indicates
that once dissolved, PBDEs will strongly sorb to soil/sediment thereby minimising their
mobility.
PBDEs may enter the environment from a number of sources including production
facilities, e-waste recycling, waste disposal and non-point sources, e.g. consumer
products containing PBDEs. As a result of the widespread use of PBDE flame
retardants in household and workplace environments (e.g. electronic equipment,
textiles, construction materials, insulation, foam, furniture, carpet, etc.), dust generated
from consumer products contributes PBDEs to the environment. A considerable
amount of information exists regarding the concentration of PBDEs in environmental
matrices including air (up to 14 ng/m3), dust (up to 21% w/w), soil (up to 10 mg/kg),
sediment (0.3 mg/kg) and biosolids (35 mg/kg) although reports detailing PBDE
concentrations in Australian samples are limited.
Following entry into the environment, PBDEs may undergo transformation with
photolysis being the major pathway. Reductive debromination of PBDEs in air may
occur via indirect photolysis with hydroxyl radicals or via direct photolysis with sunlight.
Indirect photolysis of vapour phase PBDEs (i.e. lower BDEs) may occur with
photochemically produced hydroxyl radicals while for higher BDEs direct photolysis
under UV light has been identified as the main abiotic pathway for PBDE
transformation. UV irradiation may also result in the formation of polybrominated
dibenzofurans, methoxylated PBDEs and phenolic PBDE products.
Numerous studies have shown that PBDEs may accumulate in a variety of organisms
including invertebrates, fish, birds and mammals as a result of environmental exposure.
PBDE bioaccumulation has been shown to be higher near point sources with
decreasing concentrations in organisms with increasing source distance. However,
diffuse sources of PBDEs may also contribute to organisms’ body burdens as
evidenced by the bioaccumulation of PBDE in organisms from remote locations. PBDE
bioaccumulation may also vary within species which has been attributable to variations
in local PBDE sources, atmospheric transport, feeding patterns, etc. In addition, higher
concentrations of PBDEs in predatory animals may reflect biomagnification of PBDE
through trophic levels. Following exposure, prokaryotes, invertebrates, fish, birds and
mammals may transform PBDEs in vivo resulting in the formation of lower BDEs,
hydroxylated PBDEs and methoxylated PBDEs.
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PBDEs have been shown to accumulate in human samples (milk, blood, adipose
tissue, etc.); however, limited reports are available regarding the health effects
associated with PBDE exposure. In a study assessing occupational exposure to
PBDEs, it was suggested there was evidence of hypothyroidism (endocrine effects)
following inhalation and/or dermal exposure. Although limited information is available
regarding the health effects associated with human PBDE exposure, a considerable
amount of animal data is available which has inferred potential human health effects
associated with individual PBDE congeners or commercial PBDE products including
hepatic, thyroid and neurological impacts.
In most developed countries, PBDE mixtures have either been phased out (penta-BDE
and octa-BDE mixtures) or are currently being phased out (deca-BDE). The importation
and manufacture of penta-BDE and octa-BDEs in Germany, Sweden and the
Netherlands was banned in the late 1980s and early 1990s while in the US and
Australia, these commercial BDE mixtures were banned in 2004 and 2007 respectively.
A ban of the use of deca-BDE in Europe was initiated in 2007 while the production,
import and sale of deca-BDE for all consumer transport and military use in the US will
terminate by the end of 2013. The US EPA has established oral reference doses (RfD)
for PBDEs including:
•

7 x 10-3 mg/kg/day for deca-BDE

•

3 x 10-3 mg/kg/day for octa-BDE

•

2 x 10-3 mg/kg/day for penta-BDE.

In addition, the American Conference of Industrial Hygienists developed a workplace
environmental exposure level of 5 mg/m3 for deca-BDE with ongoing air monitoring
required if dust levels of penta- and octa-BDE exceeded 5 mg/m3. Currently, there are
no cleanup standards or guidelines for PBDEs in soil and sediment.

Perfluorinated compounds (PFOS and PFOA)
Perfluorooctane sulfonate (PFOS) and perfluorooctanoic acid (PFOA) are
perfluorinated acids (PFAs) that are manufactured by electrochemical fluorination or by
telomerisation. PFOS has been used extensively in fire fighting agents (e.g. aqueous
film forming foam), semiconductors, hydraulic fluids and photolithography and was the
key ingredient in Scotchgard. In contrast, perfluorooctanoic acid (PFOA) does not have
any direct commercial application but is used as a processing aid in the manufacture of
polytetrafluoroethylene (PTFE). PFOS and PFOA are stable organic compounds that
contain a perfluorocarbon tail that is both hydrophobic and oleophobic and a charged
head that is hydrophilic. Both PFOS and PFOA are moderately soluble in water (0.57
and 9.5 g/L respectively) and have vapour pressures (2.48 x 10-6 mm Hg and 1.0 x 10-5
mm Hg respectively) that suggest these compounds have the potential to exist in both
vapour and particulate phases in the atmosphere. Although adsorption coefficients are
not available for PFOS, values for PFOA suggest that the perfluorinated compound will
be highly mobile in the environment as a result of limited sorption to soil constituents.
During the production of perfluorinated compounds, PFOS and PFOA may be released
to the environment during the initial synthesis (e.g. spills) and during the incorporation
into consumer products (e.g. waste materials). PFOS and PFOA may also be released
through washing of production equipment and through dust generated from various
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products. Non-point sources of PFOS and PFOA may include sewage sludge
application to agricultural land; however, the most important emission sources are
carpets and textiles as well as fire-fighting foams. Limited information is available
regarding the presence of PFOS and PFOA in the Australian environment. In Australia,
PFOS and PFOA have been detected in potable water samples (16 ng/L and 9.7 ng/L
respectively), in waste water treatment plant influent (3.7 and 16 ng/L respectively) and
effluent samples (0.7 and 12 ng/L respectively), in sediment collected in the vicinity of
industrial activity (mean PFOS concentration of 1.5 µg/kg) and in household dust from
(up to 8100 and 2900 µg/kg respectively).
PFOS and PFOA are characterised by their environmental stability. Following entry into
the environment, PFOS and PFOA are unlikely to undergo transformation as a result of
direct photolysis, atmospheric photooxidation, hydrolysis, reduction or biodegradation.
PFOS and PFOA have been found to bioaccumulate in ecological receptors. However,
unlike many persistent organic pollutants, the perfluorinated compounds do not
accumulate in fatty tissue as a consequence of exhibiting both hydrophobic and
lipophobic properties. PFOS and PFOA primarily bind to proteins and preferentially
partition to liver, blood and kidney (PFOA) tissue. Although international studies have
detected PFOS and PFOA in a variety of ecological receptors including molluscs, fish,
birds and mammals, limited information is available regarding the bioaccumulation of
PFOS and PFOA in Australian wildlife. PFOS and PFOA have also been detected in
blood sera of Australian residents. The highest mean concentration of PFOS and
PFOA in residents from rural and urban regions in Australia was 20.8 ng/ml and 7.6
ng/ml respectively. PFOS concentrations increased in both men and women with age
while males generally contained higher serum concentrations of both polyfluorinated
compounds. No significant difference was observed in PFOS or PFOA serum
concentrations for urban and rural dwellers. The concentrations of PFOS and PFOA
reported are equal or higher than previously reported serum levels in Europe and Asia
but lower compared with the US.
Although PFOS and PFOA are resistant to bacterial, ecological and human
biotransformation, other perfluorinated acids may act as precursors for the formation of
these compounds. While the use of PFOS and PFOA in consumer products and
industrial processes is being phased out, research suggests that a significant
proportion of exposure to these compounds may result from precursor transformation.
Due to the limited data available regarding the acute toxicity of PFOS and PFOA to
humans, conclusions cannot be drawn regarding toxic effect concentrations. However,
animal data suggest that PFOS and PFOA exhibit moderate acute oral toxicity with
potential adverse effects on the gastrointestinal tract and liver. As with acute toxicity,
the effects of chronic exposure to PFOS and PFOA are issues associated with the liver
and gastrointestinal tract and changes in thyroid hormone levels. Neither PFOS nor
PFOA exhibit mutagenic properties; however, they may induce carcinogenicity in
animals when administered at high doses (2 mg/kg BW/day). Exposure of ecological
receptors to perfluorinated acids may result in a variety of effects ranging from
diminished growth and development to impacts on endocrinology and sexual
maturation. However, it has been suggested that PFOS and PFOA concentrations in
freshwater environments may have little ecological impact as environmental
concentrations are 1–2 orders of magnitude lower than no observable effect
concentration (NOEC) values.
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PFOS and PFOA, at low concentrations (µg/L) may be removed from wastewater using
technologies such as reverse osmosis, nano-filtration and activated carbon although
conventional treatment techniques such as trickling filtration, activated sludge,
anaerobic digestion and chlorination are ineffective. Advanced oxidation processes
(AOP) may be utilised to treat PFOS and PFOA contaminated water with PFOA being
more susceptible to AOP than PFOS as a result of differences in headgroup. Reductive
processes may also be utilised for the degradation of PFOS and PFOA although their
application has only been demonstrated under laboratory conditions. Thermal
technologies including incineration and sonochemistry are able to destroy PFOS and
PFOA. Temperatures in excess of 600 °C are required for the destruction of PFOS
while lower temperatures (300–350 °C) are required for the destruction of PFOA salts.
The application of acoustic fields to solutions, in order to generate high temperatures
(~5000 K) through acoustic cavitation (i.e. sonochemistry), has been shown to be
effective for the destruction of PFOS and PFOA. Thermal technologies have an
advance over other remediation technologies for the treatment of PFOS and PFOA as
the compounds are mineralised to F-, SO42-, CO and CO2 while other degradation
products are not generated.
Limited guidance is available regarding the regulation of PFOS and PFOA in the
environment although some agencies have recently introduced drinking water guideline
values ranging from 0.2–0.3 µg/L and 0.04–0.5 µg/L respectively. PFOS predicted noeffect concentrations (PNEC) have been derived for the protection of freshwater (25
µg/L) and marine organisms (2.5 µg/L) based on a small number of taxonomic groups.
Provisional tolerable daily intake (pTDI) values for PFOS and PFOA have been
developed in Europe for both adults and children. For adults, values range from 0.1–
0.3 µg/kg BW/day for PFOS and 1.5 µg/kg BW/day for PFOA while pTDI values for
children are approximately an order of magnitude low (25 and 333 ng/kg BW/day
respectively).

Methyl tert-butyl ether (MTBE)
Methyl tert-butyl ether (MTBE) is a commercially synthesised chemical that is used in
small quantities as a laboratory solvent and a pharmaceutical agent. However, its
major use is as a fuel additive (oxygenate) to raise the octane rating of vehicle fuel and
to reduce carbon monoxide exhaust emissions (anti-knocking agent). In Australia, the
addition of MTBE to all grades of petrol was prohibited by the Commonwealth due to
the potential of MTBE to contaminate surface and groundwater supplies. However,
MTBE may enter the Australian environment as a result of contamination of imported
fuel by residual amounts of MTBE reformulated fuel remaining in storage facilities
and/or distribution systems.
MTBE is moderately soluble (48 g/L at 25 °C) and with a vapour pressure and Henry’s
law constant of 245 mm Hg and 5.87 x 10-4 atm m3/mol respectively, is relatively
volatile. The low octanol-water partitioning coefficient (Kow = 1.24) indicates that MTBE
will not accumulate in human or animal fatty tissue while the organic carbon partition
coefficient (Koc = 1.05) indicates that the fuel oxygenate will sorb poorly to soil and
therefore has the potential to be transported to subsurface environments. MTBE has a
characteristic terpene-like odour which can be detected at low concentrations (20–40
µg/L).
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Once released to the environment, MTBE may partition into the atmosphere given its
volatility; however, rapid transformation may occur as a result of reactions with hydroxyl
radicals. As a result of MTBE’s high solubility in water and low organic carbon partition
coefficient (Koc = 1.05), the fuel oxygenate will sorb poorly to soil, sediment and aquifer
matrices and therefore has the potential for migration. Environmental photolyic
processes do not play a role in MTBE degradation as the fuel oxygenate does not
absorb light in the range above 210 nm. However, advanced oxidation processes,
utilising both UV light and hydrogen peroxide may be utilised to degrade MTBE.
Although hydrolysis in the presence of strong acids is recognised as a mechanism for
MTBE transformation, it has been discounted as a significant reaction under
environmental conditions. Similarly, abiotic reduction of MTBE is not a significant
transformation pathway.
Based on its physico-chemical properties, MTBE is unlikely to bioaccumulate in human
or ecological receptors; however, MTBE may undergo degradation/transformation. In
bacteria, MTBE is initially oxidised to tert-butyl alcohol (TBA) via an ether bond
cleavage as a result of unspecific monooxygenases. TBA may then be degraded to 2hydroxyisobutyrate via 2-methyl-2-hydroxy-1-propanol and 1-methyl-2hydroxypropanol. Although the exact mechanism of 2-hydroxyisobutyrate degradation
is unclear, it has been proposed that this transformation product may be degraded to
either methacryrate, 2-propanol and/or 2,3-dihydroxy-2-methylpropionate which may be
further transformed to isobutyrate or lactate. In higher organisms, MTBE is rapidly
metabolised as a result of cytochrome P450 monooxygenases. The initial oxidation
results in the formation of TBA which is further transformed to 2-methyl-1,2-propanediol
then 2-hydroxyisobutyrate. TBA may also form conjugated products with glucuronide.
In mammals, elimination half lives of MTBE urinary metabolites is rapid ranging from 817 hours depending on exposure concentration.
The potential health effects of MTBE exposure have been extensively reviewed by
numerous international agencies. While short-term effects including nausea and
headaches have been reported, the long-term effects of inhalation or oral ingestion are
unclear. Although MTBE has been shown to cause cancer in mice and rats exposed to
elevated concentrations, carcinogenicity has not been demonstrated in humans. As a
result, the International Agency for Research on Cancer has classified MTBE as a
group 3 carcinogen (not classifiable as its carcinogenicity to humans).
Numerous studies have documented the potential impact of MTBE exposure on a
variety of ecological receptors. Following the review of available data, the US EPA
concluded that MTBE would have to occur in fresh and saltwater environments over
the short term (acute toxicity) at or above concentrations of 151 and 53 mg/L
respectively to be harmful. Over the long term (chronic toxicity), MTBE would have to
occur at or above 51 and 18 mg/L to be harmful to fresh and saltwater organisms
respectively. Following the examination of MTBE in surface water, the US EPA
concluded that the ambient concentrations of MTBE are 10,000 times lower than the
calculated harmful levels.
MTBE remediation of contaminated groundwater may be achieved using a variety of
technologies (pump and treat, air sparging, in situ bioremediation, in situ chemical
oxidation, phytoremediation, natural attenuation); however, technology selection is
highly dependent on site specific conditions, remediation timeframes and budget.
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As detailed by the World Health Organization, no human health related guideline value
has been developed for MTBE in drinking water, as the concentration would be
significantly higher than the lowest concentration at which the odour of MTBE is
detectable in drinking water (15 µg/L). In the US, the EPA’s public water supply
program made a non-health based recommendation to limit MTBE in drinking water to
20–40 µg/L based on preventing taste/odour complaints. Similar drinking water quality
guideline values have been adopted in Canada and Europe; however, some
jurisdictions in the US (e.g. California) have adopted more stringent standards based
on health concerns (13 µg/L) or aesthetics (5 µg/L).

Benzo[a]pyrene (BaP)
Benzo[a]pyrene (BaP) is a five-ring polycyclic aromatic hydrocarbon (PAH) that has
been classified by the US Environmental Protection Agency (US EPA) as a priority
pollutant: a compound selected on the basis of its known or suspected carcinogenicity,
teratogenicity or high acute toxicity. BaP is sparingly soluble in water (3.8 µg/L at 25
°C) and with a vapour pressure and Henry’s law constant of 5.6 x 10-9 mm Hg and 4.9 x
10-7 atm m3/mol respectively, is non-volatile. The high octanol-water partitioning
coefficient (Kow = 6.04–6.35) indicates that BaP will sorb strongly to soil/sediment
constituents including clays and organic material.
The major source of BaP to the environment is from the combustion of organic
material. BaP is formed naturally during thermal geologic production (e.g. volcanic
activity) and during burning of vegetation in forest and bush fires, and is found in crude
oil, shale oil and coal tars. However, anthropogenic sources, particularly fuel refining
and combustion, fossil fuel power plants (coal, oil), coal-tar production plants, coking
plants, bitumen and asphalt production plants, paper mills, wood products
manufacturers, aluminium production plants, pyrolytic processes, spillage of petroleum
products, waste incinerators and domestic heaters, are significant sources of BaP in
the environment. In contaminated environmental matrices, BaP does not exist as an
individual contaminant but as part of a complex mixture of PAHs.
BaP has the capacity to bioaccumulate in a variety of aquatic and terrestrial organisms;
however, uptake/bioaccumulation will be influenced by the presence of other PAHs, the
contaminated matrix (i.e. bioavailability issues) and the capacity of the organisms to
metabolise or transform BaP. Bioconcentration factors (BCFs) for several aquatic
species range from 12 to >134,000. The ability of fish to metabolise PAHs may explain
why BaP is not frequently detected, or found only at low concentrations in fish from
environments contaminated with PAHs. Lower bioconcentration factors (0.09 to 7.4)
have been reported for benthic invertebrates compared with aquatic organisms. BaP
may also accumulate in vegetation as a result of atmospheric deposition or from uptake
from soil; however, biomagnification is low. Ratios of BaP concentrations in vegetation
to soil in which plants have been growing have been reported to range from 0.002 to
0.33. BaP tends not to bioaccumulate in higher organisms due to their capacity to
transform BaP as a result of cytochrome P450 monooxygenase activity.
The biotransformation of BaP by prokaryotes and eukaryotes is complex; however,
some commonalties exist in terms of enzyme systems involved and transformation
products. Dioxygenase enzymes involved in the transformation of BaP are
characteristic of bacterial and algal metabolic pathways and are unlike those of
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eukaryotic organisms (e.g. fungi, mammals) which involve monooxygenase enzymes.
Although it has been demonstrated that bacteria and algae have the potential to
degrade BaP, in most cases, degradation rates are extremely slow and degradation is
usually incomplete. A diverse group of ligninolytic and non-ligninolytic fungi have the
ability to oxidise PAHs, some of which have been shown to transform BaP to polar
metabolites after growth on an alternative carbon source. Many fungi have been shown
to oxidise BaP by mechanisms similar to those observed in mammals. Mammalian
metabolism of BaP is mediated by microsomal cytochrome P450 monooxygenases. BaP
oxidation, as a result of microsomal cytochrome P450 systems, results in the formation
of arene oxides which may be transformed to phenols or to trans-dihydrodiols via
hydration in reactions catalysed by microsomal epoxide hydrolase. Arene oxides may
also react covalently with glutathione catalysed by cytosolic glutathione-S-transferases.
Phenols, quinones and dihydrodiols may be converted to conjugated products of
glucuronides and sulfate esters or undergo further oxidative metabolism via
cytochrome P450 systems. Diol epoxides may also be conjugated with glutathione either
spontaneously or by a glutathione-S-transferase catalysed reaction. In addition, diol
epoxides may be spontaneously hydrolysed to form tetrols. Biotransformation of BaP
by the mixed function oxidase (MFO) system in fish liver can result in the formation of
carcinogenic and mutagenic intermediates. The breakdown products (polyhydroxy
compounds) are eliminated in faeces (via bile) and urine.
When individuals are exposed (short-term acute) to BaP, this may result in a number of
symptoms including skin and eye irritation, nausea, vomiting, diarrhea, and confusion.
Chronic exposures may result in cancer risk in addition to other effects including kidney
and liver damage. BaP has been shown to cause tumours in several tissues in a
number of animal species following ingestion, inhalation and dermal exposure. As
result, Safe Work Australia classifies BaP as a Category 2 carcinogen – a substance
that should be regarded as if it is carcinogenic to man; Category 2 mutagen – a
substance that should be regarded as if it is mutagenic to man; Category 2
reproductive risk – a substance that should be regarded as if it impairs fertility in
humans.
For ecological exposure, the mechanisms for toxicity of BaP and other PAHs arise from
interference with cellular membrane function and the associated enzyme systems. In
addition to unmetabolised BaP/PAHs exerting these effects, metabolised BaP/PAHs in
the form of expoxides and dihydrodiols have the potential to bind to cellular proteins
and DNA resulting in biochemical disruptions and cell damage which may lead to
mutations, developmental malformations, tumours, and cancer.
A number of physical-chemical, biological, chemical and thermal technologies may be
applied for the remediation of BaP contaminated matrices; however, technology
selection is highly dependent on site specific conditions, volume of soil requiring
treatment, remediation timeframes, cleanup targets and budget. Some technologies
(i.e. bioremediation, phytoremediation) have limited applicability due to the recalcitrant
nature of BaP while other technologies (i.e. thermal processes) offer high efficacy for
BaP removal but are cost intensive. Other physical-chemical technologies (e.g. subcritical fluid extraction) have shown some potential for the removal of BaP from
contaminated matrices; however, further laboratory and pilot scale testing is required to
determine variables which affect treatment efficacy and cost.
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The World Health Organization (WHO) set a drinking water guideline value of 0.7 µg
BaP/kg based on an oral carcinogenicity study in mice. In Australia, the BaP drinking
water guideline value is more stringent than the WHO value and is set at 0.01 µg/L.
A survey of US and International jurisdictional regulatory guidance values for BaP in
soil yielded values spanning over 6 orders of magnitude, ranging from 0.00018 mg BaP
/kg for rural environments to a generic value of 1,100 mg BaP/kg. In Australia, the
health investigation level for BaP in standard residential gardens (HILa) is currently 1
mg BaP/kg; however, it has been proposed to modify this value and base regulatory
guidance on BaP toxicity equivalents (TEQ). Its proposed that the HIL for BaPTEQ to be
based on the eight carcinogenic PAHs (benz[a]anthracene, benzo[a]pyrene,
benzo[b+j]fluoranthene, benzo[k]fluoranthene, benzo[g,h,i]perylene, chrysene,
dibenz[a,h]anthracene, indeno[1,2,3-c,d]pyrene) and the toxicity equivalency factors
adopted by the Canadian Council of the Ministers of the Environment. BaPTEQ is
calculated by multiplying the concentration of each carcinogenic PAH in the sample by
its BaP toxicity equivalency factor and summing these products. For HILa, this would
result in a guidance value of 3 mg BaPTEQ/kg.
A considerable amount of research has been performed on BaP since it was first
identified as a probable carcinogen over 70 years ago. Although substantial information
is available regarding the fate of BaP in the environment and its toxicological impact,
data gaps still exist regarding the assessment of BaPTEQ and its transformation
products in complex matrices and cost effective remediation technologies. Data gaps
include:
•

the characterisation of the carcinogenic/toxicological impact of other compounds
present in complex PAH mixtures (e.g. alkyl-BaP) that may contribute to BaPTEQ

•

the identification and quantification of BaPTEQ transformation products in complex
environmental samples

•

the assessment of BaPTEQ bioavailability, the impact of physicochemical
parameters on BaPTEQ bioavailability and how this information can be used to
better quantify exposure for human health risk assessment, and

•

the development of cost effective remediation technologies for the treatment of
BaPTEQ contaminated soil and their demonstration at pilot scale.

Assessment of polar transformation products resulting from the
weathering of petroleum hydrocarbons
Following release to the environment, petroleum hydrocarbon may be degraded via
biotic and/or abiotic processes. During these weathering events, hydrocarbon
constituents may be removed while new compounds may be created as a result of
incomplete biodegradation. New compounds formed during hydrocarbon
biodegradation may include polar products as a result of the biological incorporation of
nitrogen, sulfur and oxygen atoms into organic molecules. However, during
hydrocarbon analysis, these polar products are often not differentiated which may
result in the overestimation of dissolved phase hydrocarbons due to enhanced
aqueous solubilities of polar products compared with their parent compounds.
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Petroleum constituents such as n-alkanes, alkenes, BTEX, alkylcyclohexanes,
alkylbenzenes, isoprenoids, (methylated) polycyclic aromatic hydrocarbons, (alkyl)
benzothiophene, steranes, etc. may undergo biodegradation if suitable organisms are
present and environmental conditions are favourable. Biodegradation results in the
production of polar products dominated by carboxylic acids. Although hydrocarbon
biodegradation has been studied extensively with metabolic pathways determined for a
number of individual compounds, identification and quantification of polar products in
complex hydrocarbon mixtures (e.g. weathered Light non-aqueous phase liquids –
LNAPLs) is analytically difficult and not routinely undertaken. Limited information is
available regarding the toxicity of these polar products, although in recent years
toxicological data have been gleaned for a variety of naphthoic acids. For straight
chain, methyl branched, isoprenoid, monocyclic, branched monocyclic, bicyclic,
tricyclics and mono aromatic acids, EC50 values for Vibrio fisheri ranged from 0.004 to
0.7 mM depending on the structure and the carbon atoms of the acids. An increase in
toxicity was observed with increased carbon number of the acid, consistent with the
non-specific narcosis mode of toxicity.
Although extensive guidance is available regarding health and ecological investigation
levels for petroleum hydrocarbons, a search of national and international hydrocarbon
guidance documents was unable to identify environmental guidelines for polar
transformation products resulting from hydrocarbon weathering.
From this review, a number of data gaps were identified for weathered hydrocarbons.
These include:
•

routine methodologies for the quantification of polar transformation products in
weathered hydrocarbon mixtures

•

toxicological assessment of polar transformation products and their
synergistic/antagonistic effects in weathered hydrocarbon mixtures, and

•

development of regulatory guidance for polar transformation products.

CRC CARE Technical Report no. 29
Environmental impact of priority contaminants: A literature review

ix

Table of contents
Executive summary

i

1. Background

1

2. Polybrominated diphenyl ethers (PBDEs) – Environmental fate, dynamics and
impact
2
2.1 Introduction

2

2.2 Physico-chemical properties

4

2.3 Fate and behaviour

7

2.3.1 Source and levels of PBDEs in the environment

7

2.3.2 Solubility and dissolution

13

2.3.3 Volatilisation

13

2.3.4 Adsorption

13

2.3.5 Photolysis

13

2.3.1 Hydrolysis

14

2.3.2 Reduction

14

2.3.1 Bioaccumulation

14

2.3.2 Biotransformation

25

2.4 Exposure to PBDEs – human health effects

28

2.5 Exposure to PBDEs – ecological effects

31

2.6 Analytical methodologies

32

2.7 Potential remediation technologies

33

2.8 Regulatory guidance

34

2.9 Identification and prioritisation of data gaps

36

2.10 Conclusions

36

3. Perfluorinated compounds (PFOS and PFOA) – Environmental fate, dynamics
and impact
38
3.1 Introduction

38

3.2 Physico-chemical properties

39

3.3 Fate and behaviour

39

3.3.1 Source of contaminants in the environment

39

3.3.1 Solubility and dissolution

41

3.3.2 Volatilisation

41

3.3.1 Adsorption

42

3.3.2 Photolysis

42

CRC CARE Technical Report no. 29
Environmental impact of priority contaminants: A literature review

x

3.3.3 Hydrolysis

42

3.3.4 Reduction

43

3.3.5 Bioaccumulation

43

3.3.6 Biotransformation

44

3.4 Exposure to PFOS, PFOA – human health effects

48

3.5 Exposure to PFOS, PFOA – ecological effects

49

3.6 Potential remediation technologies

50

3.7 Regulatory guidance

51

3.8 Identification and prioritisation of data gaps

54

3.9 Conclusions

54

4. Methyl tert-butyl ether (MTBE) – Environmental fate, dynamics and impact

56

4.1 Introduction

56

4.2 Physico-chemical properties

56

4.3 Fate and Behaviour

57

4.3.1 Source and levels of MTBE in the environment

57

4.3.2 Solubility and dissolution

57

4.3.3 Volatilisation

57

4.3.4 Adsorption

57

4.3.5 Photolysis

58

4.3.6 Hydrolysis

58

4.3.7 Reduction

58

4.3.8 Bioaccumulation

58

4.3.9 Biotransformation

59

4.4 Exposure to MTBE – human health effects

64

4.5 Exposure to MTBE – ecological effects

64

4.6 Potential remediation technologies

66

4.7 Regulatory guidance

70

4.8 Identification and prioritisation of data gaps

70

4.9 Conclusions

70

5. Benzo[a]pyrene (BaP) – Environmental fate, dynamics and impact

72

5.1 Introduction

72

5.2 Physico-chemical properties

73

5.3 Fate and Behaviour

74

5.3.1 Source and levels of BaP in the environment

74

5.3.2 Solubility and dissolution

75

CRC CARE Technical Report no. 29
Environmental impact of priority contaminants: A literature review

xi

5.3.3 Volatilisation

75

5.3.4 Adsorption

75

5.3.5 Photolysis

76

5.3.6 Hydrolysis

76

5.3.7 Bioaccumulation

76

5.3.8 Biotransformation

77

5.4 Exposure to BaP – human health effects

80

5.5 Exposure to BaP – ecological effects

82

5.6 Potential remediation technologies

82

5.7 Regulatory guidance

89

5.8 Identification and prioritisation of data gaps

90

5.9 Conclusions

91

6. Assessment of polar transformation products resulting from the weathering of
petroleum hydrocarbons
92
6.1 Introduction

92

6.2 Petroleum hydrocarbon transformation and the production of polar daughter
products
92
6.2.1 n-alkanes

93

6.2.1 Cycloalkanes

94

6.2.1 Monoaromatic hydrocarbons (BTEX)

94

6.2.2 Polycyclic aromatic hydrocarbons (PAHs)

108

6.2.1 Heterocyclic compounds

114

6.2.1 Other compounds

114

6.2.1 Toxicological impact of petroleum hydrocarbon polar daughter
products
114
6.3 Regulatory guidance

122

6.4 Identification and prioritisation of data gaps

122

6.4.1 Quantification of polar transformation products in weather
hydrocarbon mixtures

122

6.4.2 Toxicity of polar transformation products in weathered hydrocarbon
mixtures
122
6.4.3 Regulatory guidance for polar transformation products
6.5 Conclusions
7. References

CRC CARE Technical Report no. 29
Environmental impact of priority contaminants: A literature review

122
123
124

xii

Tables
Table 1.

First-tier priority contaminants

1

Table 2.

Specifications of commercial PBDE mixtures

3

Table 3.

Physico–chemical properties of PBDE congeners

5

Table 4.

Occurrence of PBDEs in the environment

9

Table 5.

Transformation of PBDEs in the environment

15

Table 6.

Bioaccumulation of PBDEs in aquatic, marine and terrestrial
organisms

18

Table 7.

Bioaccumulation of PBDEs in human samples

22

Table 8.

Bacterial transformation of PBDEs

26

Table 9.

Transformation of PBDEs by higher organisms

29

Table 10. Minimal risk levels for deca-BDE and lower BDEs

35

Table 11

40

Physicochemical properties of PFOS and PFOA

Table 12. Occurrence of PFOS and PFOA in the Australian environment

42

Table 13. Bioaccumulation of PFOS and PFOA in ecological receptors

45

Table 14. Exposure of animals to PFOS and PFOA

49

Table 15. Exposure of ecological receptors to PFOS and PFOA

52

Table 16. Guideline values for PFOS, PFOA and other perfluorinated
compounds (modified from Zushi et al. 2012)

55

Table 17. Physico-chemical properties of MTBE

57

Table 18. Biodegradation of MTBE

60

Table 19. Toxicity of MTBE to ecological receptors

65

Table 20. Technologies for the remediation of MTBE-contaminated
environments

67

Table 21. Relative costs and duration of remediation technologies for MTBE in
groundwater (ITRC 2005)

69

Table 22. List of US EPA priority PAHs

72

Table 23. Physico-chemical properties of benzo[a]pyrene

73

Table 24. Concentration of benzo[a]pyrene in environmental matrices

74

Table 25. Concentration of PAHs in 25 contaminated soils collected from
Victoria, New South Wales and South Australia

75

Table 26. Bioaccumulation of benzo[a]pyrene in aquatic organisms (modified
from ATSDR, 1995)

77

Table 27. List of PAH degrading and benzo[a]pyrene degrading bacterial,
fungal and algal genera (modified from Juhasz, 2002)

79

Table 28. Toxicity of benzo[a]pyrene to terrestrial invertebrates (Douben 2003)

83

Table 29. Remediation technologies for PAHs and their applicability for

85

CRC CARE Technical Report no. 29
Environmental impact of priority contaminants: A literature review

xiii

benzo[a]pyrene
Table 30. Relative power of chemical oxidants

87

Table 31. Factors influencing the biodegradation of petroleum hydrocarbons
(adapted from Okoh 2006)

93

Table 32. Possible polar transformation products formed from the
biodegradation of petroleum hydrocarbons

117

Table 33. Toxicity of polar transformation products formed from the
biodegradation of petroleum hydrocarbons

119

Figures
Figure 1.

Chemical structure of PBDEs

4

Figure 2.

Chemical structure of PFOS and PFOA

40

Figure 3

Chemical structure of MTBE

56

Figure 4

Pathway for the bacterial degradation of MTBE

62

Figure 5

Metabolism of MTBE in mammals

63

Figure 6

Chemical structure of benzo[a]pyrene

73

Figure 7

Pathways for the mammalian transformation of benzo[a]pyrene

81

Figure 8

Box plot of US and International jurisdictional regulatory guidance
values for benzo[a]pyrene in soil

90

Figure 9

Biodegradation pathway for the aerobic degradation of n-alkanes

95

Figure 10 Biodegradation pathway for the aerobic degradation of pristane

96

Figure 11 Biodegradation pathway for the anaerobic degradation of n-alkanes

97

Figure 12 Biodegradation pathway for the aerobic degradation of cyclohexane

98

Figure 13 Biodegradation pathway for the aerobic degradation of benzene

99

Figure 14 Biodegradation pathway for the anaerobic degradation of benzene

100

Figure 15 Biodegradation pathway for the aerobic degradation of toluene

101

Figure 16 Biodegradation pathway for the anaerobic degradation of toluene

103

Figure 17 Biodegradation pathway for the aerobic degradation of ethylbenzene

104

Figure 18 Alternative biodegradation pathway for the aerobic degradation of
ethylbenzene

105

Figure 19 Biodegradation pathway for the aerobic degradation of m-xylene

106

Figure 20 Biodegradation pathway for the aerobic degradation of o-xylene

107

Figure 21 Biodegradation pathway for the aerobic degradation of p-xylene

109

Figure 22 Biodegradation pathway for the aerobic degradation of 4methylcatechol

110

Figure 23 Biodegradation pathway for the aerobic degradation of naphthalene

111

CRC CARE Technical Report no. 29
Environmental impact of priority contaminants: A literature review

xiv

Figure 24 Biodegradation pathway for the anaerobic degradation of
naphthalene

112

Figure 25 Biodegradation pathway for the aerobic degradation of
phenanthrene

113

Figure 26 Biodegradation pathway for the aerobic degradation of
dibenzothiophene

115

Figure 27 Biodegradation pathway for the aerobic degradation of carbazole

116

CRC CARE Technical Report no. 29
Environmental impact of priority contaminants: A literature review

xv

1. Background
In order to identify emergent and priority contaminants and to prioritise work on them,
CRC CARE conducted a workshop in February 2012 with regulators and end users.
The outcomes of the workshop, together with information from a matrix pre-population
exercise prior to the workshop, have resulted in a list of contaminants classified in three
categories: ‘first-tier priority’, ‘second-tier priority’ and ‘watching brief’. The table below
summarises the outcomes in relation to contaminants in the first-tier category.
The aim of this project was to undertake a literature review on these first-tier priority
contaminants in order to identify data gaps (e.g. toxicity, remediation technologies) for
future CRC CARE research programs. This information is viewed as critical for all
research programs within CRC CARE and is paramount for the development of
guidance for these stakeholder prioritised contaminants.

Table 1. First tier priority contaminants

Contaminant
PBDEs
PFOS and
PFOA
Dispersants
MTBE

Benzo[a]pyrene
Weathered
hydrocarbons

Nature of concern
Prevalence
Gaps in regulation and assessment
Extreme persistence of perfluorinated
compounds
Prevalence and impact on groundwater.

Widespread in urban area at levels
exceeding HIL
Widespread presence
Uncertainty re: composition, toxicity and
significance
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Research requirement
Measurement
Risk assessment
Risk threshold
Analytical techniques
Ability to treat and dispose
Extent of prevalence
Risk threshold/criteria
Remediation options
Measurement of
bioavailability/toxicity
Characterisation
Risk assessment
Treatment

1

2. Polybrominated diphenyl ethers (PBDEs) –
Environmental fate, dynamics and impact
2.1 Introduction
Polybrominated diphenyl ethers (PBDEs) are a group of brominated compounds
comprising 209 congeners used as flame retardants in order to reduce the flammability
of furniture, textiles and electronic equipment. PBDEs are low-cost flame retardants
that represent approximately 25% of all flame retardant production, estimated to be 2.2
million tonnes in 2014 (US EPA 2010). Commercial production of PBDE flame
retardants began in the 1970s with the manufacture of three PBDE mixtures (pentaBDE, octa-BDE, deca-BDE; see Table 2 for product names). Penta-BDE mixtures were
predominantly used in polyester and polyurethane foam formulation, with the finished
product containing up to 30% by weight of the flame retardant. Octa-BDE mixtures
were used in thermoplastic resins (up to 12% by weight) while deca-BDE mixtures are
used in plastic polymers (PVC, polycarbonates, high impact polystyrene) and as
textiles (Shaw & Kannan 2009). However, both penta-BDE and octa-BDE mixtures
have been excluded from many international markets due to increasing evidence of the
adverse health effects associated with exposure. In Australia, the importation and
manufacture of penta-BDE and octa-BDE mixtures was banned in 2007, while in 2009,
both penta-BDE and octa-BDE were listed as persistent organic pollutants under the
Stockholm convention. Although penta-BDE and octa-BDE mixtures are no longer
commercially available, other PBDEs, such as deca-BDE, are still in use. Due to the
large amount of PBDE-containing consumer products in household and workplace
settings, individuals may be unknowingly exposed to these compounds even though
their incorporation into new products has been phased out.
PBDEs are additive flame retardants; that is, they are mixed during the manufacture of
other polymers but not chemically bound. As a result, PBDEs may enter the
environment via dust generated from the aforementioned products or following leaching
from polymer matrices (Alaee et al. 2003; Darnerud 2003; Law et al. 2008). There is
concern regarding the presence of these compounds in the environment as exposure
of infants and young children to PBDEs may result in the increased risk of adverse
effects during early developmental stages (Alaee & Wenning 2002). Chronic exposure
to PBDEs may also result in thyroid hyperplasia, alteration of thyroid hormone
production (Fowles et al. 1994) and influence neurotransmitter functioning and other
aspects of cognition (Alm et al. 2006; Grandjean & Landrigan 2006). This review
provides an outline of the physico-chemical properties of PBDEs, their environmental
fate, ecological and human health issues associated with exposure, remediation
technologies for the treatment of impacted matrices and international legislation
associated with PBDEs in the environment.
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Table 2. Specifications of commercial PBDE mixtures.

Parameter

Pentabromodiphenyl ether

Synonyms

Pentabromodiphenyl ether;
pentabromodiphenyl oxide;
pentabromobiphenyl oxide;
benzene,1,1-oxybis-pentabromo
derivative

Octabromodiphenyl ether
Octabromodiphenyl ether;
octabromodiphenyl oxide;
octabromobiphenyl oxide;
benzene octabromo derivative;

Decabromodiphenyl ether
Decabromodiphenyl ether; decabromodiphenyl
oxide; decabromobiphenyl oxide;
benzene,1,1’-oxybis(2,3,5,6,-penta-bromo-)ether,
bis-(pentabromophenyl)

phenyl ether octabromo derivative
FR-300 BA; De-83-RTM; Saytex 102; Saytex
102E; FR-1210; Adine 505; AFR 1021; Berkflam
B10E; BR55N; Bromkal 81; Bromkal 82-ODE;
Bromkal 83-10 DE; Caliban F/R-P 39P; Caliban
F/R-P 44; Chemflam 011; DE 83; DP 10F; EB
10FP; EBR 700; Flame Cut BR 100; FR P-39; BR
100; FR 330BA; FR P-39; FRP 53; FR-PE; FRPE(H); Planelon DB 100; Tardex 100; NC-1085;
HFO-102; Hexcel PF1; Phoscan Br-250

Trade names

DE71; Bromkal 70-5 DE; FR
1205/1215; Bromkal 70; Bromkal G1;
Pentabromprop; Tardex 50; Tardex
50L; Saytex 115; DE60F; DE61; DE62

Vapour pressure
(mm Hg) @ 25 °C

2.2 x 10 –5.5 x 10

Water solubility
(µg/L)

2.4–13.3

Henry’s law
constant (atm
3
m /mol)

1.2 x 10 –3.5 x 10

2.6 x 10 –7.5 x 10

1.6 x 10 –4.4 x 10

Log Kow

6.64–6.97

6.29

6.27

Log Koc

4.89–5.10

5.92–6.22

6.80

-7

-5
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-7

Bromkal 7908DE; DE 79; FR 143; Tardex
80; FR 1208; Adine 404; Saytex 111

-9

-10

1.7 x 10 –9.0 x 10
<1

-6

-7

-8

-8

3.2 x 10 –3.5 x 10
< 0.1

-8

3

-6

-8

2.2 Physico-chemical properties
Figure 1 shows the general chemical structure of PBDEs; two phenyl rings linked by an
ether bond with variable hydrogen to bromine substitutions. Up to 209 PBDE
congeners may be formed with a chemical formula of C12H(10−x)BrxO (x = 1, 2, ..., 10 =
m + n) depending on the degree of bromination. Numerous isomers may be formed for
mono- (3), di- (12), tri- (24), tetra- (42), penta- (46), hexa- (42), hepta- (24), octa- (12)
and nona-BDE (3) (Table 1.2) with one deca-brominated diphenyl ether possible.
Commercially available PBDE flame retardants are complex mixtures of brominated
congeners with composition varying for each product and production run. Historically,
commercial penta-BDE mixtures such as DE71, Bromkal 70-5 DE, FR 1205/1215,
Bromkal 70, Bromkal G1, Pentabromprop, Tardex 50, Tardex 50L and Saytex 115
contained trace amounts of tri-BDEs (0-1%), 24–38% tetra-BDE, 50–62% penta-BDE
and 4–8% hexa-BDE. Similarly, commercial octa-BDE mixtures such as Bromkal
7908DE, DE 79, FR 143, Tardex 80, FR 1208, Adine 404 and Saytex 111 contained
penta-BDEs (0–1%), hexa-BDEs (8–12%), hepta-BDEs (45%), octa-BDEs (30–33%),
nona-BDEs (10–13%) and deca-BDE (0–2%). In contrast, commercial deca-BDE
mixtures are composed of 97% BDE-209 with small amounts of nona-BDE isomers and
trace amounts of octa-BDEs.

2
3

1

O

1’

2’
3’

Brm

Brn
4

6
5

6’

4’
5’

Figure 1. Chemical structure of PBDEs. 209 PBDE congeners may be formed depending on the degree
of bromination with a chemical formula of C12H(10−x)BrxO (x = 1, 2, ..., 10 = m + n).

PBDEs are characterised by their low aqueous solubilities with a general trend of
decreasing solubility with increasing degree of bromination (Table 3). For example, di(BDE-15), tri- (BDE-28), hexa- (BDE-153) and deca-BDE (BDE-209) have aqueous
solubilities of 130, 70, 1 and < 0.1 µg/L. The low vapour pressures and Henry’s law
constants of PBDEs indicate that this class of compounds exhibit low volatility. In
addition, the high octanol-water partitioning coefficient (Kow of 5.74 to 8.27) indicates
that once dissolved, PBDEs will strongly sorb to soil/sediment thereby minimising their
mobility.
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Table 3. Physico–chemical properties of PBDE congeners.
a

IUPAC #

1-3
4-15
16-39

2(1), 3*(2), 4(3)

101-55-3

Physico–chemical properties
Vapour
Water
Henry’s law
pressure
solubility
constant
3
(mm Hg)
(µg/L)
(atm m /mol)
-3
1.94 x 10 *
nd*
nd*

2,2’(4), 2,3(5), 2,3’(6), 2,4(7), 2,4’(8), 2,5(9), 2,6(10), 3,3’(11),
3,4(12), 3,4’(13), 3,5(14), 4,4’*(15)
2,2’,3(16), 2,2’,4*(17), 2,2’,5(18), 2,2’,6(19), 2,3,3’(20), 2,3,4(21),
2,3,4’(22), 2,3,5(23), 2,3,6(24), 2,3’,4(25), 2,3’,5(26), 2,3’,6(27),
†
2,4,4’ (28), 2,4,5(29), 2,4,6(30), 2,4’,5(31), 2,4’,6(32), 2’,3,4(33),
2’3,5(34), 3,3’,4(35), 3,3’,5(36), 3,4,4’(37), 3,4,5(38), 3,4’,5(39)
2,2’,3,3’(40), 2,2’,3,4(41), 2,2’,3,4’(42), 2,2’,3,5(43), 2,2’,4,5’(44),
2,2’,3,6(45), 2,2’,3,6’(46), 2,2’,4,4’*(47), 2,2’,4,5(48), 2,2’,4,5’(49),
2,2’,4,6(50), 2,2’,4,6’(51), 2,2’,5,5’(52), 2,2’,5,6’(53), 2,2’,6,6’(54),
2,3,3’,4(55), 2,3,3’,4’(56), 2,3,3’,5(57), 2,3,3’,5’(58), 2,3,3’,6(59),
2,3,4,4’(60), 2,3,4,5(61), 2,3,4,6(62), 2,3,4’,5(63), 2,3,4’,6(64),
†
2,3,5,6(65), 2,3’,4,4’ (66), 2,3’,4,5(67), 2,3’,4,5’(68), 2,3’4,6(69),
2,3’,4’,5(70), 2,3’,4’,6(71), 2,3’,5,5’(72), 2,3’,5’,6(73), 2,4,4’,5(74),
‡
2,4,4’6(75), 2’,3,4,5(76), 3,3’,4,4’ (77), 3,3’,4,5(78), 3,3’,4,5’(79),
3,3’,5,5’(80), 3,4,4’,5(81)
2,2’,3,3’,4(82), 2,2’,3,3’,5(83), 2,2’,3,3’,6(84), 2,2’,3,4,4’*(85),
2,2’,3,4,5(86), 2,2’,3,4,5’(87), 2,2’,3,4,6(88), 2,2’,3,4,6’(89),
2,2’,3,4’,5(90), 2,2’,3,4’,6(91), 2,2’,3,5,5’(92), 2,2’,3,5,6(93),
2,2’,3,5,6’(94), 2,2’,3,5’,6(95), 2,2’,3,6,6’(96), 2,2’,3’,4,5(97),
†
‡
2,2’,3’,4,6(98), 2,2’,4,4’,5 (99), 2,2’,4,4’,6 (100), 2,2’,4,5,5’(101),
2,2’,4,5,6’(102), 2,2’,4,5’,6(103), 2,2’,4,6,6’(104), 2,3,3’,4,4’(105),
2,3,3’,4,5(106), 2,3,3’,4’,5(107), 2,3,3’,4,5’(108), 2,3,3’,4,6(109),
2,3,3’,4’,6(110), 2,3,3’,5,5’(111), 2,3,3’,5,6(112), 2,3,3’,5’,6(113),
2,3,4,4’,5(114), 2,3,4,4’,6(115), 2,3,4,5,6(116), 2,3,4’,5,6(117),
2,3’,4,4’,5(118), 2,3’,4,4’,6(119), 2,3’,4,5,5’(120), 2,3’,4,5’,6(121),
2’,3,3’,4,5(122), 2’,3,4,4’,5(123), 2’,3,4,5,5’(124), 2’,3,4,5,6’(125),
3,3’,4,4’,5(126), 3,3’,4,5,5’(127)

2050-47-7

1.30 x 10

49690-94-0

nd*
-5†
1.64 x 10

40088-47-9

1.40 x 10 *
-7†
9.15 x 10
-7‡
5.09 x 10

32534-81-9

7.40 x 10 *
-7†
1.32 x 10
-7‡
2.15 x 10

Compound

Monobromodiphenylether
Dibromodiphenylether
Tribromodiphenylether

40-81

Tetrabromodiphenylether

82-127

Pentabromodiphenylether

Substituent
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CAS #

5

-4*

-4*

130*

2.07 x 10

nd*
†
70

nd*
-5†
5.03 x 10

-6

15*
†
18
‡
6

1.48 x 10 *
-6†
4.93 x 10
-5‡
1.18 x 10

-8

6*
†
9
‡
40

1.09 x 10 *
-6†
2.27 x 10
-7‡
6.81x 10

Log
Kow
nd*
nd*
5.74*
†
5.94

-5

6.81*
†
nd
‡
nd

-6

nd*
†
7.32
‡
7.24

128-169

Hexabromodiphenylether

170-193

Heptabromodiphenylether

194-205

Octabromodiphenylether

206-208

Nonabromodiphenylether
Decabromodiphenylether

209

a

2.2’,3,3’,4,4’(128), 2,2’,3,3’,4,5(129), 2,2’,3,3’,4,5’(130),
2,2’,3,3’,4,6(131), 2,2’,3,3’,4,6’(132), 2,2’,3,3’,5,5’(133),
2,2’,3,3’,5,6(134), 2,2’,3,3’,5,6’(135), 2,2’,3,3’,6,6’(136),
2,2’,3,4,4’,5(137), 2,2’,3,4,4’,5’*(138), 2,2’,3,4,4’,6(139),
2,2’,3,4,4’,6’(140), 2,2’,3,4,5,5’(141), 2,2’,3,4,5,6(142),
2,2’,3,4,5,6’(143), 2,2’,3,4,5’,6(144), 2,2’,3,4,6,6’(145),
2,2’,3,4’,5,5’(146), 2,2’,3,4’,5,6(147), 2,2’,3,4’,5,6’(148),
2,2’,3,4’,5’,6(149), 2,2’,3,4’,5,6’(150), 2,2’,3,5,5’,6(151),
†
‡
2,2’,3,5,6,6’(152), 2,2’,4,4’,5,5’ (153), 2,2’,4,4’,5,6’ (154),
2,2’,4,4’,6,6’(155), 2,3,3’,4,4’,5(156), 2,3,3’,4,4’,5’(157),
2,3,3’,4,4’,6(158), 2,3,3’,4,5,5’(159), 2,3,3’,4,5,6(160),
2,3,3’,4,5’,6(161), 2,3,3’,4’,5,5’(162), 2,3,3’,4’,5,6(163),
2,3,3’,4’,5’,6(164), 2,3,3’,5,5’,6(165), 2,3,4,4’,5,6(166),
2,3’,4,4’,5,5’(167), 2,3’,4,4’,5’,6(168), 3,3’,4,4’,5,5’(169)
2,2’,3,3’,4,4’,5(170), 2,2’,3,3’,4,4’,6(171), 2,2’,3,3’,4,5,5’(172),
2,2’,3,3’,4,5,6(173), 2,2’,3,3’,4,5,6’(174), 2,2’,3,3’,4,5’,6(175),
2,2’,3,3’,4,6,6’(176), 2,2’,3,3’,4’,5,6(177), 2,2’,3,3’,5,5’,6(178),
2,2’,3,3’,5,6,6’(179), 2,2’,3,4,4’,5,5’(180), 2,2’,3,4,4’,5,6(181),
2,2’,3,4,4’,5,6’(182), 2,2’,3,4,4’,5’,6*(183), 2,2’,3,4,4’,6,6’(184),
2,2’,3,4,5,5’,6(185), 2,2’,3,4,5,6,6’(186), 2,2’,3,4’,5,5’,6(187),
†
2,2’,3,4’,5,6,6’(188), 2,3,3’,4,4’,5,5(189), 2,3,3’,4,4’,5,6 (190),
2,3,3’,4,4’,5’6(191), 2,3,3’,4,5,5,6(192), 2,3,3’,4’,5,5’,6(193)
2,2’,3,3’,4,4’,5,5’(194), 2,2’,3,3’,4,4’,5,6(195),
2,2’,3,3’,4,4’,5’,6(196), 2,2’,3,3’,4,4’,6,6’(197),
2,2’,3,3’,4,5,5’,6(198), 2,2’,3,3’,4,5,6,6’(199),
2,2’,3,3’,4,5,6,6’(200), 2,2’,3,3’,4,5’,6,6’(201),
2,2’,3,3’,5,5’,6,6’(202), 2,2’,3,4,4’,5,5’,6(203),
2,2’,3,4,4’,5,6,6’(204), 2,3,3’,4,4’,5,5’,6(205)
2,2’,3,3’,4,4’,5,5’,6(206), 2,2’,3,3’,4,4’,5,6,6’(207)
2,2’,3,3’,4,5,5’,6,6’(208)
2,2’,3,3’,4,4’,5,5’,6,6’*(209)

nd*
†
1
‡
1

nd*
-7†
6.61 x 10
-6‡
2.37x 10

-9

2*
†
nd

7.30 x 10 *
†
nd

-8

8.27*
†
nd

-8*

<0.1*

1.93 x 10

-8*

6.27*

1.19 x 10 *
-8†
1.57 x 10
-8‡
2.85 x 10

68928-80-3

3.51 x 10 *
-9†
2.12 x 10

nd*
†
7.90
‡
7.82

32536-52-0

63936-56-1
1163-19-5

Physico-chemical properties are detailed for highlighted (*, †, ‡) congeners.
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36483-60-0

6

3.47 x 10

2.3 Fate and behaviour
2.3.1 Source and levels of PBDEs in the environment
PBDEs may enter the environment from a number of sources including:
•

production facilities

•

e-waste recycling

•

waste disposal, and

•

non-point sources, e.g. consumer products containing PBDEs.

Production facilities – During the production of flame retardants, PBDEs may be
released to the environment during the initial synthesis (e.g. spills) and during
incorporation into consumer products (e.g. waste material). PBDE release may also
occur through washing of production equipment and through dust generated from
polymer products.
E-waste recycling – E-waste recycling is a major source of PBDEs to the environment.
Recycling recovers valuable components (e.g. precious metals) from used electronic
equipment; however, the processes used for precious metal recovery also release
other components such as PBDEs into the environment (Wang et al. 2005). Leung et
al. (2007) estimated that global e-waste production was approximately 50 million
tonnes annually with approximately 80% of computer e-waste exported to Asia for
recycling (UNEP 2005).
Waste disposal – PBDE-containing consumer products may be disposed to landfill
resulting in elevated concentrations in waste repositories. However, the potential of
PBDEs to leach from contained facilities is low given their low aqueous solubilities.
PBDE waste may also be minimised by incineration. Although the potential release of
PBDEs to the environment via high temperature incineration is low, incineration may
result in the formation of polybrominated dibenzo-p-dioxins (PBDDs) and
dibenzofurans (PBDFs) over a wide range of pyrolysis temperatures. PBDF and PBDD
formation is more favourable at lower temperatures, shorter residence times and in the
presence of higher metal concentrations (Sakai et al. 2001).
Non-point sources – As a result of the widespread use of PBDE flame retardants in
household and workplace environments (e.g. electronic equipment, textiles,
construction materials, insulation, foam, furniture, carpet, etc.), dust generated from
consumer products contributes PBDEs to the environment.
A considerable amount of information exists regarding the concentration of PBDEs in
environmental matrices including air (both indoor and outdoor), dust, soil, sediment and
biosolids (Table 4). In indoor air (residential households), the concentration of PBDEs
has been shown to range from trace levels of 0.008 pg/m3 (Zhang et al. 2011) up to
3600 pg/m3 (Wilford et al. 2004). Similarly, in office locations, classrooms and
electronic facilities, the concentration of PBDEs in indoor air has ranged up to 14,000
pg/m3 (Thuresson et al. 2012). The range of PBDE concentrations detected in indoor
air has been attributed to variability associated with the sampling locations (e.g.
proximity to industry), indoor air flow, quantity of PBDE-containing consumer products,
age of PBDE-containing consumer products, etc. In Australia, limited studies have
been undertaken to assess PBDE concentrations in indoor air samples. Toms et al.
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(2009) conducted an assessment of PBDEs in indoor air environments from eight sites
(six residential and two office environments) in South East Queensland. The sum of 26
PBDE congeners (BDE-17, 28, 33, -47, -49, -66, -71, -77, -85, -99, -100, -119, -126, 138, -166, -153, -154, -156, -183, 184, -191, -196, -197, -206, -207, -209) ranged from
0.5-179 pg m-3 for residential and 15 487 pg/m3 for office environments respectively. In
addition, congener profiles for air samples were dominated by BDE-209. PBDE
congeners have also been detected in air samples collected from car interiors with
concentrations ranging from 11-8184 pg/m3 for ∑tri-hexa-BDEs (Harrad & Hunter 2006)
and below detection limits to 1053 pg/m3 for deca-BDE (Mandalakis et al. 2008). While
PBDEs exhibit low volatility, the elevated concentrations detected in indoor air have
been attributed to the presence of PBDE-containing particulate matter.
Considerably higher PBDE concentrations have been detected in dust samples
collected from homes, offices and cars although limited data are available in an
Australian context (Table 4). Toms et al. (2006) determined that the concentration of
deca-BDE in indoor dust ranged from up to 2230 µg/kg dry weight (mean = 619 µg/kg
dry weight) in a small set of eight Australian samples. In further studies, the
concentration of 26 congeners in residential and office dust from South East
Queensland ranged from 87-733 µg/kg dry weight (mean = 376 µg/kg dry weight) and
583-3070 µg/kg dry weight (1547 µg/kg dry weight) respectively (Toms et al. 2009).
Larger studies conducted in the UK, Europe, Asia and North America have identified
that PBDE concentrations in indoor dust may be significantly greater than those
reported for Australian dust samples, with concentrations up to 90-fold higher being
detected (280,000 µg/kg dry weight) (Harrad et al. 2008). In addition, a number of
studies have determined that deca-BDE was the most abundant BDE in household
dust (Harrad et al. 2008; Santillo et al. 2003; Batterman et al. 2010). In dust collected
from car interiors, deca-BDE has also been identified as the most abundant BDE;
however, tri-hexa-BDEs may also be present. Following the analysis of 60 car dust
samples, Lagalante et al. (2009) determined that the concentration of ∑tri-hexa-BDE
may range from 436-59,800 µg/kg dry weight. In other studies, Batterman et al. (2009)
determined that deca-BDE may comprise up to 21% by weight car dust.
PBDEs have been detected in industrial, urban and rural soils (Table 4) although the
majority of reports detail PBDE concentration in soils located near industrial activity in
China (e.g. e-waste recycling). As expected, the highest concentrations of PBDEs in
soil were reported from industrial locations (low mg/kg concentrations) although in
some urban locations, PBDE concentrations were comparable (Jiang et al. 2010a;
2010b). In rural locations, PBDE concentrations were 1–2 orders of magnitude lower
than those reported in industrial and urban soils. To date, there are no reports detailing
the concentration of PBDEs in Australian soils.
Table 4 details PBDE concentrations in sediments collected from marine, coastal, river,
estuary and lake locations. In an Australian study, PBDEs were detected in 35 of 46
sites analysed, with the majority of samples (83%) containing < 1000 pg/g dry weight.
Toms et al. (2008) identified higher PBDE concentrations in sediments downstream
from sewage treatment plant outfalls and sample locations near industrial and urban
land use. In addition, higher PBDE concentrations were detected in estuarine samples
compared with freshwater sediments, while PBDEs were below the limit of detection in
marine samples. In contrast, PBDEs have been detected in marine samples from
China, Greece, Korea and Kuwait ranging in concentration up to 12 µg/kg dry weight
(Table 4).
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Table 4. Occurrence of PBDEs in the environment.
Location

Matrix

Environment

# of
samples

PBDE
Congeners

[PBDE] (mean and range)

Reference

UK
Ottawa, Canada
Kuwait
Boston, USA

Air
Air
Air
Air

Indoor – Homes
Indoor – Homes
Indoor – Homes
Indoor – Homes

31
74
46
20

∑tri-hexa-BDEs
∑tri-hexa-BDEs
∑tri-hexa-BDEs
BDE-209

24 pg/m3 (4–245)
100 pg/m3 (2–3600)
8.2 pg/m3 (2.5–136)
94 pg/m3 (<48–651)

Harrad et al. 2006; Harrad & Hunter 2006
Wilford et al. 2004
Gevao et al. 2006a; Gevao et al. 2006b
Allen et al. 2007

SE Queensland
Stockholm, Sweden
Bavaria, Germany
Copenhagen, Denmark
Stockholm, Sweden
Toronto, Canada

Air
Air
Air
Air
Air
Air

Indoor – Homes
Indoor – Homes
Indoor – Homes
Indoor – Homes
Indoor – Homes
Indoor – Homes/offices

6
10
34
43
44
20

∑26PBDE
∑PBDE
∑tri-deca-BDEs
BDE-209
∑PBDE
∑PBDE

50 pg/m3 (0.5–179)
330 pg/m3 (median)
38 pg/m3 (8.2–477)
119 pg/m3 (median)
58 pg/m3 (median)
0.071 pg/m3 (0.008–16)

Toms et al. 2009
Thuresson et al. 2012
Fromme et al. 2009
Vorkamp et al. 2011
Thuresson et al. 2012
Zhang et al. 2011

UK
Kuwait
SE Queensland
Stockholm, Sweden
Stockholm, Sweden
Korea

Air
Air
Air
Air
Air
Air

Indoor – Offices
Indoor – Offices
Indoor – Offices
Indoor – Offices
Indoor – Childcare centres
Indoor – Classroom

33
24
2
10
10

∑tri-hexa-BDEs
∑tri-hexa-BDEs
∑26PBDE
∑PBDE
∑PBDE
∑8PBDE

71 pg/m3 (10–1416)
8.6 pg/m3 (2–385)
173 pg/m3 (15–487)
14000 pg/m3 (median)
4000 pg/m3 (median)
377 pg/m3 (0.659–1600)

Harrad et al. 2006; Harrad & Hunter 2006
Gevao et al. 2006a; Gevao et al. 2006b
Toms et al. 2009
Thuresson et al. 2012
Thuresson et al. 2012
Wu et al. 2010

Korea
Thailand
UK
Greece
Stockholm, Sweden
UK

Air
Air
Air
Air
Air
Air

Indoor – Computer room
Indoor – electronics facility
Cars
Cars
Cars
Outdoors

∑8PBDE
∑10PBDE
∑tri-hexa-BDEs
BDE-209
∑PBDE
∑tri-hexa-BDEs

169 pg/m3 (134–220)
46–350 pg/m3
41 pg/m3 (11–8184)
104 pg/m3 (<dl–1053)
510 pg/m3 (median)
8.7 pg/m3 (0.49–30)

Wu et al. 2010
Muenhor et al. 2010
Harrad et al. 2006; Harrad & Hunter 2006
Mandalakis et al. 2008
Thuresson et al. 2012
Harrad et al. 2006; Harrad & Hunter 2006

Ottawa, Canada
Kuwait
Ontario, Canada
Taiwan
SE Queensland

Air
Air
Air
Air
Air

Outdoors
Outdoors
Outdoors
Outdoors
Outdoors – near homes

4
14
35
1

∑tri-hexa-BDEs
∑tri-hexa-BDEs
DBE-209
∑PBDE
∑26PBDE

2.6 pg/m3 (<dl–4.4)
9.3 pg/m3 (2.5–32)
19 pg/m3 (<dl–105)
35–165 pg/m3
1.7 pg/m3

Wilford et al. 2004
Gevao et al. 2006a; Gevao et al. 2006b
Gouin et al. 2006
Wang et al. 2011
Toms et al. 2009

SE Queensland
Thailand
UK

Air
Air
Dust

Outdoors – near offices
Outdoors – electronic facility
Homes

1
10
30

∑26PBDE
∑10PBDE
∑tri-hexa-BDEs

6.8 pg/m3
8–150 pg/m3
46 µg/kg (7.1–250)

Toms et al. 2009
Muenhor et al. 2010
Harrad et al. 2008
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41
17
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USA
UK
USA
SE Queensland
Stockholm, Sweden

Dust
Dust
Dust
Dust
Dust

Homes
Homes
Homes
Homes
Homes

46
18
24
5
10

∑tri-hexa-BDEs
BDE-209
BDE-209
∑26PBDE
∑PBDE

1910 µg/kg (590–34400)
8100 µg/kg (<dl–2200000)
190 µg/kg (<dl–66000)
376 µg/kg (87–733)
510 µg/kg (median)

Allen et al. 2008
Harrad et al. 2008
Batterman et al. 2009
Toms et al. 2009
Thuresson et al. 2012

Stockholm, Sweden
Bavaria, Germany
Copenhagen, Denmark
California, USA

Dust
Dust
Dust
Dust

Apartments
Homes
Homes
Homes

44
34
43
49

∑PBDE
∑tri-deca-BDEs
BDE-209
BDE-47
BDE-99
BDE-100

1400 µg/kg (median)
386 µg/kg (37–1580)
332 µg/kg (median)
2700 µg/kg (112–107000)
3800 µg/kg (102–170000)
684 µg/kg (<dl–30900)

Thuresson et al. 2012
Fromme et al. 2009
Vorkamp et al. 2011
Zota et al. 2008

UK
UK
SE Queensland
Stockholm, Sweden
Michigan, USA
Stockholm, Sweden

Dust
Dust
Dust
Dust
Dust
Dust

Offices
Offices
Offices
Offices
Offices
Childcare centres

18
15
4
10
10
10

∑tri-hexa-BDEs
BDE-209
∑26PBDE
∑PBDE
∑PBDE
∑PBDE

100 µg/kg (16–1100)
6200 µg/kg (620–280000)
1547 µg/kg (583–3070)
1200 µg/kg (median)
8754 µg/kg (median)
1200 µg/kg (median)

Harrad et al. 2008
Harrad et al. 2008
Toms et al. 2009
Thuresson et al. 2012
Batterman et al. 2010
Thuresson et al. 2012

Korea
Thailand
Thailand
UK
USA
UK

Dust
Dust
Dust
Dust
Dust
Dust

Classroom
Electronics facility
Electronics facility
Cars
Car
Cars

25
25
20
60
9

∑8PBDE
∑21PBDE
BDE-209
∑tri-hexa-BDEs
∑tri-hexa-BDEs
BDE-209

453–45700 µg/kg
320–290000 µg/kg
43–8700 µg/kg
94 µg/kg (<48–651)
2600 µg/kg (436–59800)
100000 µg/kg (12000–2600000)

Wu et al. 2010
Muenhor et al. 2010
Muenhor et al. 2010
Harrad et al. 2008
Lagalante et al. 2009
Harrad et al. 2008

USA
USA
Stockholm, Sweden
Huan County, China
Huan County, China
Guiya, China

Dust
Dust
Dust
Soil
Soil
Soil

Cars
Cars
Cars

60
24
17

E-waste recycling site

BDE-209
BDE-209
∑PBDE
∑PBDE (ex. BDE-209)
BDE-209
∑21PBDE

48100 µg/kg (4380–3570000)
3100 µg/kg (<dl–210000000)
1400 µg/kg (median)
0.91 µg/kg (mean)
0.54 µg/kg (mean)
0.78–436 µg/kg

Lagalante et al. 2009
Batterman et al. 2009
Thuresson et al. 2012
Meng et al. 2011
Meng et al. 2011
Li et al. 2011a

South China
Laizhou Bay, China
Qingyuan, China
Guiya, China

Soil
Soil
Soil
Soil

E-waste recycling site
PBDE production area
E-waste plant
E-waste plant

∑PBDE
∑11PBDE
∑PBDE
∑PBDE

0.57–2908 µg/kg
73–2629 µg/kg
2909 µg/kg (mean)
3230 µg/kg (mean)

Li et al. 2011b
Jin et al. 2011
Gao et al. 2011
Gao et al. 2011
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China
Shanghai, China
Shanghai, China
Harbin, China
South China

Soil
Soil
Soil
Soil
Soil

Farm land
Urban soil
Urban soil
Urban
E-waste plant

South China
Linfen, China
Taiyuan, China

Soil
Soil
Soil

Farm land

Tibet
UK
Kuwait
China

Soil
Soil
Soil
Sediment

Urban
Industrial
Rural
Farm land
Rural-urban transect
Lakes

Xiamen, China

Sediment

Coastal

South China
Daliao, China
Laizhou, China

Sediment
Sediment
Sediment

Coastal
River Estuary
River

Laizhou, China

Sediment

Marine

Taiwan
Greece
USA, Michigan
UK

Sediment
Sediment
Sediment
Sediment

Marine
Inland lakes
Clyde estuary

Korea

Sediment

Coastal

Australia
Kuwait

Sediment
Sediment

Coastal

Venice, Italy
Northern Italy

Sediment
Sediment

55
55
17

10
21

12

12

57
7
6
24
46
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∑PBDE
∑29PBDE
BDE-209
∑9PBDE
∑PBDE

0.20–0.50 µg/kg
735 ng/kg (23.0–3797)
477 ng/kg (0.29–2910)
2623 ng/kg (2.45–55.9)
191–9156 µg/kg

Wang et al. 2010
Jiang et al. 2010
Jiang et al. 2010
Wang et al. 2009a
Luo et al. 2009

∑PBDE
∑PBDE
∑PBDE

Luo et al. 2009
Li et al. 2009
Li et al. 2008

∑PBDE
∑7PBDE
∑PBDE
∑tri-hepta-BDEs
∑nona-deca-BDEs
BDE-209
∑8PBDE
BDE-209

2.9–207 µg/kg
0.06–136.1 µg/kg
0.02–211.4 µg/kg
5.96–144.2 µg/kg
11.1 ng/kg (4.3–34.9)
770 ng/kg (median)
0.29–80.1 µg/kg
0.02–0.29 µg/kg
0.46–46.6 µg/kg
1.02–3.64 µg/kg
16.3 µg/kg (0.27–76.5)
14.9 µg/kg (0.1–70.1)

BDE-209
∑PBDE
∑7PBDE
BDE-209
∑7PBDE
BDE-209

0.22–26.3 µg/kg
0.13–1.98 µg/kg
4.5 µg/kg (0.01–53.0)
54 µg/kg (0.74–285)
0.32 µg/kg (<dl–0.66)
5.1 µg/kg (0.66–12)

Liu et al. 2012
Zhao et al. 2011
Pan et al. 2011

∑PBDE
∑PBDE
∑tri-hepta-BDEs
∑PBDE
BDE-209
∑PBDE (exc. BDE-209)
BDE-209
∑PBDE
∑PBDE

<dl–7.73 µg/kg
0.26–4.92 µg/kg
0.004–240 µg/kg
287 µg/kg (1–2645)
1–2337 µg/kg
0.05–32 µg/kg
0.04–98 µg/kg
305 ng/kg (median)
80–3800 ng/kg

Jiang et al. 2011
Dosis et al. 2011
Bradley et al. 2011
Vane et al. 2010

∑tri-hepta-BDEs
∑8PBDE

0.39–6.78 µg/kg
0.06–27 µg/kg

Parolini et al. 2012
Mariani et al. 2008
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Wang et al. 2009b
Lake et al. 2011
Gevao et al. 2011
Wu et al. 2012

Li et al. 2010

Pan et al. 2011

Ramu et al. 2010
Toms et al. 2008
Gevao et al. 2006

USA
North Carolina, USA
South Africa
Italy
Italy

Biosolids
Biosolids
Biosolids
Biosolids
Biosolids

Sewage treatment plant
Sewage treatment plant
Sewage treatment plant
Sewage treatment plant
Sewage treatment plant

Shanghai, China
Australia

Biosolids
Sludge

Sewage treatment plant
Sewage treatment plant

8
8

Penta-BDE
∑PBDE
∑8PBDE
∑PBDE
BDE-209

1530–2120 µg/kg
1750–6358 µg/kg
13.1–652 µg/kg
158–9427 µg/kg
131–9411 µg/kg

Hale et al. 2012
Davis et al. 2012
Daso et al. 2012
Cincinelli et al. 2012
Cincinelli et al. 2012

28
16

BDE-209
∑PBDE

Up to 34900 µg/kg
1137 µg/kg (mean)

Yang et al. 2011
Clarke et al. 2008

∑7PBDE = BDE-28, -47, -99, -100, -153, -154, -183
∑8PBDE = BDE-28, -47, -99, -100, -153, -154, -183, -209
∑9PBDE = BDE-17, -28, -47, -60, -99, -100, -153, -154, -183
∑10PBDE = BDE-17, -28, -47, -49, -66, -85, -99, -100, -153, -154
∑21PBDE= BDE-17, -28, -47, -49, -66, -85, -99, -100, -153, -154, -181, -183, -184, -191, -196, -197, -203, -206, -207, -208, -209
∑26PBDE = BDE-17, -28, -33, -47, -49, -66, -71, -77, -85, -99, -100, -119, -126, -138, -166, -153, -154, -156, -183, -184, -191, -196, -197, -206, -207, -209.
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PBDEs have also been detected in biosolids from a number of sewage treatment
plants worldwide (Table 4). In Australia, the mean PBDE concentration was 1137 µg/kg
dry weight (ranging from 5 to 4230 µg/kg dry weight). Although there were some
differences in the mean PBDE concentration in biosolids from urban (1308 µg/kg dry
weight) and rural (911 µg/kg dry weight) sewage treatment plants, values were not
statistically different and were similar to values reported in European and North
American sludges (Clarke et al. 2008). Higher sludge PBDE concentrations have been
reported from China (up to 34,900 µg/kg dry weight deca-BDE) (Yang et al. 2011)
which may be reflective of the proximity of sewage treatment plants to industrial (ewaste recycling) locations.

2.3.2 Solubility and dissolution
As detailed in Tables 2 and 3, PBDEs are characterised by their low aqueous
solubilities and as such their dissemination through the environment via solubility and
dissolution is negligible.

2.3.3 Volatilisation
PBDEs are characterised by low vapour pressures with vapour pressure decreasing
with increasing bromine substitution (Tables 2 and 3). With vapour pressures between
10-4 and 10-8 mm Hg, di- to hexa-BDEs may exist in both vapour and particulate phases
in the atmosphere while hexa-deca-BDEs (vapour pressures < 10-8 mm Hg) will exist
entirely in the particulate phase (Bidleman 1988).

2.3.4 Adsorption
As a result of their high Kow (5.74–8.27) once dissolved, PBDEs will strongly sorb to soil
thereby minimising their mobility. Sediment-water partitioning coefficients (Kp) have
also been determined for some PBDEs with values of 28,300, 49,200 and 62,700 L/kg
for tetra-, penta- and hexa-BDEs respectively indicating strong partitioning to sediment
(Watanabe 1988).

2.3.5 Photolysis
Reductive debromination of PBDEs in air may occur via indirect photolysis with
hydroxyl radicals or via direct photolysis with sunlight. Indirect photolysis of vapour
phase PBDEs (i.e. lower BDEs) may occur with photochemically produced hydroxyl
radicals while for higher BDEs direct photolysis under UV light has been identified as
the main abiotic pathway for PBDE transformation (Bendig & Vette, 2010). PBDEs
have been shown to undergo UV debromination in organic solvent and organic solventwater mixtures resulting in the production of nona-, octa-, hepta, hexa- penta- and
tetra-BDEs depending on the type of light and wavelength used (Palm et al. 2003; Hua
et al. 2003) (Table 5). In pure compound studies, the half-life of deca-BDE may range
from 30 minutes (in toluene) to 12–13 hours (deca-BDE in sand) to 150–200 hours
(deca-BDE in soil) illustrating the effect of associated matrix on debromination
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(Söderström et al. 2004). Other dust constituents, namely humic acids may also
influence (decrease) the rate of deca-PBDE debromination (Hua et al. 2003).
UV irradiation may also result in the formation of polybrominated dibenzofurans,
methoxylated PBDEs and phenolic PBDE products (Christiansson et al. 2009; Kajiwara
et al. 2008; Raff & Hites 2007). In a study assessing products formed from the UV
irradiation of deca-BDE in tetrahydrofuran, methanol or methanol-water, Christiansson
et al. (2009) determined that the formation of lower BDEs accounted for 90% of
transformation products with dibenzofurans accounting for the remaining 10%. In
studies assessing the transformation of deca-BDE impregnated high impact
polystyrene under natural sunlight conditions, debromination to nona- and octa-BDE
was observed with a deca-BDE half life of 51 days (Kajiwara et al. 2008). In addition, a
concomitant increase in polybrominated dibenzofurnas was observed with decreasing
deca-BDE concentrations.

2.3.1 Hydrolysis
Due to the lack of hydrolysable functional groups, PBDEs are not expected to undergo
abiotic hydrolysis under environmental conditions (Boethling & Mackay 2000).

2.3.2 Reduction
Abiotic reduction of PBDEs may be achieved through the application of zero valent
iron. Zeng et al. (2010) observed the debromination of octa-BDE resulting in the
formation of lower BDEs including hexa- (BDE-154), penta- (BDE-99), tetra- (BDE-47)
and tri-BDEs (BDE-31). Debromination rate constants were hypothesised to be
controlled by C-Br bond dissociation energies (Zeng et al. 2010). Reduction of PBDEs
has also been observed in the presence of sodium borohydrite (Granelli et al. 2012).
Granelli et al. (2012) determined that the susceptibility of PBDE reduction
corresponded to the degree of bromination. For example, deca-BDE was found to be
approximately three times more susceptible to reductive transformation than nonaBDE.

2.3.1 Bioaccumulation
Aquatic, Marine and Terrestrial Organisms – Numerous studies have shown that
PBDEs may accumulate in a variety of organisms as a result of environmental
exposure; however, limited information is available regarding PBDE bioaccumulation in
an Australian context. Law et al. (2003) reported PBDE concentrations ranging from 36
to 167 µg/kg (wet weight) in cetaceans’ blubber from Queensland. In marine samples
collected from Sydney Harbour, mean PBDE concentrations ranged from 6.4 ng/g in
squid to 114 ng/g (lipid weight) in flounder (Losada et al. 2009). Losada et al. (2009)
also reported that lower PBDE concentrations were detected in fish (Luderick) from
Sydney Harbour compared with the upper Parramatta River suggesting higher
anthropogenic inputs from upstream locations. Shanmuganathan et al. (2011) also
reported low concentrations of PBDEs in Australian fish sourced from commercial
vendors in Adelaide).
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Table 5. Transformation of PBDEs in the environment.

Process
Photolysis

Reduction

PBDE
BDE-209

Matrix
Dissolved in
tetrahydrofuran,
methanol,
methanol-water

BDE-209
Technical grade
decabromodiphenyl ethane,
BDE-209

Direct photolysis
Polystyrene

Penta-deca-BDE
BDE-209

Isooctane
Toluene, silica gel,
sand, sediment,
soil

280-350 nm
Artificial and natural
sunlight

Technical grade
octabromodiphenylether
Octa-Deca-BDEs

Perdeuterated
solvent

UV light

Technical grade
octabromodiphenylether
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Reaction parameters
UV irradiation, 100-200
minutes

Natural sunlight

Sodium borohydrite

Zero valent iron
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By-products
Hexa-nona-BDEs, mono-penta
dibenzofurans, methoxylated tetrapenta dibenzofurans,
pentabromophenol,
dihydroxytetrabromobenzene,
dihydroxydibromodibenzofuran,
dihydroxytribromodibenzofuran,
dihydroxytetrabromodibenzofuran
Tetra-BDE, tetra-BDR
Octa-nona-BDE, tetra-octa
dibenzofurans
The ½ life of BDE-209 in polystyrene
was 51 days. No transformation of
technical grade decabromodiphenyl
ethane after 224 days
Dibenzofurans
Tetra-nona-BDE, dibenzofurans. The
½ life of BDE-209 in toluene was 15
min compared with 40–200 hr for the
other matrices.
BDE28, 47, 49, 99, 100

Reference
Christiansson et al. 2009

Lower BDEs. BDE-209 was 3 times
more prone to reductive
transformation than BDE-207.
Lower BDEs predominantly BDE-31,
47, 99 and 154.

Granelli et al. 2012

Schenker et al. 2008
Kajiwara et al. 2008

Raff & Hites 2007
Soderstrom et al. 2004

Bendig & Vetter 2010

Zeng et al. 2010

PBDE concentrations ranged from 1.97 ng/g (Ocean jacket fish to 13.09 ng/g fresh
weight (King prawns) with BDE-209 being the most dominant congener.
Table 6 details the bioaccumulation of PBDEs in aquatic, marine and terrestrial
organisms from a number of locations worldwide. For some species (e.g. freshwater
fish), PBDE bioaccumulation has been shown to be higher near point sources with
decreasing concentrations in organisms with increasing source distance (Eljarrat et al.
2007). However, diffuse sources of PBDEs may also contribute to organisms’ body
burdens as evidenced by the bioaccumulation of PBDEs in organisms from remote
locations (de Wit et al. 2006; Fuglei et al. 2007; Bengtson et al. 2008). PBDE
bioaccumulation may also vary within species which has been attributable to variations
in local PBDE sources, atmospheric transport, feeding patterns, etc. For example,
Sonne (2010) reported that PBDE bioaccumulation in polar bears was higher in
animals from East Greenland compared with those from Svalbard as a result of the
aforementioned variables. Higher concentrations of PBDEs in predatory animals may
also reflect biomagnification of PBDEs through trophic levels.
Biomagnification of PBDEs has been reported in a variety of food chains. For example,
Wu et al. (2009) demonstrated the biomagnification of PBDEs from insects to frogs
(Rana limnocharis). Johnson-Restrepo et al. (2005) determined that the concentration
of PBDEs in dolphins and sharks from Florida coastal waters were 1–2 orders of
magnitude higher than those in lower trophic level fish (teleosts) species. In birds of
prey, biomagnification factors of up to 25 have been reported for PBDEs for the fish to
osprey egg food chain (Chen et al. 2010). Similarly, Voorspoels et al. (2007) reported
PBDE biomagnification factors ranging from 2 to 34 in predatory birds (Common
buzzards, Sparrowhawk) which fed on wood mice and bank voles. Biomagnification
factors ranging from 17 to 76 have been reported for tetra- to hexa-BDEs for fish to
seals (Shaw et al. 2009) while in seals to polar bears, biomagnification factors for
adipose tissue and liver range from 2 to 570 (Letcher et al. 2009). Parabolic
relationships have been observed between PBDE biomagnification and log Kow of the
PBDE congeners with maximum biomagnification factors for PBDEs with 6 bromine
atoms or a log Kow of 7–8 (Mizukawa et al. 2009; Wu et al. 2009; He et al. 2010; Yu et
al. 2012). PBDE biomagnification decreases with log Kow values > 8 suggesting
biotransformation through metabolism (Mizukawa et al. 2009).
Humans – Table 7 details PBDE concentrations detected in a variety of human
samples (blood, serum, milk, adipose tissue, liver). Limited biomonitoring data are
available regarding the exposure of Australian individuals to PBDEs. In a study by
Toms et al. (2007), the concentrations of PBDEs in breast milk (17 regional pooled
samples) of Australian mothers collected in 2002 and 2003 was assessed and
compared with values from other countries. The concentration of PBDEs ranged from
6.1–18.7 ng/g lipid weight with BDE-47 being the dominant congener followed by BDE99, -100, -153, -154 and -183. Although regional trends were not observed, the
concentration of PBDEs was lower than those reported from North America but higher
than those reported from Europe and Asia (Toms et al. (2007). In a follow up study,
Toms et al. (2009a) assessed PBDE concentrations in 10 matched samples of human
milk, indoor air and dust collected from Brisbane in 2007 to 2008. PBDEs were
detected in all samples analysed; however, the concentration of PBDEs in human milk
was similar to concentrations reported for samples collected in 2002–03 (Toms et al.
2007). Toms et al. (2009a) suggested that the intake of individual PBDE congeners by
infants was related to the exposure matrix. For example, with higher brominated
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congeners, the contribution of PBDE intake decreased via human milk and increased
via dust.
In contrast to data from Australian studies, international biomonitoring analyses have
reported a significant temporal increase in the concentration of PBDEs in breast milk.
Birnbaum and Staskal (2004) reported that PBDEs in breast milk of North American
women increased from <1 µg/L to 200 µg /L over a 25-year period while Meironyté et
al. (1999) reported a 60-fold increase in the concentration of PBDEs in Swedish breast
milk between 1972 and 1997. Recently, a strong positive correlation between the
concentration of PBDEs in breast milk and household dust (r = 0.76, p = 0.003) was
demonstrated by Wu et al. (2007). The bioaccumulative nature of PBDEs and the
increasing levels of these compounds in human samples mirror previous reports for
PCBs and DDT prior to their ban. However, in contrast to PCB and DDT exposure,
which show higher tissue concentrations with increasing age, PBDE levels in infants
are greater compared with adults (Fischer et al. 2006). Infants may be exposed to
PBDEs via breast milk and from the inhalation or incidental ingestion of indoor dust.
Exposure to PBDEs via indoor dust is more significant for younger age groups than for
adults: it has been estimated that toddlers’ exposure to PBDEs from household dust
may be 100-fold greater than for adults (Jones-Otazo et al. 2005) due to the increased
incidence of hand-to-mouth contact.
PBDE concentrations have also been assessed in blood serum samples from
Australian individuals. Toms et al. (2008) determined PBDE concentrations in samples
collected from specific strata (0–4, 5–16, < 16, 16–30, 31–45, 46–60, > 60 years) of the
Australian population in 2002–2003. PBDE concentrations were higher in infants and
children compared with adults; in 0–4, 5–15 and > 16 year age groups, mean PBDE
concentrations were 73 ± 7, 29 ± 7 and 18 ± 5 ng/g lipid weight (Toms et al. 2008).
Although regional or gender specific differences were not observed, the elevated PBDE
concentrations detected in infants was attributed to maternal transfer of PBDEs in
breast milk. In a follow up study, Toms et al. (2009b) also observed higher PBDE
concentrations in blood serum samples of infants compared with adults (Table 7);
however, temporal trends in PBDE concentrations were not observed in samples
collected from 2002 to 2005.
Other studies assessing the presence of PBDEs in human sera have observed
significant temporal increases in the concentration of PBDEs (Table 7). Biomonitoring
studies from Europe (Norway, Sweden and Germany), Japan and the US have
indicated an increase in blood PBDE concentrations by up to 40-fold from samples
collected in the 1980s through to the early 2000s (Thomsen et al. 2002; 2007;
Meironyte et al. 2003; van Bavel et al. 2002; Karlsson et al. 2007; Schröter-Kermani et
al. 2000; Sjödin et al. 2001; 2004; Mazdai et al. 2003; Nagayama et al. 2000; Hirai et
al. 2002; Koizumi et al. 2005). In addition, temporal changes in the bioaccumulation of
PBDE congeners have also been observed with a decrease in lower BDEs and an
increase in deca-BDE as a result of the discontinuation of penta- and octa-BDE
formulations and the increased use of deca-BDE
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Table 6. Bioaccumulation of PBDEs in aquatic, marine and terrestrial organisms.

Organism

Location

Tissue

Mean†, median‡ and
range PBDE
concentration (µg/g)

Birds of Prey
Falco tinnunculus (Common kestrel) (n = 6)

China

Falco tinnunculus (Common kestrel) (n = 5)
Accipiter nisus (Sparrowhawk) (n = 11)

Belgium
China

Accipiter nisus (Sparrowhawk) (n = 5)
Accipiter nisus (Sparrowhawk) (n = 5)

Belgium
Sweden

Muscle
Liver
Kidney
Liver
Muscle
Liver
Kidney
Liver
Muscle

2.15
†a
2.87
†a
0.483
‡a
0.085
†a
0.192
†a
0.249
†a
0.083
‡a
0.052
a
13–275
b
0.26–2.2
a
<2.1–38
b
<0.16–1.5
a
0.015–0.019
a
0.016–0.036
†a
0.15
†a
0.096
†a
0.04
†a
0.537
†a
0.174
†a
0.059
†a
0.009
†a
0.107
†a
0.023
‡a
0.066
†a
0.021
†a
0.058
†a
0.029
†a
0.026
†a
0.071

†a

Egg
Accipiter nisus (Sparrowhawk) (n = 7)

Belgium

Athene noctua (Little owl) (n = 6)

China

Otus sunia (Scops owl) (n = 6)

China

Asio otus (Long-eared owl) (n = 6)

China

Asio otus (Long-eared owl) (n = 6)
Buteo hemilasius (Upland buzzard) (n = 3)

Belgium
China

Buteo buteo (Common buzzard (n = 3)

China
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Liver
Serum
Muscle
Liver
Kidney
Muscle
Liver
Kidney
Muscle
Liver
Kidney
Liver
Muscle
Liver
Kidney
Muscle
Liver
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Reference

Chen et al. 2007

Jaspers et al. 2006
Chen et al. 2007

Jaspers et al. 2006
de Boer & Wells 2004

Voorspoels et al. 2006b
Chen et al. 2007

Chen et al. 2007

Chen et al. 2007

Jaspers et al. 2006
Chen et al. 2007

Chen et al. 2007

Buteo buteo (Common buzzard (n = 3)

Belgium

Falco peregrines (Peregrine falcon) (n = 5)

UK

Kidney
Liver
Serum
Muscle

Falco peregrines (Peregrine falcon) (n = 114)
Falco peregrines (Peregrine falcon) (n = 6)

US
UK

Eggs
Eggs

Falco peregrines (Peregrine falcon) (n = 20)

Sweden

Eggs

Falco peregrines (Peregrine falcon) (n = 8)
Falco peregrines (Peregrine falcon) (n = 8)
Tyto alba (Barn owl) (n = 7)

Sweden
Greenland
Belgium

Eggs
Eggs
Liver
Muscle

Marine/Aquatic Birds
Sterna hirundo (Common tern)

Netherlands

Eggs

Podiceps cristatus (Great crested grebe) (n = 4)

Sweden

Corvus macrorhynchos (Jungle crow) (n = 5)
Larus argetatus (Coastal herring gulls)
Invertebrates
Portunus pelagicus (Blue swimmer crab) (n = 5)
Loligo sp. (Loligo squid) (n = 4)
Melicertus latisulcatus (King prawn)
Metapenaeus crocea (Greasy-back shrimp) (n = 10)
Oratosquilla oratoria (Mantis shrimp) (n = 9)
Asteroidea (Starfish)

Japan
Norway

Liver
Muscle
Muscle
Liver

Australia (Sydney Harbour)
Australia (Sydney Harbour)
Australia
China
China
North sea

Muscle
Muscle
Muscle
Soft tissue
Soft tissue
Pyloric caeca

Hermit crab

North sea

Abdomen

Horse mussel (n = 2)
Mussel (n = 36)
Clam (n = 4)
Oyster (n = 53)

Canada
USA
USA
USA

Whole body
Whole body
Whole body
Whole body
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†a

0.093
a
0.019–0.19
a
0.002–0.058
a
53–344
b
1.8–9.5
b
0.001–0.422
a
<1.8–108
b
<0.08–7.5
a
<4–412
b
<0.3–21
a
<0.02–0.43
a
0.004–0.25
‡a
59
‡a
68

Voorspoels et al. 2006b
de Boer et al. 2004
Chen et al. 2008
de Boer et al. 2004
de Boer et al. 2004
Lindberg et al. 2004
Vorkamp et al. 2005
Jaspers et al. 2006

a

4.4–27
b
0.45–2.9
a
b
<1.5–9.1 <0.11–0.52
a
b
<8.1–31 <0.4–1.2
a
0.04–1.8
a
0.135–0.985
†a

0.016 ± 0.004
†a
0.006 ± 0.002
b
0.013
‡a
0.03
‡a
0.042
a
<2.0–8.9
b
<0.15–0.31
a
<1.1–7.0
b
<0.16–0.47
a
1.532–2.15
a
0.021–8.2
a
13.1–14.0
a
0.002–0.436
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de Boer et al. 2001
de Boer et al. 2004
Kunisue et al. 2008
Sormo et al. 2011
Losada et al. 2009
Losada et al. 2009
Shanmuganathan et al. 2011
Xiang et al. 2007
Xiang et al. 2007
de Boer et al. 2001
de Boer et al. 2001
De Bruyn et al. 2009
Kimbrough et al. 2009
Oros et al. 2005
Kimbrough et al. 2009

a

Oyster
Fish
Pseudorhombus jenynsii (Flounder) (n = 5)
Pomatomus saltador (Tailor) (n = 4)
Acanthopargrus australis (Yellowfin bream) (n = 5)
Monocanthus chinensis (Fanbelly leatherjacket) (n = 4)
Mugil cephalus (Sea mullet) (n = 5)
Girella tricuspidata (Luderick) (n = 5)
Salmo salar (Salmon)
Hemiramphidae undifferentiated (Garfish)
Latridopsis sp. (Trumpeter fish)
Nelusetta ayraudi (Ocean jacket)
Cyprinus carpio (Carp) (n = 2)
Aristichthys nobilis (Bighead carp; farmed) (n = 8)

Japan

Whole

0.003–0.86

Australia (Sydney Harbour)
Australia (Sydney Harbour)
Australia (Sydney Harbour)
Australia
Australia (Sydney Harbour)
Australia (Sydney Harbour)
Australia
Australia
Australia
Australia
Spain
China

Silurus meridionalis (Leather carp) (n = 4)
Pseudosiaena crocea (Large yellow croaker) (n = 13)
Platycephalus argenteus (Silvery pomfret) (n = 10)
American eel (n = 5)
Greenland Halibut (n = 3)

China
China
China
Canada
Canada

Atlantic tomcod (n = 6)
English sole (n = 7)

Canada
Canada

Bull shark (n = 7)
Unidentified
Alburnus alburnus (Bleak fish)
Mammals
Ursus arctos horribilis (Grizzly bear) (n = 6)
Vulpes vulpes (Red fox (n = 30)

USA
USA
Spain

Muscle
Muscle
Muscle
Muscle
Muscle
Muscle
Muscle
Muscle
Muscle
Muscle
Muscle
Skin
Gills
Gastrointestinal tract
Liver
Muscle
Whole
Muscle
Muscle
Muscle
Muscle
Liver
Liver
Muscle
Liver
Muscle
Muscle
Muscle

0.115 ± 0.064
†a
0.107 ± 0.041
†a
0.088 ± 0.045
†a
0.024 ± 0.005
†a
0.028 ± 0.014
†a
0.024 ± 0.014
b
0.006
b
0.013
b
0.007
b
0.002
a
0.064–0.095
†b
0.007
†b
0.001
†b
0.002
†b
0.001
†b
0.0005
†b
0.019
‡a
0.117
‡a
0.024
†a
0.421
†a
0.178
†a
0.063
†a
1.305
a
0.266–4.332
a
0.052–0.323
a
0.012–4.19
a
5.75–29.0
b
0-0.573

Fat or muscle
Liver
Muscle
Adipose tissue

0.5–41.7
a
<0.09–0.76
a
<0.04–0.29
a
<0.04–0.20
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Canada
Belgium

†a

a
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Ueno et al. 2010
Losada et al. 2009
Losada et al. 2009
Losada et al. 2009
Losada et al. 2009
Losada et al. 2009
Losada et al. 2009
Shanmuganathan et al. 2011
Shanmuganathan et al. 2011
Shanmuganathan et al. 2011
Shanmuganathan et al. 2011
Eljarrat et al. 2007
Guo et al. 2008

Wang et al. 2008
Xiang et al. 2007
Xiang et al. 2007
Law et al. 2003
Law et al. 2003
Law et al. 2003
Ikonomou et al. 2006
Johnson-Restrepo et al. 2005
Anderson & MacRae 2006
Eljarrat et al. 2005
Christensen et al. 2005
Voorspoels et al. 2006a

Ursus maritimus (Polar bears)

East Greenland

Canis familiaris (Sledge dogs)

West Greenland

Aquatic Mammals
Tursiops truncatus (Bottlenose dolphin)
Peponocephala electra (Melon-headed whale)
Phoca vituline (Harbour seal) (n = 9)

Australia
Australia
North sea

Phoca vituline (Harbour seal) (n = 42)
Phoca vituline (Harbour seal)
White beaked dolphin

North Atlantic
North Sea
North sea

Phocoena phocoena (Harbour porpoise)

North Sea

a
b

a

Adipose tissue
Liver
Brain
Blood
Adipose tissue
Liver
Brain
Blood

0.022–0.192
a
0.127–0.936
a
<0.0005–0.036
a
0.038–0.146
a
0.346–6.664
a
0.036–0.239
a
0.002–0.009
a
0.016–0.077

Blubber
Blubber
Liver
Blubber
Blubber
Blubber
Lungs
Liver
Blubber

49–167
b
36
a
<6.5–160
a
<1.8–16
b
0.08–25.72
‡a
0.76
a
35
a
140–318
‡a
0.33

b

Lipid weight
Wet weight
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Sonne 2010

Sonne 2010

Law et al. 2003
Law et al. 2003
de Boer et al. 2001
Shaw et al. 2008
Weijs et al. 2009
de Boer et al. 2001
Weijs et al. 2009

Table 7. Bioaccumulation of PBDEs in human samples.

Sample

Location

Year

Blood

Australia

2002–03

Australia

2005–06

Australia

2006–07

Norway
Norway
Norway
Norway
Norway
Norway
Sweden
Sweden
Sweden
Sweden
Sweden
Germany
Germany
Germany
Germany
US

1977
1981
1990
1995
1999
2003
1986
2000
2000
2001
2005
1985
1990
1995
1999
1988

PBDE (ng/g lipid)
BDE-47

0.25
0.32
0.89
1.40
1.50
1.5
0.41
0.98
0.83
2.77
3.9
1.86
2.32
2.98
3.17
0.63

BDE-99

0.09
0.13
0.24
0.33
0.31
0.4
0.13
0.07
0.19
1.39
<4.1
0.23
0.29
0.37
0.39
0.32
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BDE-100

0.08
0.13
0.32
0.35
0.29
0.12
0.07
0.17
0.92
0.20
0.25
0.32
0.34
0.17

BDE-153

0.10
0.18
0.27
0.52
0.59
1.4
0.14
0.17
0.56
1.87
1.80
0.37
0.46
0.60
0.63
0.35

BDE-154

BDE-183

BDE-209

0.22
0.23
0.50
0.35
0.12

10.0

<1.8

10.0

0.26
0.04
0.39

22

∑PBDE

28 ± 8 (5–15 yr)
18 ± 4 (16–30 yr)
17 ± 4 (31–45 yr)
12 ± 4 (46–60 yr)
12 ± 5 (> 60 yr)
73 ± 7 (0–4 yr)
28 ± 7 (5–15 yr)
20 ± 5 (16–30 yr)
18 ± 4 (31–45 yr)
18 ± 7 (46–60 yr)
15 ± 6 (> 60 yr)
31 (0–2 yr)
44 (2–6 yr)
26(7–12 yr)
20 (13–30 yr)
9.4 (> 31 yr)
0.44
0.93
1.76
3.07
3.10
13.8
1.06
1.29
1.79
6.03
30.56
2.66
3.32
4.27
4.63
1.47

Reference
Toms et al. 2008

Toms et al. 2009

Thomsen et al. 2002
Thomsen et al. 2002
Thomsen et al. 2002
Thomsen et al. 2002
Thomsen et al. 2002
Thomsen et al. 2007
Thomsen et al. 2002
Meironyté et al. 2003
Meironyté et al. 2003
van Bavel et al. 2002
Karlsson et al. 2007
Schröter-Kermani et al. 2000
Schröter-Kermani et al. 2000
Schröter-Kermani et al. 2000
Schröter-Kermani et al. 2000
Sjödin et al. 2001

Milk

US
US
US
China
Japan
Japan
Japan
Australia
Australia
Sweden
Sweden
Sweden
Sweden
Sweden
Sweden
Sweden
Sweden
Sweden
Sweden
Sweden
Sweden
Japan
Japan
Japan
Japan
Japan
Japan
Japan
Japan
Japan
Japan
Japan
Canada
Canada
Canada

2001
2001
2000–02
2006
1998
2001
2005
2002–03
2007–08
1972
1976
1980
1984
1990
1994
1996
1997
1997
1999
1999
2000
1978
1983
1988
1993
1998
1999
1999
2000
2005
2006
2007–08
1992
1992
2001

25.0
28.0
34.0
1.0
0.52
1.63
2.6
5.64
4.4
0.06
0.18
0.28
0.49
0.81
1.48
2.08
1.83
2.28
2.52
1.77
1.15
0.03
0.26
0.67
0.32
1.03
0.62
0.34
0.53
0.68
2.9
0.58
1.75
1.40
13.3

7.1
5.7
11.0
0.36
1.20
0.26
1.5
1.90
0.9

4.1
4.2
5.9
0.15

0.04
0.09
0.08
0.15
0.26
0.41
0.44
0.48
0.72
0.37
0.21

0.05
0.04
0.06
0.06
0.09
0.15
0.34
0.42
0.48
0.27
0.14

0.04
0.08
0.06
0.53
0.16
0.10
0.15
0.46

0.02
0.05
0.07
0.22
0.18
0.13
0.17
0.42

0.65
0.50
3.0

0.21
0.20
2.3
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0.29
0.56
1.33
1.2

4.4
2.9
7.3
1.4
2.25
1.25
1.74
1.07
1.4
0.01
0.02
0.03
0.05
0.10
0.15
0.24
0.48
0.46
0.65
0.51
0.32

0.70
0.3
0.95
0.1

0.07
0.18
0.21
0.29
0.29
0.32
0.34
0.27
0.46
0.42
0.29
0.30
3.0

0.01
0.02
0.03
0.05
0.03
0.03
0.03
0.20

0.09
0.38
0.14

0.31

10.0
0.11
a
0.3

0.01
0.01
0.02
0.04
0.02
0.01
0.06
0.05
0.07
0.06
0.02

0.05
0.6

23

41.3
41.1
61.0
4.4
3.97
3.52
17.78
11.1
10.0
0.07
0.30
0.45
0.70
1.16
2.00
2.89
3.15
3.69
4.43
2.98
1.84
0.03
0.40
1.00
0.69
2.12
1.28
0.93
1.22
1.34
4.9
1.4
2.90
2.45
22.2

Mazdai et al. 2003
Mazdai et al. 2003
Sjödin et al. 2004
Lee et al. 2007
Nagayama et al. 2000
Hirai et al. 2002
Koizumi et al. 2005
Toms et al. 2007
Toms et al. 2009
Meironyté et al. 1999
Meironyté et al. 1999
Meironyté et al. 1999
Meironyté et al. 1999
Meironyté et al. 1999
Meironyté et al. 1999
Meironyté et al. 1999
Darnerud et al. 1998
Meironyté et al. 1999
Atuma et al. 2001
Darnerud et al. 1998
Meironyté et al. 2003
Hori et al. 2002
Hori et al. 2002
Hori et al. 2002
Hori et al. 2002
Hori et al. 2002
Hori et al. 2002
Ohta et al. 2000
Hori et al. 2002
Eslami et al. 2006
Kawashiro et al. 2008
Haraguchi et al. 2009
Ryan & Patry 2000
Ryan & Patry 2001
Ryan et al. 2002

Adipose
tissue

Liver
Placenta

a

Finland
China
US
US
US
US
US
US
Japan

1996
2005
2000
2002
2003
2004
2005–06
2004–06
1970

0.85
1.3
126
18.4

0.35
0.23
27.0
5.7

0.19
23.5
2.9

0.29
0.80
14.8
2.0

0.11
1.66
0.22

0.18

17.5

2.3

3.4

11.9

0.14

0.12

0.017

0.004

0.002

Japan
Japan
Sweden
Sweden
Spain
Finland
Belgium
Sweden
Japan
Finland

2000
2003–4
1994
1994
1998
1998
2000
1994
2001
1996

0.46
1.7
2.37
8.80
1.36
6.14
1.45
2.75
1.38
0.77

0.12
0.26
1.29
1.10
0.42
2.02
0.28
3.05
0.18
0.41

0.25
0.75
0.29
1.80
0.51
0.48
0.40
0.22

0.38
3.2
0.96
1.70
1.83
2.18
2.49
1.54
1.55
0.40

0.06
0.2
0.06

1.49
3.5
193
29.2
96.0
76.0

0.18

1.9

1.54
0.14

BDE-209 was also present in milk samples at an average concentration of 0.3 ng/g lipid weight.
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89.0
0.023

Strandman et al. 2000
Bi et al. 2006
Päpke et al. 2001
Schecter et al. 2003
She et al. 2007
Johnson-Restrepo et al. 2007
Dunn et al. 2010
Daniels et al. 2010
Choi et al. 2003

1.27
11.0
4.97
13.4
4.12
10.34
4.70
9.28
3.48
1.58

Choi et al. 2003
Kunisue et al. 2007
Meironyté Guvenius et al. 2001
Haglund et al. 1997
Meneses et al. 1999
Strandman et al. 1999
Covaci et al. 2002
Meironyté Guvenius et al. 2001
Hirai et al. 2002
Strandman et al. 2000

2.3.2 Biotransformation
A variety of studies utilising prokaryotes, invertebrates, fish, birds and mammals have
demonstrated the in vivo transformation of PBDEs resulting in the formation of lower
BDEs, hydroxylated PBDEs and methoxylated PBDEs although limited studies have
investigated PBDE biotransformation in an Australian context.
Prokaryotes – Table 8 details bacterial transformation of PBDEs. Under either aerobic
or anaerobic conditions, an alternative growth substrate is required for PBDE
debromination. Growth substrates utilised have included structurally similar compounds
such as diphenyl ether (Chen et al. 2010; Kim et al. 2012), compounds which select for
Dehalococcoides species (e.g. TCE) (Lee & He 2010) or readily utilisable carbon
sources (e.g. acetate, lactate, pyruvate) (Qiu et al. 2012). PBDE transformation has
been demonstrated using defined bacterial cultures (Pseudomonas spp, Rhodococcus
jostii RHA1, Lysinibacillus fusiformis DB-1, Sphingomonas sp PH-07) in addition to
bacterial consortia derived from sludge and sediment samples. Bacterial cultures which
were shown to transform PBDEs also have the ability to degrade/transform other
environmental pollutants. For example, Rhodococcus jostii RHA1, a polychlorinated
biphenyl-degrading actinomycete, expresses genes encoding biphenyl dioxygenase
(bphAa) and ethylbenzene dioxygenase (etbAa1 and etbAc). When grown on biphenyl,
ethylbenzene, propane or styrene, biphenyl and ethylbenzene dioxygenase expression
was enhanced up to 3000-fold which facilitated PBDE transformation (Robrock et al.
2011). Lee and He (2010) assessed the debromination potential of soil and sediment
samples amended with octa-BDE in the presence of TCE. Within two months, monohexa-BDE products were detected with tetra-BDE accounting for approximately 50% of
the transformation products. Lee and He (2010) proposed that PBDE debromination
occurred as a result of the dehalogenating abilities of Dehalococcoides species
(identified through 16S rRNA analysis) presumably induced by the presence of TCE.
While bacterial transformation of PBDEs has been demonstrated in simple (bacterial
media) and complex matrices (e.g. soil and sediment), numerous studies have
demonstrated that PBDE degradation is slow (half lives of months to years) and that
bacterial interactions are not a major environmental transformation pathway for PBDEs.
Invertebrates – Limited studies have investigated the biotransformation of PBDEs in
invertebrates; however, Lofstrand et al. (2011) identified hydroxylated polybrominated
diphenyl ethers (OH-PBDEs) and methoxylated polybrominated diphenyl ethers (MeOPBDEs) in the Blue mussel (Mytilus edulis) sampled from the Baltic Sea, although
seasonal variability was observed. Lofstrand et al. (2011) suggested that the presence
of OH-PBDEs is of concern since there is growing evidence of phenolic toxicity.
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Table 8. Bacterial transformation of PBDEs.

Microorganism
Pseudomonas spp.

Rhodococcus jostii RHA1
Lysinibacillus fusiformis DB-1
Sphingomonas sp PH-07
a
Unknown sludge consortium
b
Unknown soil/sediment consortia
Unknown sediment consortium
a

Growth substrate
Methanol
Ethanol
Acetate
Lactate
Pyruvate
No electron donor
Biphenyl, ethylbenzene,
propane, styrene
Lactate, pyruvate,
acetate
diphenylether
Toluene, diphenylether
TCE
Co-solvents

PBDE
Deca-BDE

Removal (%)
12
11
8
9
5
11

Mono-penta-BDEs
Deca-BDE
Mono-tri-BDEs
Mono-BDE 4-BDE
Hexa-nona-BDEs
Deca-BDE

b

Tentatively identified as Clostridales species and Dehalococcoides sp.

CRC CARE Technical Report no. 29
Environmental impact of priority contaminants: A literature review

26

By-products
Lower BDEs

Reference
Qiu et al. 2012

Dihydroxylated BDEs

Robrock et al. 2011

Lower BDEs

Deng et al. 2011

bromophenols
diphenylether
Mono-hexa-BDEs
Hexa-nona-BDEs

Kim et al. 2012
Chen et al. 2010
Lee & He 2010
Tokarz et al. 2008

Fish – PBDE transformation has been demonstrated in both marine and freshwater fish
(Table 9). In fish sampled from Sydney Harbour, Losada et al. (2009) identified
methoxylated polybrominated diphenyl ethers (2’-MeO-BDE-68, 6-MeO-BDE-47) with
concentrations of up to 110 ng/g (lipid weight) detected in tailor (Pomatomus saltator).
In studies undertaken with the juvenile common sole (Solea solea L) the uptake,
elimination and transformation of PBDE congeners (BDE-28, -47, -99, -100, 153, -209)
was assessed following exposure to PBDE spiked food (Munschy et al. 2010).
Hydroxylated PBDEs (OH-tetra-BDEs and OH-penta-BDEs) were detected in fish
plasma with 4’-OH-BDE-49 identified as a transformation product of BDE-47. Munschy
et al. (2010) also speculated that 4’-OH-BDE-101 may be the result of BDE-99
transformation. Although hydroxylated transformation products were detected in fish
plasma, it was proposed that transformation via this pathway was a minor route
compared with debromination processes (Munschy et al. 2010). In a follow up study
using juvenile sole exposed to PBDE spiked food, Munschy et al. (2011) identified
BDE-49 and BDE-202, in addition to a number of unidentified tetra-, penta- and heptaBDEs, as transformation products of BDE-28, -47, -99, -100, -153 and -209. This study
and data from other researcher (Lebeuf et al. 2006; Tomy et al. 2004) confirmed that
debromination was the major transformation route of PBDEs in many fish (Microgadus
tomcod, Salvelinus namaycush) compared with hydroxylation.
Birds – PBDE transformation by birds has been observed during controlled laboratorybased dosing experiments and in the environment following collection of sera from bird
species located near e-waste recycling facilities (Table 9). McKernan et al. (2010)
assessed the transformation of penta- and octa-BDE mixtures following administration
of the PBDEs directly into the egg (air cell) of chicken, mallard, American kestrel and
black-crowned night-heron. Penta-BDE was absorbed to a greater extent that the octaBDE mixture (up to 29.6% compared with 1.4–6.5%). Although differences in
absorption were observed, both PBDE mixtures were debrominated to lower BDE
congeners. McKernan et al. (2010) suggested that debromination may occur in the
developing embryo, extraembryonic membrane and in the air cell membrane.
In addition to lower BDE congeners, hydroxyl- and methoxy-BDE transformation
products have also been detected in bird species. Liu et al. (2010) assessed PBDE
transformation products in a number of bird species located in an E-waste recycling
region of South China. Presumably, PBDE exposure occurred via direct ingestion of
PBDE contaminated material as a result of elevated concentrations of PBDE in the
immediate environment. Although low concentrations were detected (up to 13 ng/g lipid
weight), 3-OH-BDE-47, 2’-OH-BDE-68, 4’-OH-BDE-17, 6-OH-BDE-47, 4’-OH-BDE-49,
3-MeO-BDE-47, 6-MeO-BDE-47 were identified in bird sera with 3-OH-BDE-47, 2’-OHBDE-68 the most prevalent hydroxylated-BDEs being present in > 80% of samples
analysed. Similarly, Verreault et al. (2005) detected hydroxyl- and methoxy-BDE
transformation products in Glaucous gull.
Mammals – Lower BDEs, hydroxylated-BDEs (3-OH-BDE-47, 4’-OH-BDE-49) and
methoxylated-BDEs (4’-OH-BDE-49, 6-MeO-BDE-47) have been detected as PBDE
transformation products in a variety of mammals in both controlled laboratory-based
dosing experiments and following environmental monitoring (Table 9). While tissuespecific biomagnification of hydroxylated-BDEs has been observed in polar bear
(biomagnification factors for adipose and liver ranged from 2 to 570), the blood-brain
barrier appears to be effective at minimising OH-PBDEs accumulation in the brain
(Letcher et al. 2009). However, the biomagnification of PBDEs and their transformation
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products may occur to a greater extent in juvenile mammals as a result of the
incomplete development of the blood-brain barrier (Zhang et al. 2008). In some cases,
the presence of hydroxylated-BDE transformation products in tissue may be a result of
their accumulation from dietary sources rather than metabolic transformation by the
animal. This explanation was proposed by Letcher et al. (2009) to account for the
elevated concentrations of hydroxylated-BDEs in polar bear. Presumably the source of
hydroxylated-BDEs was from ringed seal for which a number of researchers have
reported the accumulation of 3-OH-BDE-47, 4’-OH-BDE-49 in blubber (Muir et al. 2006;
Routti et al. 2009; McKinney et al. 2011).
Humans – Hydroxylated- and methoxylated-BDEs have been detected in human serum
and milk samples (Table 9). Kawashiro et al. (2008) investigated the concentration of
brominated flame retardants and their transformation products in maternal blood,
maternal milk, cord blood and umbilical cords from Japanese mother-infant pairs.
PBDEs were present in all samples analysed with median concentrations ranging from
1.6 pg/g wet weight (cord blood) to 59 pg/g wet weight (maternal milk). 6-OH-BDE-47
was detected in all umbilical samples (8 pg/g wet weight) but not in cord blood samples
indicating that hydroxylated-PBDEs may pass through the blood-placenta barrier and
are retained in the umbilical cord (Kawashiro et al. 2008). Hydroxylated-BDEs were
also identified in human blood samples from Indianapolis, United States (Qiu et al.
2009). Qiu et al. (2009) identified products associated with the transformation of BDE47 (5-OH-BDE-47, 6-OH-BDE-47) and BDE-99 (5’-OH-BDE-99 and 6’-OH-BDE-99). In
milk samples collected from mothers in Barcelona both hydroxylated- and
methoxylated-BDEs were detected albeit at low concentrations compared with the
parent PBDEs (Lacorte & Ikonomou 2009). The median ratio of hydroxylated- and
methoxylated-PBDEs to the parent compounds was 2.9 and 1.6% respectively. As a
result, Lacorte and Ikonomou (2009) suggested that the metabolism of PBDEs to
hydroxylated- and methoxylated-derivatives is not an important degradation route or
that these transformation products are rapidly excreted from the body.

2.4 Exposure to PBDEs – human health effects
PBDEs have been shown to accumulate in human tissue; however, limited reports are
available regarding the health effects associated with PBDE exposure. In a study
assessing occupational exposure to PBDEs, Bahn et al. (1980) suggested there was
evidence of hypothyroidism (endocrine effects) following inhalation and/or dermal
exposure. Following oral exposure, Hagmar et al. (2001) suggested there was a weak
correlation between BDE-57 concentration in plasma and thyroid stimulating hormone
(TSH) concentrations in men who consumed a fish diet from the Baltic Sea. While
BDE-47 concentration could only explain 10% of the variance, Hagmar et al. (2001)
proposed that other halogenated compounds (e.g. PCBs) present in the fish may also
influence TSH concentration.
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Table 9. Transformation of PBDEs by higher organisms.

Organism

Common name

PBDE

Mytilus edulis

Blue Mussel

PBDE congeners

Pseudorhombus jenynsii

Flounder

Environmental concentrations of PBDEs

Pomatomus saltador

Tailor

Environmental concentrations of PBDEs

Acanthopargrus australis

Yellowfin brim

Environmental concentrations of PBDEs

Monocanthus chinensis

Fanbelly leatherjacket

Environmental concentrations of PBDEs

Mugil cephalus

Sea mullet

Environmental concentrations of PBDEs

Girella tricuspidata

Luderick

Environmental concentrations of PBDEs

Loligo sp.

Loligo squid

Environmental concentrations of PBDEs

Portunus pelagicus

Blue swimmer crab

Environmental concentrations of PBDEs

Solea solea L

Common sole

BDE-209

Solea solea L

Common sole

BDE-28, 47, 99, 100, 153, 209

Microgadus tomcod

Tomcod

BDE-209

Salvelinus namaycush

Trout

Tri-deca-BDEs

Anas platyrhynchos
Nycticorax nycticorax

Mallard
Black crowned night heron
8 species of birds

PBDE congeners (from air to egg
contents)
Environmental concentrations of PBDEs
near an e-waste recycling area (China)
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Transformation products

Reference

Hydroxylated PBDEs
Methoxylated PBDEs
2’-MeO-BDE-68
6-MeO-BDE-47
2’-MeO-BDE-68
6-MeO-BDE-47
2’-MeO-BDE-68
6-MeO-BDE-47
2’-MeO-BDE-68
6-MeO-BDE-47
2’-MeO-BDE-68
6-MeO-BDE-47
2’-MeO-BDE-68
6-MeO-BDE-47
2’-MeO-BDE-68
6-MeO-BDE-47
2’-MeO-BDE-68
6-MeO-BDE-47
BDE-49, BDE-202 and unidentified
tetra-, penta- and hepta-BDEs
Hydroxylated PBDEs
Methoxylated PBDEs
Lower BDEs
4’-OH-BDE-49 (from BDE-47)
4’-OH-BDE-101 (from BDE-99)
BDE-17
6-MeO-BDE-47
Penta- and hexa-BDEs
BDE-140
Lower BDEs

Lofstrand et al. 2011

3-OH-BDE-47
2’-OH-BDE-68

Liu et al. 2010
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Losada et al. 2009
Losada et al. 2009
Losada et al. 2009
Losada et al. 2009
Losada et al. 2009
Losada et al. 2009
Losada et al. 2009
Losada et al. 2009
Munschy et al. 2011
Munschy et al. 2010

Lerbeuf et al. 2006
Tomy et al. 2004
McKernan et al. 2010

Larus hyperboreus

Glaucous gull

Environmental concentrations of PBDEs

Pusa hispida

Ringed seals

Environmental concentrations of PBDEs

Pusa hispida

Ringed seals

Environmental concentrations of PBDEs

Ursus maritimus

Polar bear

Environmental concentrations of PBDEs

Ursus maritimus

Polar bear

Environmental concentrations of PBDEs

Mustela vison

Mink
Humans

DE-71
Environmental concentrations of PBDEs

Humans
Humans

Environmental concentrations of PBDEs
Environmental concentrations of PBDEs

Humans
Humans

Environmental concentrations of PBDEs
Environmental concentrations of PBDEs
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4’-OH-BDE-17
6-OH-BDE-47
4’-OH-BDE-49
3-MeO-BDE-47
6-MeO-BDE-47
3-MeO-BDE-47
4’-MeO-BDE-49
6-MeO-BDE-47
3-OH-BDE-47
4’-OH-BDE-49
6-OH-BDE-47
3-OH-BDE-47
4’-OH-BDE-49
Hydroxylated PBDEs
Methoxylated PBDEs
Hydroxylated PBDEs
Methoxylated PBDEs
3-MeO-BDE-47
4’-MeO-BDE-49
6-MeO-BDE-47
4’-OH-BDE-49
Hydroxylated PBDEs
5-OH-BDE-47
6-OH-BDE-47
5’-OH-BDE-99
6’-OH-BDE-99
6-OH-BDE-47
Methoxylated PBDEs
Hydroxylated PBDEs
6-OH-BDE-47
OH-octa-BDEs
OH-nona-BDEs
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Verreault et al. 2005

Routti et al. 2009
Letcher et al. 2009
Letcher et al. 2009; Gebbink et al.
2008
Verreault et al. 2005

Zhang et al. 2008
Qiu et al. 2009

Kawashiro et al. 2008
Lacorte & Ikonomou 2009
Meijer et al. 2008
Ren et al. 2011

Although limited information is available regarding the health effects associated with
human PBDE exposure, a considerable amount of animal data is available which infers
potential human health effects associated with individual PBDE congeners or
commercial PBDE products (ATSDR 2004). A number of animal models have been
utilised to assess the effects of PBDE exposure including mice (balb/c, Swiss-Webster,
Swiss/IRC, B6C3F1, C57BL), rats (Fischer 344, Sprague-Dawley, Wistar, Sherman,
ChR-CD, Holtz-man, Spartan, CD, Long-Evans), guinea pigs, rabbits (New Zealand),
mink, swine and monkeys (Rhesus). Animal studies have determined that deca-BDE is
less toxic than other commercial mixtures (penta-BDE and octa-BDE) as it is not
readily absorbed (< 2%) and is rapidly excreted via faeces (> 99% in 72 hours). For the
more readily absorbed lower BDEs, the main targets of concern are the liver, thyroid
and neurobehavioral development (ATSDR 2004).
Hepatic effects – Lower BDEs have been shown to exhibit hepatotoxic effects following
oral administration including microsomal enzyme induction, liver enlargement and
degenerative histopathological alterations that may lead to tumours. Hepatotoxicity of
penta-BDE has been shown in rats following sub-chronic administration of ≤ 10
mg/kg/day. In contrast, deca-BDE did not induce liver pathology in rats at doses up to
9500 mg/kg/day (ATSDR 2004).
Thyroid effects – Exposure of mice and rats to lower BDE mixtures has resulted in
thyroid effects including reduced serum T4 hormone levels and follicular cell
hyperplasia (> 8 mg/kg/day octa-BDE for 30 days; >10 mg/kg/day penta-BDE for 90
days). It has been proposed that the binding of hydroxylated PBDE metabolites to
thyroid transport proteins results in the suppression of serum T4 (ATSDR 2004).
Neurological effects – Neurobehavioral effects have been observed following PBDE
exposure in mice although clinical signs of neurotoxicity or neurohistopathology were
not observed following exposure to dietary doses of deca-BDE (up to 19,000
mg/kg/day for 14 days). Neurobehavioral studies have indicated that the nervous
system is a target of lower BDE congeners particularly during neonatal brain
development (ATSDR 2004).

2.5 Exposure to PBDEs – ecological effects
While the majority of studies investigating exposure of ecological receptors to PBDEs
have focused on spatial and temporal changes in PBDE bioaccumulation, few studies
have determined the impact of exposure on biological processes. Effect experiments
that have been undertaken have predominantly focused on the impact of PBDE
exposure on behavioural, enzyme expression and developmental changes in fish.
Lema et al. (2007) examined the developmental toxicity of BDE-47 using zebra fish
(Danio rerio) as an ontogenetic model. Fish embryos (3–5 hours post-fertilisation) were
continually exposed to BDE-47 (100–5000 µg/L) for 96 hours. At the highest exposure
concentration (5000 µg/L; 333 times higher than its aqueous solubility) delayed
hatching, reduced growth and abnormal dorsal curvature of the body was observed. At
the end of the exposure period, fish larvae exhibited tachycardia which progressed into
atrioventricular block arrhythmias. Although Lema et al. (2007) concluded that BDE-47
exposure may cause morphological abnormalities, impaired cardiovascular function
and cerebrospinal fluid flow in zebra fish, the exposure concentrations were up to two
orders of magnitude higher than the congener’s aqueous solubility. Other studies with
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zebra fish which were fed BDE-47 spiked food (10–1000 ng/g wet weight) have
determined that exposure may result in a weak induction of cytochrome P450
monooxygenase (CYP1A1) (Chen et al. 2010) or may influence behavioural
parameters (e.g. decreased swimming time and percent time active) (Chou et al.
2010). In a recent study, Mhadhbi et al. (2012) determined LC50 values for embryolarval stages of the marine flatfish turbot and BDE-47 and BDE-99. Both compounds
caused lethal toxicity as well as non-lethal malformations during embryo development.
Larvae were more sensitive to both PBDE congeners than embryos with LC50 values of
14.13 and 29.64 µg/L for BDE-47 and BDE-99 respectively. Although the study
demonstrated high sensitivity of fish early life stages to PBDEs, Mhadhbi et al. (2012)
concluded that these congeners would pose little risk of acute toxicity to marine fish at
relevant environmental concentrations.
In studies undertaken with the northern leopard frog (Rana pipiens), alternations in
sexual development was assessed following chronic exposure (10 weeks) to DE-71
(penta-BDE mixture) supplied in the diet (Van Schmidt et al. 2012). At the lowest
exposure concentration (1.1 ng/g), a significantly larger proportion of females
developed compared with the expected 50:50 sex ratio. At elevated exposure
concentrations (6.1 and 71.4 ng/g) male frogs had significantly smaller testes but other
measures of gonadal development showed no effect. Van Schmidt et al. (2012)
concluded that PBDEs may disrupt sexual differentiation in frogs at low,
environmentally relevant concentrations.
The impact of DE-71 (penta-BDE mixture) has also been assessed on earthworm
(Eisenia fetida) growth and reproduction (Zhu et al. 2010). PBDE toxicity was dose
dependent and increased with exposure time, presumably due to congener
bioaccumulation. In addition, Zhu et al. (2010) determined that exposure of earthworms
to PBDEs in the presence of Cd enhanced mortality in a synergistic mode.

2.6 Analytical methodologies
US EPA method 1614 (2007) is a standardised methodology of the assessment of
PBDEs in water, soil, sediment, biosolids, tissue and other sample matrices by high
resolution gas chromatography coupled with high resolution mass spectrometry
(HRGC-HRMS). The method focuses on the assessment of eight PBDEs (BDE-28, -47,
-99, -100, -153, -154, -183 and -209); however, the concentration of other congeners
may be determined through the inclusion of additional standards. While detection and
quantification limits will vary depending on the impact of matrix interferences, detection
limits may range from 20–700 pg/L (water) and 2–70 ng/kg (biological samples)
depending on the congener of interest. A brief description of the methodology is
provided below. For a full description please refer to US EPA Method 1614 (2007).
•

Prior to sample extraction, stable isotopically labelled BDE analogues (13C-BDE28, -47, -99, -100, -153, -154, -183 and -209) are spiked into the sample. Following
surrogate addition, samples are extracted using solid phase, liquid-liquid, Soxhlet
extraction, etc. depending on the sample matrix.

•

After extraction, a labelled cleanup standard (13C-BDE-139) is added to the extract
prior to concentration. Subsequently samples are cleaned up (depending on matrix
composition) using an anthropogenic isolation column, back extraction with sulfuric
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acid and/or base, gel permeation, silica gel, florisil or alumina chromatography as
required.
•

Samples are concentrated and labelled injection internal standards added (13CBDE-52, 13C-BDE-138).

•

Samples are analysed by high resolution gas chromatography coupled with high
resolution (≥ 5000) mass spectrometry using two m/zs for each level of
bromination.

•

Quantification is performed using selected ion current profile areas.

2.7 Potential remediation technologies
Limited information is available regarding the remediation of PBDE-contaminated
matrices. While the predominant mechanism for minimising human exposure is the
removal of PBDE-containing material and the minimisation of PBDE-containing dust,
some laboratory-based studies have evaluated the use of biological and chemical
strategies for transforming/destroying PBDE congeners. Bacterial transformation of
PBDEs has been demonstrated in simple (bacterial media) and complex matrices (e.g.
soil and sediment) (see Table 8); however, these studies have demonstrated that
PBDE degradation is slow (half lives of months to years) and would be unsuitable as a
PBDE remediation technology.
Debromination of PBDEs may be achieved through the application of (nanoscale) zero
valent iron. Keum and Li (2005) demonstrated that deca-BDE may be debrominated to
lower BDE without the formation of oxidation products. Following the addition of 5 g of
zero valent iron to 50 µg of PBDEs in water (10 ml), stepwise debromination from nbromo- to (n-1)-BDE was the dominant reaction in all congeners. While debromination
rate constants were correlated with the heats of BDE formation, reaction rates
decreased with decreasing bromine substitution. Similar results were obtained by
Zhuang et al. (2010) during the debromination of tri-BDE (BDE-21) using nanoscale
zero valent iron (at an application ratio of 2000:1 (w/w) zero valent iron to deca-BDE in
acetone:water 1:1 v/v). Lower BDEs and diphenyl ether were the resultant
transformation products with the reaction rate constants correlated with the heats of
formation. Reductive debromination of PBDEs using nanoscale zero valent iron
followed by biological oxidation has been demonstrated by Kim et al. (2012). In liquid
phase reactions, the addition of nanoscale zero valent iron to deca-BDE (100:1 w/w)
resulted in the formation of tri- to nona-BDEs. Following the inoculation of
Sphingomonas sp. PH-07 and aerobic incubation for four days, lower BDEs were
transformed to bromophenols and other unidentified products. While the application of
nanoscale zero valent iron provides a strategy for the debromination of PBDEs, the
volume of material required coupled to the cost associated with its application, in
addition to the formation of lower BDEs, limits it environmental application.
PBDEs may also be treated by ultraviolet/surfactant systems via photo-degradation. Li
et al. (2010) demonstrated the photo-destruction of BDE-99 in non-ionic surfactants
(Brij 35 and Brij 58) using mercury lamps resulting in the formation of mono- to tetraBDEs. However, Li et al. (2010) also identified mono- to tetra-polybrominated
dibenzofurans indicating that photo-degradation may lead to the production of more
toxic photo-products.
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PBDE-containing material may be treated using thermal techniques; however, PBDEs
may function as precursor molecules for the formation of polybrominated
dibenzodioxins (PBDDs) and dibenzofurans (PBDFs) if adequate temperatures are not
attained (Rupp & Metzger 2005). PBDD and PBDF formation has been shown to occur
following thermolysis of penta-, octa- and deca-BDE at temperatures ranging from 400
to 900 °C with PBDD/PBDF homologues containing 1 to 7 bromines (Weber & Kuch
2003).

2.8 Regulatory guidance
In most developed countries, PBDE mixtures have either been phased out (penta-BDE
and octa-BDE mixtures) or are currently being phased out (deca-BDE). The importation
and manufacture of penta-BDE and octa-BDEs in Germany, Sweden and the
Netherlands was banned in the late 1980s and early 1990s while in the US and
Australia, these commercial BDE mixtures were banned in 2004 and 2007 respectively.
A ban on the use of deca-BDE in Europe was initiated in 2007 while the production,
import and sale of deca-BDE for all consumer transport and military use in the US will
terminate by the end of 2013 (US EPA 2010).
Table 10 outlines minimal risk levels for deca-BDE and lower BDEs. For both inhalation
and ingestion exposure pathways, minimal risk levels have not been determined for
acute and/or chronic exposure durations due to the lack of sufficient data. For the
inhalation exposure pathway, a minimal risk level of 0.006 mg/m3 was derived for
intermediate exposure duration for octa-BDE based on changes in rat thyroid
hormones (Great Lakes Chemical Corporation 2001a, 2001b).
Minimal risk levels for intermediate oral exposure duration have been derived for both
deca-BDE (10 mg/kg/day; Hardy et al. 2002) and lower BDEs (penta-BDE; 0.007
mg/kg/day; WIL Research Laboratories 1986) while an acute minimal risk level of 0.03
mg/kg/day was derived for oral exposure to penta-BDE (Zhou et al. 2002).
The US EPA has established oral reference doses (RfD) for PBDEs (EPA IRIS 1990a;
1990b; 2008) including:
•

7 x 10-3 mg/kg/day for deca-BDE

•

3 x 10-3 mg/kg/day for octa-BDE

•

2 x 10-3 mg/kg/day for penta-BDE.

In addition, the American Conference of Industrial Hygienists developed a workplace
environmental exposure level of 5 mg/m3 for deca-BDE with ongoing air monitoring
required if dust levels of penta- and octa-BDE exceeded 5 mg/m3 (WDLI 2008).
Currently, there are no cleanup standards or guidelines for PBDEs in soil and
sediment.
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Table 10. Minimal risk levels for deca-BDE and lower BDEs.

Exposure Route
Inhalation

Oral

PBDE
Deca-BDE

Exposure Duration
a
Acute
b
Intermediate
c
Chronic

Minimal Risk Level
N/A
N/A
N/A

Lower-BDEs

Acute
Intermediate

N/A
3
0.006 mg/m

Chronic
Acute
Intermediate

N/A
N/A
10 mg/kg/day

Chronic
Acute

N/A
0.03 mg/kg/day

Intermediate

0.007 mg/kg/day

Chronic

N/A

Deca-BDE

Lower-BDEs

Justification
Insufficient data
Insufficient data
Insufficient data
Insufficient data
3
Based on a no observed adverse effect level (NOAEL) of 1.1 mg/m
3
(NOAELHEC = 0.53 mg/m ) for changes in rat thyroid hormones exposure
to octa-BDE and uncertainty factors (3 for species to species
extrapolation, 10 for human variability and 3 for a database reflecting a
single study in one species) (Great Lakes Chemical Corporation 2001a;
2001b)
Insufficient data
Insufficient data
Base on a NOAEL of 1000 mg/kg/day for developmental toxicity in rats
and uncertainty factors (10 for species to species extrapolation and 10
for human variability) (Hardy et al. 2002)
Insufficient data
Based on a NOAEL of 1 mg/kg/day (penta-BDE) for reducing foetal rat
thyroid hormone levels and uncertainty factors (10 for species to species
extrapolation and 3 for human variability) (Zhou et al. 2002)
Based on a lowest observed adverse effect level (LOAEL) of 2
mg/kg/day (penta-BDE) for liver effects in rats and uncertainty factors
(10 for species to species extrapolation, 10 for human variability and 3
for use of a minimal LOAEL) (WIL Research Laboratories 1986)
Insufficient data

a

Up to 14 day exposure
15 to 364 day exposure
c
>364 day exposure
b
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2.9 Identification and prioritisation of data gaps
A considerable amount of research has been performed internationally on the presence
of PBDEs in environmental matrices, PBDE bioaccumulation and biotransformation in
humans and other organisms, health effects associated with PBDE exposure and
techniques/technologies for PBDE remediation. In an Australian context, however,
limited information is available regarding the presence of PBDEs in air, dust, soil and
sediment and their potential to bioaccumulate in ecological receptors and humans. In
order to determine whether PBDEs pose a significant risk for human and environmental
health in an Australian context, this information is critical. In addition, as penta-, octaand deca-BDEs have been, or are being phased out, a key research area is to
investigate the environmental persistence and potential risk associated with
replacement flame retardants (i.e. new potential emerging contaminants).

2.10 Conclusions
Polybrominated diphenyl ethers (PBDEs) are a group of brominated compounds
comprising 209 congeners used as flame retardants in order to reduce the flammability
of furniture, textiles and electronic equipment. PBDEs are additive flame retardants,
that is, they are mixed during the manufacture of other polymers but not chemically
bound. As a result, PBDEs may enter the environment via dust generated from the
aforementioned products or following leaching from polymer matrices. PBDEs are
characterised by their low aqueous solubilities (< 0.1–130 µg/L) with a general trend of
decreasing solubility with increasing degree of bromination. The low vapour pressures
(1.94 x 10-3–3.51 x 10-9 mm Hg) and Henry’s law constants (2.07 x 10-4–7.30 x 10-8
atm m3/mol) of PBDEs indicate that this class of compounds exhibit low volatility. In
addition, the high octanol-water partitioning coefficient (Kow of 5.74–8.27) indicates that
once dissolved, PBDEs will strongly sorb to soil/sediment thereby minimising their
mobility.
PBDEs may enter the environment from a number of sources including production
facilities, e-waste recycling, waste disposal and non-point sources, (e.g. consumer
products containing PBDEs). As a result of the widespread use of PBDE flame
retardants in household and workplace environments (e.g. electronic equipment,
textiles, construction materials, insulation, foam, furniture, carpet), dust generated from
consumer products contributes PBDEs to the environment. A considerable amount of
information exists regarding the concentration of PBDEs in environmental matrices
including air (up to 14,000 pg/m3), dust (up to 21% w/w), soil (up to 10 mg/kg),
sediment (0.3 mg/kg) and biosolids (35 mg/kg) although reports detailing PBDE
concentrations in Australian samples are limited.
Following entry into the environment, PBDEs may undergo transformation with
photolysis being the major pathway. Reductive debromination of PBDEs in air may
occur via indirect photolysis with hydroxyl radicals or via direct photolysis with sunlight.
Indirect photolysis of vapour phase PBDEs (i.e. lower BDEs) may occur with
photochemically produced hydroxyl radicals while for higher BDEs direct photolysis
under UV light has been identified as the main abiotic pathway for PBDE
transformation. UV irradiation may also result in the formation of polybrominated
dibenzofurans, methoxylated PBDEs and phenolic PBDE products.
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Numerous studies have shown that PBDEs may accumulate in a variety of organisms
including invertebrates, fish, birds and mammals as a result of environmental exposure.
PBDE bioaccumulation has been shown to be higher near point sources with
decreasing concentrations in organisms with increasing source distance. However,
diffuse sources of PBDEs may also contribute to organisms’ body burdens as
evidenced by the bioaccumulation of PBDE in organisms from remote locations. PBDE
bioaccumulation may also vary within species which has been attributable to variations
in local PBDE sources, atmospheric transport, feeding patterns, etc. In addition, higher
concentrations of PBDEs in predatory animals may reflect biomagnification of PBDEs
through trophic levels. Following exposure, prokaryotes, invertebrates, fish, birds and
mammals may transform PBDEs in vivo resulting in the formation of lower BDEs,
hydroxylated PBDEs and methoxylated PBDEs.
PBDEs have been shown to accumulate in human samples (milk, blood, adipose
tissue, etc.); however, limited reports are available regarding the health effects
associated with PBDE exposure. In a study assessing occupational exposure to
PBDEs, it was suggested there was evidence of hypothyroidism (endocrine effects)
following inhalation and/or dermal exposure. Although limited information is available
regarding the health effects associated with human PBDE exposure, a considerable
amount of animal data is available which infers potential human health effects
associated with individual PBDE congeners or commercial PBDE products including
hepatic, thyroid and neurological impacts.
In most developed countries, PBDE mixtures have either been phased out (penta-BDE
and octa-BDE mixtures) or are currently being phased out (deca-BDE). The importation
and manufacture of penta-BDE and octa-BDEs in Germany, Sweden and the
Netherlands was banned in the late 1980s and early 1990s while in the US and
Australia, these commercial BDE mixtures were banned in 2004 and 2007 respectively.
A ban of the use of deca-BDE in Europe was initiated in 2007 while the production,
import and sale of deca-BDE for all consumer transport and military use in the US will
terminate by the end of 2013. The US EPA has established oral reference doses (RfD)
for PBDEs including:
•

7 x 10-3 mg/kg/day for deca-BDE

•

3 x 10-3 mg/kg/day for octa-BDE

•

2 x 10-3 mg/kg/day for penta-BDE.

In addition, the American Conference of Industrial Hygienists developed a workplace
environmental exposure level of 5 mg/m3 for deca-BDE with ongoing air monitoring
required if dust levels of penta- and octa-BDE exceeded 5 mg/m3. Currently, there are
no cleanup standards or guidelines for PBDEs in soil and sediment.
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3. Perfluorinated compounds (PFOS and PFOA) –
Environmental fate, dynamics and impact
3.1 Introduction
Perfluorinated acids (PFAs) have been manufactured by electrochemical fluorination
(ECF) or by telomerisation since 1947 and the 1970s respectively. Electrochemical
fluorination was phased out between 2000 and 2002; however, production via
telomerisation is ongoing. The process of electrochemical fluorination replaces
hydrocarbon hydrogens with fluorines via electrolysis with perfluorooctane sulfonyl
fluoride (POSF) being the major product. POSF was then utilised to produce a number
of perfluorinated compounds (as listed below) which were used as building blocks for
perfluorinated sulfonamide (PFSAm)-based commercial products.
•

N-methyl perfluorooctane sulfonamide (NMeFOSA) – POSF reacted with
methylamine

•

N-ethyl perfluorooctane sulfonamide (NEtFOSA) – POSF reacted with ethylamine

•

N-methylperfluorooctane sulfonamidoethanol (NMeFOSE) – NMeFOSA
functionalised with ethylene glycol

•

N-ethylperfluorooctane sulfonamidoethanol (NEtFOSE) – NEtFOSA functionalised
with ethylene glycol

Fluorinated compounds may also be produced using telomerisation through reactions
of perfluoroethyl iodide (telogen) and perfluoroethylene (taxogen). Historically,
NMeFOSE was incorporated into textiles and carpets while NEtFOSE was incorporated
into phosphate surfactants used in paper food packaging. Perfluorooctane sulfonate
(PFOS) has been used in aqueous film forming foam (AFFF), semiconductors,
hydraulic fluids and photolithography and was the key ingredient in Scotchgard. In
contrast, perfluorooctanoic acid (PFOA) does not have any direct commercial
application but is used as a processing aid in the manufacture of
polytetrafluoroethylene (PTFE), better known as Teflon.
PFOS and PFOA are widely distributed in the environment, being detected in soil,
sediment and waters near point sources in addition to remote locations. These
perfluorinated compounds have also been detected in human sera and wildlife around
the world. Due to concerns regarding the potential health effects associated with PFOS
and PFOA exposure, efforts to reduce/eliminate emissions of these substances from
industrial process streams have been initiated. In May 2000, 3M (the primary American
producer of PFOS) announced the phase out of the production of PFOS, PFOA and
PFOS-related products while in 2006, the eight major companies of the
perfluoropolymer/perfluorotelomer industry agreed to participate in the US EPA's PFOA
Stewardship Program including the elimination of these substances by 2015 (EPA
2008f). This review provides an outline of the physico-chemical properties of PFOS and
PFOA, their environmental fate, ecological and human health issues associated with
exposure, remediation technologies for the treatment of impacted matrices and
international legislation associated with PFOS and PFOA in the environment.
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3.2 Physico-chemical properties
Figure 2 shows the chemical structure of PFOS and PFOA while Table 11 details
physicochemical properties. PFOS and PFOA are stable organic compounds as a
result of:
•

the strength of the carbon-fluorine bonds

•

the presence of three electron pairs surrounding each fluorine atom, and

•

the shielding of the carbon atoms by the fluorine atoms (3M 1999).

PFOS and PFOA contain a perfluorocarbon tail that is both hydrophobic and
oleophobic and a charged head that is hydrophilic (3M 1999). PFOA refers to the acid,
its conjugate base or its principal salt forms. The most commonly used form of PFOA is
its ammonium salt (APFO).
With pKa values of 0.14 and 2.8, PFOS and PFOA will exist as anions when in contact
with water at environmental pH. PFOS is moderately soluble (570 mg/L for the K-salt)
and with a vapour pressure of 2.48 x 10-6 mm Hg (K-salt) has the potential to exist in
both vapour and particulate phase in the atmosphere. Reports of PFOA aqueous
solubility range from 0.1 to 9.5 g/L (ATSDR 2009; Health Canada 2010) depending on
whether the compound was measured as the conjugate base (perfluorooctanoate,
PFO) or ammonium salt (APFO). With a vapour pressure of 1.0 x 10-5 mm Hg, PFOA
may also exist in both vapour and particulate phase in the atmosphere. While data are
not available regarding adsorption coefficients (Kd, Koc, Kom) for PFOS, values for PFOA
range from 0.41–36.8 ml/g (Kd), 48.8-229 ml/g (Koc) and 28.4–133 ml/g (Kom) indicating
that PFOA has the potential to leach into groundwater (Davis et al. 2007; Prevedouros
et al. 2006). However, once in the soil environment, PFOA is more likely to sorb to
organic carbon in soils than to other soil constituents (ATSDR 2009).

3.3 Fate and behaviour
3.3.1 Source of contaminants in the environment
During the production of perfluorinated compounds, PFOS and PFOA may be released
to the environment during the initial synthesis (e.g. spills) and during the incorporation
into consumer products (e.g. waste materials). PFOS and PFOA may also be released
through washing of production equipment and through dust generated from various
products. Non-point sources of PFOS and PFOA may include sewage sludge
application to agricultural land; however, the most important emission sources are
carpet and textile protection as well as fire-fighting foams.
PFOS and perfluorinated alkylated substances (PFAS) -based chemicals are not
manufactured in Australia; however, products that contain these perfluorinated
compounds are produced (NICNAS 2003). The use of PFOS-containing products in
Australia since 2000 has significantly decreased as a result of an industry voluntary
phase out agreement. PFOS containing products such as Class B fire fighting foams,
paints and coatings were no longer available in Australia after December 2003
(NICNAS 2003).
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Figure 2. Chemical structure of PFOS (a) and PFOA (b).

Table 11. Physicochemical properties of PFOS and PFOA.

Parameter
Synonyms

Chemical formula
CAS registry
Molecular weight
Melting point (°C)
Boiling point (°C)
Density (@ 20 °C)
Solubility (@ 25 °C)
Koc
pKa
Vapour pressure
(mm Hg @ 20°C)
Henry’s law constant
a
b

PFOS
1-perfluorooctanesulfonic
acid; heptadecafluoro-1octanesulfonic acid;
heptadecafluorooctan1-sulfonic acid; perfluorooctane
sulfonate; perfluorooctylsulfonic acid;
1-Octanesulfonic acid,
1,1,2,2,3,3,4,4,5,5,6,6,7,7,8,8, 8heptadecafluoroC8HF17O3S
1763-23-1
500.03
≥ 400 (K-salt)
a
ND
a
ND
-1
570 mg l (K-salt)
a
ND
0.14
-6
2.48 x 10 (K-salt)
b

NA

PFOA
pentadecafluoro1-octanoic acid;
pentadecafluoro-n-octanoic acid;
pentadecaflurooctanoic acid;
perfluorocaprylic acid;
perfluoroctanoic acid;
perfluoroheptanecarboxylic acid;
octanoic acid,
2,2,3,3,4,4,5,5,6,6,7,7,8,8, 8pentadecafluoroC8HF15O2
335-67-1
414.069
54.3
188
3
1.8 g cm
9.5 g/L
17-230
2.8
-5
1.0 x 10
b

NA

ND: not determined
NA: not applicable
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A considerable amount of information exists regarding the presence of PFOS and
PFOA in environmental matrices in North America, Europe and Asia as detailed in
reviews by Murray et al. 2010; Suja et al. 2009; Ahrens 2011; Clarke & Smith 2011;
Lindstrom et al. 2011; Weber et al. 2011. The concentration of PFOS and PFOA in
aqueous samples has been reported to range from low ng/L to 6.6 mg/L depending on
the location of the water body and the potential source of perfluorinated compounds
(e.g. atmospheric deposition versus AFFF usage). In sediments, PFOS and PFOA
concentrations have been detected in the low µg/kg range as a result of their limited
propensity for sorption. Similarly in biosolids, PFOS and PFOA concentrations have
been detected in the low mg/kg range. In household, classroom, office and car dust,
PFOS and PFOA have been detected at concentrations up to 18 mg/kg (Goosey &
Harrad 2011; Suja et al. 2009; Murray et al. 2010; Ahrens 2011; Clarke & Smith 2011;
Lindstrom et al. 2011; Weber et al. 2011).
In contrast, limited information is available regarding the presence of PFOS and PFOA
in the Australian environment (Table 12). Thompson et al. (2011a) assessed the
concentration of perfluorinated alkyl acids (PFAAs), including PFOS and PFOA, in 62
potable water samples collected from 34 locations across Australia. PFOS and PFOA
were the most commonly detected PFAAs, with maximum concentrations of 16 ng/L
and 9.7 ng/L respectively (Thompson et al. 2011a).
In influent and effluent water from waste water treatment plants, PFOS and PFOA were
also the most commonly detected PFAAs (Thompson et al. 2011c). Influent PFOS and
PFOA concentrations ranged up to 3.7 and 16 ng/L respectively while in effluent water,
PFOS and PFOA concentrations were reduced to 0.7 and 12 ng/L following ozonation.
In sediment samples collected from Homebush Bay, the PFOS geometric mean
concentration was 1.5 µg/kg (Thompson et al. 2011b) while in household dust from
Brisbane, Newcastle and Sydney locations (n = 20), PFOS and PFOA concentrations
of up to 8100 and 2900 µg/kg have been reported (Goosey & Harrad 2011).

3.3.1 Solubility and dissolution
As detailed in Table 11, PFOS and PFOA are characterised by their moderate aqueous
solubility and as such have the potential to be transported to surface waters and
subsurface environments as a result of runoff and leaching.

3.3.2 Volatilisation
PFOS and PFOA are characterised by low vapour pressures (Table 11). With vapour
pressures between 10-5 and 10-6 mm Hg, PFOS and PFOA have the potential to exist
in both vapour and particulate phases in the atmosphere.
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Table 12. Occurrence of PFOS and PFOA in the Australian environment.

Matrix

Location

Concentration
PFOS
PFOA
nd–1.84
<0.50–0.88
<0.66–4.68
<0.50–9.66
nd
nd–1.57
nd–0.88
<0.50
15.1–15.6
nd
nd–1.76
<0.50–0.73
1.18–1.21
0.64–0.65
<0.66–8.07
<0.50–2.1

Reference

Water
(drinking)
(ng/L)

ACT
NSW
NT
Qld
SA
Tas
Vic
WA

Thompson et al. 2011a

Water
(ng/L)

Homebush bay,
NSW

7.5–21

4.4–6.4

Thompson et al. 2011c

Water (WWTP)
(ng/L)

Influent
Effluent

up to 3.7
0.7

up to 16.0
12.0

Thompson et al. 2011b

Sediment
(µg/kg)

Homebush bay,
NSW

1.5 (mean)

House dust
(µg/kg)

Brisbane,
Newcastle and
Sydney

6.5–8100

15–2900

Goosey & Harrad 2011

3.3.1 Adsorption
Data are not available regarding adsorption coefficients (Kd, Koc, Kom) for PFOS.
Adsorption coefficients for PFOA range from 0.41–36.8 ml/g (Kd), 48.8–229 ml/g (Koc)
and 28.4–133 ml/g (Kom) indicating that PFOA has the potential to leach into
groundwater (Davis et al. 2007; Prevedouros et al. 2006). However, once in the soil
environment, PFOA is more likely to sorb to organic carbon in soils than to other soil
constituents (ATSDR 2009).

3.3.2 Photolysis
PFOS and PFOA are stable compounds and are unlikely to undergo direct photolysis
or atmospheric photooxidation (3M 2000; EPA 2008f; OECD 2002, 2007; Schultz et al.
2003; ATSDR 2009). However, advanced oxidation processes, utilising aqueous
periodate, hydrogen peroxide, potassium iodide or persulfate and UV light (150 W TQ
150 mercury lamp) with and without catalysts (e.g. titanium oxide, tungsten) may be
utilised to degrade PFOA to shorter-chain perfluorocarboxylic acids under first order
rate reactions (Cao et al. 2010; Cao et al. 2011; Chen & Zhang 2006; Cho 2011; Giri et
al. 2011; Hori et al. 2004; Hori et al. 2005; Ochiai et al. 2011; Qu et al. 2010).

3.3.3 Hydrolysis
PFOS and PFOA are unlikely to undergo hydrolysis under environmental conditions
(ATSDR 2009; Chen et al. 2012).
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3.3.4 Reduction
Abiotic reduction of PFOS and PFOA is not a significant transformation pathway
(ATSDR 2009).

3.3.5 Bioaccumulation
Unlike many persistent organic pollutants, PFOS and PFOA do not accumulate in fatty
tissue as a consequence of exhibiting both hydrophobic and lipophobic properties.
PFOS and PFOA primarily bind to proteins and preferentially partition to liver, blood
and kidney (PFOA) tissue. Although Kow may be calculated or modelled for PFOS and
PFOA, it should not be used to model bioaccumulation as it may underestimate
bioaccumulation as a consequence of the tendency of these molecules to aggregate at
liquid-liquid interfaces. More emphasis should therefore be placed on results from
experimental studies.
Ecological receptors – As detailed in Table 13, PFOS and PFOA have been detected in
a variety of ecological receptors including molluscs, fish, birds and mammals. The
majority of studies have focused on PFOS bioaccumulation in fish species where
PFOS concentrations up to 400 µg/kg fresh weight have been detected (Table 13).
Limited studies have detected PFOA in fish; however, Inoue et al. (2012) determined
that bioaccumulation factors for PFOS and PFOA differed by more than two orders of
magnitude in Cyprinus carpio L in spiked water exposure scenarios. As detailed by
Meyer et al. (2009), PFOS accumulation in bird species (in Belgium) is variable with
mean liver PFOS concentrations ranging from 12 µg/kg fresh weight in Eurasian
Collared Dove to 476 µg/kg fresh weight in Grey heron. Similar variability has been
observed in higher organisms. In Apodemus sylvaticus (Wood mice) from Belgium,
PFOS concentrations in the liver ranged from 0.1–179 µg/kg fresh weight while in
Greenland, up to 1285 µg PFOS/kg fresh weight was detected in the livers of polar
bears (Bossi et al. 2005). In addition, Bossi et al. (2005) demonstrated that PFOS
biomagnification occurred along the marine food chain in Greenland with PFOS
bioaccumulation increase from Shorthorn sculpin to Ring seal to Polar bear.
Limited studies have documented the bioaccumulation of PFOS and PFOA in
Australian wildlife. In a study by Thompson et al. (2011b), PFOS and PFOA were
measured in environmental samples collected from around Homebush Bay and the
Parramatta River estuary. In water, surface sediment, Sea mullet (Mugil cephalus),
Sydney rock oyster (Saccostrea commercialis) and the eggs of White ibis (Threskiornis
molucca), and Silver gull (Larus novaehollandiae) PFOS was the dominant
perfluorinated alkyl acid. In sediment samples, the mean PFOS concentration was 1.5.
µg/kg, while in water samples, PFOS and PFOA concentrations ranged from 7.5 to 21
ng/L and 4.2 to 6.4. ng/L, respectively. Mean PFOS concentrations were similar in gull
and ibis eggs (33 and 34 µg/kg fresh weight respectively) and ranged from 1.8 to 66
µg/kg fresh weight in Sea mullet muscle and liver respectively (Thompson et al.
2011b).
Humans – A considerable amount of information exists regarding the presence of
PFOS and PFOA in blood sera from North American, European and Asian populations.
As detailed in Houde et al. (2006), PFOS and PFOA blood concentrations in excess of
73 and 44 ng/ml respectively have been reported. Although residents in urban areas
generally had higher blood PFOS and PFOA concentrations, some residents from
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remote regions had elevated blood PFOS and PFOA concentrations as a result of the
consumption of traditional foods (e.g. fish, caribou, ringed seal livers) which contained
perfluorinated compounds.
In Australia, an extensive assessment of PFOS and PFOA (and other polyfluoroalkyl
compounds) in blood serum has been undertaken by Kärrman et al. (2006) (n = 3802)
and Toms et al. (2009) (n = 2420). Kärrman et al. (2006) determined that the highest
mean concentration of PFOS and PFOA in men and women of five different age
groups from rural and urban regions in Australia was 20.8 ng/ml and 7.6 ng/ml
respectively. PFOS concentrations increased in both men and women with age while
males generally contained higher serum concentrations of both polyfluorinated
compounds. No significant difference was observed in PFOS or PFOA serum
concentrations for urban and rural dwellers. The concentrations of PFOS and PFOA
reported in the study of Kärrman et al. (2006) are equal or higher than previously
reported serum levels in Europe and Asia but lower compared with the US (Kärrman et
al. 2006).
In the study of Toms et al. (2009), PFOS was detected at the highest mean
concentration (15.2 ng/ml) followed by PFOA (6.4 ng/ml) in all age categories. In adult
males, PFOS concentrations were significantly higher than in adult females (P = 0.002)
while the highest mean concentration of PFOS was detected in adults > 60 years. In
contrast, the highest mean concentration of PFOA was detected in children < 15 years
(Toms et al. 2009).

3.3.6 Biotransformation
There is little evidence to suggest that PFOS or PFOA are able to be transformed in
vivo following inhalation, oral or dermal exposure (ATSDR 2009). However, following
exposure, the major route of PFOS and PFOA excretion in humans, primates and
rodents is via urine (Cui et al. 2010). The rate of PFOS and PFOA elimination vary
across animal species and shows gender differences and age dependencies (ATSDR
2009).
Although PFOS and PFOA are resistant to transformation, other perfluorinated acids
may act as precursors for the formation of these compounds. Precursor compounds for
the formation of PFOS and PFOA may include but are not limited to:
•

perfluorooctanesulfonamide (PFOSA)

•

8:2 fluorotelomer acrylate (8:2 FTAC)

•

8:2 fluorotelomer stearate (8:2 FTS)

•

8:2 fluorotelomer alcohol (8:2 FTOH)

•

8:2 fluorotelomer monophosphate (8:2 monoPAPS)

•

8:2 fluorotelomer diphosphate (8:2 diPAPS)

•

N-ethyl-perfluorooctane sulfonamidoethanol (N-Et-FOSE)

•

N-ethyl-perfluorooctane sulfonamide (N-Et-PFOSA)

•

polyethoxylated 2-perfluoroalkylethanols.

CRC CARE Technical Report no. 29
Environmental impact of priority contaminants: A literature review

44

Table 13. Bioaccumulation of PFOS and PFOA in ecological receptors.

Organism/
Species

Common
name

Fish
Leuciscus cephalus

Chub

Gobia gobia

River goby

Katsuwonus pelamis
Cyprinus carpio L.
Cyprinus carpio L.
Mugil cephalus

Skipjack tuna
Carp
Carp
Sea Mullet

Anguilla anguilla

Eel
Crucian carp,
Common
carp, Leather
catfish, White
semiknife
Carp, Tilapia
Lake trout

Location

Accumulation
(µg/kg FW)
PFOS
PFOA

Bioaccumulation
factors
PFOS
PFOA

Reference

River receiving waste water from
municipal treatment plant
River receiving waste water from
municipal treatment plant
Open water along the Pacific rim
Spiked water
Upper Mississippi River
Homebush Bay and Parramatta River
estuary, Sydney
Netherlands
Gaobeidian Lake, China

7–250

< DL

Becker et al. 2010

70–400

< DL

Becker et al. 2010

1–59 (liver)

-

5.7–64

Kwadijk et al. 2010
Li et al. 2008

Lake Ontario, Canada

43–180

Martin et al. 2004

Belgium

476
292
236
17
12 (mean liver)

Meyer et al. 2009

720–1300
8–40
1.8 (mean muscle)
66 (mean liver)
1.4–3.3 (log)

5.1–9.4

Hart et al. 2008
Inoue et al. 2012
Ye et al. 2008
Thompson et al. 2011b

Birds
Grey heron
Herring gull
Eurasian
Sparrowhawk
Eurasian
magpie
Eurasian
Collared
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Threskiornis
molucca
Larus
novaehollandiae
Molluscs
Mactra venerifformis
Scapharca
subcrenata
Meretrix meretrix L
Mya truncate
Sea turtle
Caretta caretta
Lepidochelys kempii

Mammals
Apodemus
sylvaticus
Ursus maritimus

Dove
While ibis
Silver gull

Homebush Bay and Parramatta River
estuary, Sydney

Molluscs

Bohai Sea, North China

Clam

Arctic

0.3 (mean)

Loggerhead
sea turtle
Kemp’s ridley
sea turtle

North Caroline, USA

11
39.4

Wood mice

Blokkersdijk, Belgium

0.1–178.6 (liver)

Hoff et al. 2004

Polar bear

Greenland

Up to 1285 (liver)

Bossi et al. 2005
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33 (eggs)
34 (eggs)

Thompson et al. 2011b

31.3
15
12.2
(dw)

Pan et al. 2010

Tomy et al. 2004a
3.2
3.6
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Keller et al. 2005

Bacterial transformation of precursors – Aerobic biodegradation studies have revealed
that PFOA may be a terminal transformation product of 8:2 fluorotelomer stearate (8:2
FTS) (Dasu et al. 2012; Frömel & Knepper 2010). In the study of Dasu et al. (2012), 8:2
fluorotelomer alcohol (8:2 FTOH) was generated as a result of transformation of 8:2
FTS. 8:2 FTOH was further transformed following the ring cleavage of the ester link
resulting in the formation of 8:2 fluorotelomer unsaturated and saturated carboxylic
acids, 7:2 FTOH, 7:3 acids and PFOA. The concentration of PFOA increased over time
illustrating its recalcitrance to microbial attack. PFOA was also detected following the
aerobic biodegradation of polyethoxylated 2-perfluoroalkylethanols which was
attributed to the degradation of residual fluorotelomer alcohols present in the
commercial product (Frömel & Knepper 2010). In contrast, N-ethyl-perfluorooctane
sulfonamidoethanol (N-Et-FOSE) may be transformed to PFOS following aerobic
biodegradation with activated sludge (Rhoads et al. 2008). N-EtFOSE was degraded to
N-ethyl perfluorooctane sulfonamido acetic acid (N-EtFOSAA) which underwent further
transformation to N-ethylperfluorooctane sulfonamide (N-EtFOSA). N-EtFOSA was
then transformed to perfluorooctane sulfonamide (FOSA), perfluorooctane sulfonate
(PFOSI) and finally perfluorooctane sulfonate (PFOS).
Oncorhynchus mykiss (rainbow trout) transformation of precursors – Rainbow trout
(Oncorhynchus mykiss) have been shown to transform perfluorinated acids to PFOS
and PFOA. Brandsma et al. (2011) determined that PFOS was the major
perfluoroalkylsulfonate in fish following dietary exposure to Perfluorooctanesulfonamide
(PFOSA). PFOA was also detected in fish exposed to 8:2 fluorotelomer alcohol (8:2
FTOH) (Brandsma et al. 2011) and 8:2 fluorotelomer acrylate (8:2 FTAC) (Butt et al.
2010). 8:2 FTAC was rapidly transformed in the gut or liver resulting in the formation of
8:2 saturated fluorotelomer carboxylate (8:2 FTCA), 8:2 FTUCA, 7:3 FTCA and PFOA.
PFOA showed increasing concentrations throughout the exposure period indicating
continued formation through precursors (Butt et al. 2010). In a study conducted with
rainbow trout liver microsomes, Tomy et al. (2004) identified that N-ethylperfluorooctane sulfonamide (N-Et-PFOSA) was transformed to PFOS, PFOA, and
perfluorooctanesulfonamide (PFOSA). The concentration of PFOS and PFOSA were
found to increase with incubation time; however, only background levels of PFOA were
detected. Tomy et al. (2004) proposed three reaction pathways for the conversion of NEtPFOSA to PFOS: (i) direct conversion of N-EtPFOSA to PFOS by deethylamination
accompanied by conversion of the sulfone group to sulfonate, (ii) deethylation of NEtPFOSA to PFOSA, followed by deamination to form PFOS, and (iii) direct hydrolysis
of N-EtPFOSA. (Tomy et al. 2004).
Rodent transformation of precursors – PFOA accumulation has been observed
following exposure of rodents (Sprague Dawley rats) to polyfluoroalkyl phosphate
surfactants commonly found in food contact paper products (D’Eon & Mabury 2007).
Following gavage of 8:2 fluorotelomer alcohol (8:2 FTOH), mono-phosphate (8:2
monoPAPS) or the corresponding di-phosphate (8:2 diPAPS) increasing PFOA blood
and liver concentrations were detected. D’Eon & Mabury (2007) suggested that
polyfluoroalkyl phosphate surfactants may migrated from food from packaging resulting
in the accumulation of PFOA following in vivo transformation (D'Eon & Mabury 2007).
In other studies conducted with Sprague Dawley rats, PFOS accumulation has resulted
from the in vivo transformation of perfluorooctane sulfonamide (PFOSA) (Ross et al.
2012) and N-ethyl-perfluorooctane sulfonamidoethanol (N-Et-FOSE) (Xie et al. 2009).
Following exposure via food, PFOSA was transformed with significant enrichment of
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5m-PFOS and a depletion of 1m-PFOS being observed. Ross et al. (2012) cautioned
that the results cannot be extrapolated to humans, due to known differences in the
toxicokinetics of PFOS in rodents and humans; however, suggested that PFOS isomer
profile may be useful as a biomarker of exposure source (Ross et al. 2012). In studies
conducted with N-Et-FOSE, Xie et al. (2009) observed the formation of PFOS that is
accompanied by N-EtFOSE-induced alterations in antioxidant enzyme activity. (Xie et
al. 2009).
Human transformation of precursors – Limited studies have assessed the human
transformation of precursor compounds leading to the formation of PFOS or PFOA. In
a study conducted by Nilsson et al. (2010), the transformation of perfluorosulfonates
(PFSAs) and fluorotelomer alcohols (FTOHs) was assessed in ski technicians following
occupational exposure to compounds in wax via inhalation. PFOA concentrations in
individuals were up to 800 times higher than the general population suggesting that
transformation of 8:2 FTOH in vivo (Nilsson et al. 2010).
Importance of precursor transformation – In a study conducted by Vestergren et al.
(2008), a scenario-based risk assessment approach was used to model PFOS and
PFOA human exposure. It was estimated that the general public from an industrialised
country was exposure to a chronic dose ranging from 3.9-520 ng/kg/day for PFOS and
0.3-140 ng/kg/day for PFOA. Furthermore, precursor-based doses of PFOS and PFOA
were estimated to be 2–5% and 2–8% in an ‘intermediate’ scenario and 60–80% and
28–55% in a high-exposure scenario for PFOS and PFOA respectively (Vestergren et
al. 2008) suggesting that a significant proportion of exposure may result from precursor
transformation. Vestergren et al. (2008) identified that consumption of contaminated
food and drink was the most important exposure pathway for the general population.
However, fast food consumption and the associated food packaging material (treated
with PFCs) were influential parameters for determining the doses of PFOA (Vestergren
et al. 2008).

3.4 Exposure to PFOS, PFOA – human health effects
Due to the limited data available regarding the acute toxicity of PFOS and PFOA to
humans, conclusions cannot be drawn regarding toxic effect concentrations. However,
animal data suggest that PFOS and PFOA exhibit moderate acute oral toxicity (see
Table 14) with potential adverse effects on the gastrointestinal tract and liver. Toxic
effects have been observed in animals following chronic exposure to PFOS with No
Observable Adverse Effect Levels (NOAEL) ranging from 0.03 mg/kg BW/day for
decreased serum T3 levels (Rhesus monkey) to 1 mg/kg BW/day for maternal toxicity
and developmental effects (rat) and 2 mg/kg BW/day for carcinogenicity (rat). For
PFOA, NOAELs range from 0.56/22 mg/kg BW/day (male/female mice) to 1 mg/kg
BW/day for developmental effects (rat) (Table 14). As with acute toxicity, the effects of
chronic exposure to PFOS and PFOA issues associated with the liver and
gastrointestinal tract and changes in thyroid hormone levels. Neither PFOS nor PFOA
exhibit mutagenic properties; however, they may induce carcinogenicity in animals
when administered at high doses (2 mg/kg BW/day).
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Table 14. Exposure of animals to PFOS and PFOA.

Test animal

Compound

Rat

PFOS

Route

Rat

PFOS

Rat

PFOA

Guinea pig

PFOA

Rat

PFOS

Rat

PFOS

Rat

PFOS

Ingestion – chronic
(gestational period)

Rhesus
monkey

PFOS

Ingestion – chronic (90
days)

Mice

PFOA

Ingestion – chronic (28
days)

Mice

PFOA

Ingestion – chronic
(gestational period)

Inhalation – acute (1.9–
46 mg/L for 1 hr)
Ingestion – acute (single
dose)
Ingestion – acute (single
dose)
Ingestion – acute (single
dose)
Ingestion – chronic (90
days)
Ingestion – chronic (104
weeks)

Effect
LD50: 5.2 mg/L
LD50: 230 mg/kg BW
(males), 270 mg/kg BW
(females)
LD50: 430–680 mg/kg
BW
LD50: 200 mg/kg BW
BMDL10: 0.2 mg/kg
BW/day
Carcinogenicity: Liver,
thyroid and mammary
gland tumours at 2
mg/kg BW/day
Material toxicity and
developmental effects:
NOAEL: 1 mg/kg
BW/day
NOAEL: 0.03 mg/kg
BW/day (decreased
serum T3 levels)
NOAEL: 0.56 mg/kg
BW/day (males); 22
mg/kg BW/day (females)
Developmental effects:
NOAEL: 1 mg/kg
BW/day

Reference
OECD 2002; COT
2005a
COT 2005a, 2006a

COT 2005a, 2006b
COT 2005a, 2006b
OECD 2002; COT
2005a, 2006b
COT 2005a, 2006b

COT 2005b, 2006c

OECD 2002; COT
2005a
COT, 2005a,
2006a
COT 2006a

3.5 Exposure to PFOS, PFOA – ecological effects
The impact of PFOS and PFOA on ecological receptors has been investigated by a
number of researchers (see Table 15); however, little information is available in an
Australian context. Exposure to Perfluorinated acids may result in a variety of effects
including impacts on:
•

seed germination

•

root elongation

•

plant biomass production

•

growth and development

•

invertebrate mobility

•

gonad development

•

sexual maturation

•

oocyte viability

•

histopathology

•

endocrinology

•

fecundity
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•

lipid β-oxidation

•

oxidative stress response

•

expression of peroxisome proliferator-activated receptors

•

acyl-CoA oxidase

•

gene expression for enzymatic antioxidants

•

vitellogenin expression

•

membrane fluidity, and

•

osmoregulation.

(Ankley et al. 2005; Arukwe & Mortensen 2011; Beach et al. 2006; Boudreau et al.
2003; Cheng et al. 2012; Jacobson et al. 2010; Ji et al. 2008; Li 2009; Ding et al. 2012;
Du et al. 2009; Hagenaars et al. 2008; Hagenaars et al. 2011; Han & Fang 2010; Hu et
al. 2003; Huang et al. 2010; Jeon et al. 2010; Ji et al. 2008; Sharpe et al. 2010; Shi et
al. 2008; Wang et al. 2011; Ye et al. 2009; Zhao et al. 2011)
As detailed in Table 15, PFOS exerts a greater toxicological response than PFOA. For
example, Ji et al. (2008) determined that PFOS was approximately 10 times more toxic
than PFOA for Daphnia magna, Moina macrocopa, and the teleost Oryzias latipes.
PFOS NOEC values for ecological receptors range from 5 (neon shrimp 96 hr
exposure test) to > 200 mg/L (seed germination for lettuce, cucumber and pakchoi)
depending on test organism, exposure period and toxicological endpoint. Similarly,
PFOA NOEC values range from < 62.5 (root elongation for lettuce) to 500 mg/L (neon
shrimp 24 hr exposure test). It has been suggested that PFOS and PFOA
concentrations in freshwater environments may have little ecological impact as
environmental concentrations are 1–2 orders of magnitude lower than NOEC values (Li
2009) (Boudreau et al. 2003).

3.6 Potential remediation technologies
PFOS and PFOA, at low concentrations (µg/L) may be removed from wastewater using
technologies such as reverse osmosis, nano-filtration and activated carbon (US EPA
2004; Tang et al. 2006; Vecitis et al. 2009) although conventional treatment techniques
such as trickling filtration, activated sludge, anaerobic digestion and chlorination are
ineffective (Sundstrom & Klei 1979). In order to destroy the perfluorinated acids,
however, it is required to incinerate the activated carbon (Tsang et al. 1998). Advanced
oxidation processes (AOP) may be utilised to treat PFOS and PFOA contaminated
water. AOP techniques may include oxygen-containing radicals (e.g. hydrogen
peroxide photolysis, ozonation, photo-Fentons and peroxone chemistry) (Kochany &
Bolton 1992; Hoigne & Bader 1983a, 1983b; Zepp et al. 1992, Hua & Hoffmann 1997;
Acero et al. 2001), sulfate radical oxidation (Chen & Zhang 2006; Hori et al. 2005a;
2005b; Kutsuna & Hori 2007), phophotungstic acid photocatalysis (Hori et al. 2004a;
2004b), titanium oxide photocatalysis (Kutsuna et al. 2006; Dillert et al. 2007) and
Fe(II)/Fe(III) photocatalysis (Vecitis et al. 2009). PFOA is more susceptible to AOP than
PFOS as a result of differences in headgroup; however, oxidation is slow as a result of
the compound’s high electronegativity. Reductive processes including sub-critical
elemental iron reduction (Hori et al. 2006), UV-KI photolysis-aqueous electron
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reduction (Vecitis et al. 2009), alkaline 2-propanol photolytic reduction (Marsella et al.
1992; Pud et al. 1995) and B12 mediated reduction (Ochoa-Herrera et al. 2008) may
be utilised for the degradation of PFOS and PFOA although their application has only
been demonstrated under laboratory conditions.
Thermal technologies including incineration and sonochemistry are able to destroy
PFOS and PFOA. (US EPA 2003a; 2003b) demonstrated that a temperature of 600 °C
is required for the destruction (99%) of PFOS during incineration. Lower temperatures
(300–350 °C) are required for the destruction of PFOA salts (Krusic et al. 2005; Krusic
& Roe 2004). The application of acoustic fields to solutions, in order to generate high
temperatures (~5000 K) through acoustic cavitation (i.e. sonochemistry), has been
shown to be effective for the destruction of PFOS and PFOA (Moriwaki et al. 2005).
Thermal technologies have an advance over other remediation technologies for the
treatment of PFOS and PFOA as the compounds are mineralised to F-, SO42-, CO and
CO2 while other degradation products are not generated.

3.7 Regulatory guidance
Limited guidance is available regarding the regulation of PFOS and PFOA in the
environment although some agencies have recently introduced drinking water guideline
values (Table 16). Drinking water guideline values developed by the Minnesota
Department of Health (MDH), Drinking Water Inspectorate, UK (DWI), DecRen Water
Consult, Germany (DWC) and the US EPA for PFOS and PFOA are similar, ranging
from 0.2-0.3 µg/L and 0.3-0.5 µg/L respectively. These values were derived from
toxicological studies (e.g. NOAEL values for rats, rhesus monkeys and cynomolgus
monkeys) or based on a proportion (e.g 10%) of the provisional tolerable daily intake
values proposed by the Committee on Toxicity, UK. The New Jersey Department of
Environmental Protection (NJDEP), however, has a more stringent drinking water
guideline value of PFOA (0.04 µg/L) (Table 16). This value was derived from NOAEL in
the serum of animals as a result of the differences in half lives of PFOA in experimental
animals and humans (NJDEP 2007).
PFOS predicted no-effect concentrations (PNEC) have been derived for the protection
of freshwater and marine organisms (UK Environment Agency 2004). Based on a small
number of taxonomic groups (3 freshwater and 2 marine), threshold PFOS values of 25
µg/L and 2.5 µg/L were derived for the protection of fresh water and marine organisms
respectively. A more stringent PFOS PNEC was derived by Rostkowski et al. (2006)
(50 ng/L) based on the lowest value for trophic level IV fish eating birds and
considering biomagnification and bioconcentration.
Provisional tolerable daily intake (pTDI) values for PFOS and PFOA have been
developed for both adults and children (Table 16). For adults, values range from 0.1–
0.3 µg/kg BW/day for PFOS and 1.5 µg/kg BW/day for PFOA based on NOAEL from
rat and cynomolgus monkey toxicity studies. So et al. (2006) derived PFOS and PFOA
pTDI values for children which are approximately an order of magnitude low than those
derived for adults (25 and 333 ng/kg BW/day respectively).
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Table 15. Exposure of ecological receptors to PFOS and PFOA.

Test species

Compound

Effect

Reference

Aquatic macrophytes
Myriophyllum sibiricum

PFOS (K-salt)

Myriophyllum spicatum

PFOS (K-salt)

Lemna gibba

PFOS

Freshwater invertebrate
Neocaridina denticulate (Neon shrimp)

PFOS

EC50: 10 mg/L (96 hr)

Li 2009

Neocaridina denticulate (Neon shrimp)

PFOS

Li 2009

Neocaridina denticulate (Neon shrimp)

PFOA

Daphnia magna

PFOS

Daphnia magna

PFOS

Daphnia magna

PFOA

Daphnia pulicaria
Moina macrocopa
Moina macrocopa
Dugesia japonica (Planarian)

PFOS
PFOS
PFOA
PFOS

Dugesia japonica (Planarian)

PFOA

Physa acuta (Freshwater snail)

PFOS

Physa acuta (Freshwater snail)

PFOA

LC50: > 200, 57, 20, 10 mg/L (24, 48, 72, 96 hr)
NOEC: 100, 25, 25, 5 mg/L (24, 48, 72, 96 hr)
LC50: > 1000, 712, 546, 454 mg/L (24, 48, 72, 96 hr)
NOEC: 500, 250, 250, 250 mg/L (24, 48, 72, 96 hr)
NOEC: 0.8 mg/L (48 hr immobility)
NOEC: 5.3 mg/L (21 day lethality)
LC50: 193, 63 mg/L (24, 48 hr)
NOEC: 100, 20 mg/L (24, 48 hr)
LC50: 298, 181 mg/L (24, 48 hr)
NOEC: 125, 125 mg/L (24, 48 hr)
NOEC: 13.6 mg/L (48 hr immobility)
IC50: 17.95 mg/L
IC50: 199.51 mg/L
LC50: 34, 27, 26, 23 mg/L (24, 48, 72, 96 hr)
NOEC: 25, 10, 10, 10 mg/L (24, 48, 72, 96 hr)
LC50: 352, 345, 343, 337 mg/L (24, 48, 72, 96 hr)
NOEC: 150, 150, 150, 150 mg/L (24, 48, 72, 96 hr)
LC50: 271, 233, 208, 178 mg/L (24, 48, 72, 96 hr)
NOEC: 200, 100, 100, 100 mg/L (24, 48, 72, 96 hr)
LC50: 856, 732, 697, 672 mg/L (24, 48, 72, 96 hr)
NOEC: 500, 500, 500, 250 mg/L (24, 48, 72, 96 hr)

Algae
Selenastrum capricornutum

PFOS
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EC10: 3 mg/L (42 days)
EC50: 12 mg/L
EC10: 0.1 mg/L
EC50: 1.6 mg/L
NOEC: 6.6 mg/L
IC50: 31.1 mg/L

Hanson et al. 2005
Hanson et al. 2005
Boudreau et al. 2003

NOEC: 5.3 mg/L (inhibition of growth)
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Li 2009
Boudreau et al. 2003
Li 2009
Li 2009
Boudreau et al. 2003
Ji et al. 2008
Ji et al. 2008
Li 2009
Li 2009
Li 2009
Li 2009

Boudreau et al. 2003

Chlorella vulgaris
Fish
Pimephales promelas (Flathead minnow)

PFOS

NOEC: 8.2 mg/L (inhibition of growth)

PFOS

EC50: 0.23 mg/L (21 day fecundity)

Brachydanio rerio (Zebrafish) embryo

PFOS

Brachydanio rerio (Zebrafish) embryo

PFOS

Brachydanio rerio (Zebrafish) embryo

PFOS

Brachydanio rerio (Zebrafish)

PFOS

EC50: 78.13 mg/L (96 hr)
EC50: 76.53 mg/L (120 hr)
LC50: 79.08 mg/L (96 hr)
LC50: 70.17 mg/L (120 hr)
EC50: 1.12 mg/L (120 hr)
LC50: 2.2 mg/L (120 hr)
LC50: 107 mg/L (48 hr)
LC50: 71 mg/L (96 hr)
LC50: 22.2 mg/L

Brachydanio rerio (Zebrafish) embryo

PFOA

Trout parr
Fish leukocytes
Plants
Brassica chinensis
Brassica chinensis
Lactuca sativa (lettuce)

PFOS
PFOS

Cucumis sativus (cucumber)
Brassica rapa chinensis (pakchoi)

PFOS
PFOS

Lactuca sativa (lettuce)

PFOA

Cucumis sativus (cucumber)

PFOA

Brassica rapa chinensis (pakchoi)

PFOA

PFOS
PFOA
PFOS

Ankley et al. 2005
Ding et al. 2012

Huang et al. 2010
Ye et al. 2009
Sharpe et al. 2010

LC50: 1005 mg/L (48 hr)
LC50: 499 mg/L (96 hr)
LC50: 2.5 mg/L
LOEC: 5–15 mg/L (membrane fluidity)
EC50: 95–200 mg/kg (root elongation)*
EC50: 107–246 mg/kg (root elongation)*
LC50, NOEC: > 200 mg/L (seed germination)
EC10, EC50, NOEC: 24, 99, 50 mg/L (root elongation)
LC50, NOEC: > 200 mg/L (seed germination, root elongation)
LC50, NOEC: > 200 mg/L (seed germination)
EC10, EC50, NOEC: 71, 130, 50 mg/L (root elongation)
LC50: 1734; NOEC: 1000 mg/L (seed germination)
EC10, EC50, NOEC: 5, 170, < 62.5 mg/L (root elongation)
LC50, NOEC: > 2000 mg/L (seed germination)
EC10, EC50, NOEC: 812, 1254, 250 mg/L (root elongation)
LC50: 579, NOEC: 250 mg/L (seed germination)
EC10, EC50, NOEC: 155, 278, 125 mg/L (root elongation)

* Dependent on organic matter content in soil
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Ye et al. 2009
Sharpe et al. 2010
Hu et al. 2003
Zhao et al. 2011
Zhao et al. 2011
Li 2009
Li 2009
Li 2009
Li 2009
Li 2009
Li 2009

3.8 Identification and prioritisation of data gaps
A significant amount of research has been performed on the occurrence of PFOS and
PFOA in the environment and their bioaccumulation in ecological receptors; however,
limited data are available in an Australian context. From the dearth of information in the
literature, it is unclear whether PFOS and PFOA distribution and ecological
accumulation is a significant environmental concern. Although an extensive
assessment of PFOS and PFOA (and other polyfluoroalkyl compounds) in blood serum
of Australian residents has been undertaken, temporal trends are lacking. This
information is important in order to determine the impact of PFOS and PFOA phase out
on human exposure. In conjunction with temporal studies, the importance of PFOS and
PFOA bioaccumulation as a result of precursor transformation needs to be established.
Data regarding the occurrence and distribution of precursors in the environment, their
accumulation in humans and wildlife and their rate of transformation to PFOS and
PFOA, are lacking. This information is critical in order to develop a greater
understanding of the sources/routes of exposure to PFOS and PFOA and strategies for
their effective management.

3.9 Conclusions
PFOS and PFOA are environmentally stable perfluorinated compounds. Due to
concerns regarding the potential health effects associated with PFOS and PFOA
exposure, efforts to reduce/eliminate emissions of these substances from industrial
process streams have been initiated. In 2000, 3M started the production phase out of
PFOA- and PFOS-related products while in 2006, the perfluoropolymer/
perfluorotelomer industry agreed to participate in the US EPA’s PFOA Stewardship
Program including the elimination of these substances by 2015. While it is expected
that the reduction in PFOS and PFOA usage should result in a decrease in human and
ecological blood serum/organ concentrations, this has not been detected by temporal
trend studies to date. Currently, the contribution of PFOS and PFOA burdens from
precursor compound transformation is unclear in addition to environmental distribution,
routes of exposure and long-term human and ecological health effects. Research in
these areas is required in order to fill significant data gaps and to establish robust
regulatory guidance for PFOS, PFOA and other perfluorinated compounds.
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Table 16. Guideline values for PFOS, PFOA and other perfluorinated compounds (modified from Zushi et al. 2012).

Regulation/ guideline
Water guideline value
Drinking water
Drinking water
Drinking water
Drinking water
Drinking water

Predicted no effect
concentration (PNEC)
PNEC
Provisional tolerable
daily intake (pTDI) value
pTDI

pTDI
pTDI

Country/Institution
Minnesota Department
of Health
Drinking Water
Inspectorate, UK
DecRen Water Consult,
Germany
US EPA
New Jersey Department
of Environmental
Protection
Environment Agency,
UK

Contents
PFOS, PFOA and PFBA: 0.3, 0.5 and 7 µg/L respectively

MDH 2008

PFOS and PFOA: 0.3 µg/L in Tier 1

DWI 2007

PFOS and PFOA: 0.3 µg/L

DWC 2006

PFOS and PFOA: 0.2 and 0.4 µg/L respectively
PFOA: 0.04 µg/L

PFOS: 25 µg/L in freshwater and 2.5 µg/L in marine environments
PFOS 50 ng/L in water environments considering secondary poisoning

Bundesinstitut für
Risikobewertung,
Germany
Committee on Toxicity,
UK
European Food Safety
Authority, EU

pTDI
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Reference

PFOS: 0.1 µg/kg BW/day (adult)

US EPA 2009b
NJDEP 2007

UK Environment Agency 2004
Rostkowski et al. 2006

BfR 2006

PFOS and PFOA: 0.3 and 1.5 µg/kg BW/day respectively (adult)

COT 2006a, 2009

PFOS and PFOA: 0.15 and 1.5 µg/kg BW/day respectively (adult)

EFSA 2008

PFOS and PFOA: 0.025 and 0.333 µg/kg BW/day respectively (child)
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So et al. 2006

4. Methyl tert-butyl ether (MTBE) – Environmental fate,
dynamics and impact
4.1 Introduction
Methyl tert-butyl ether (MTBE) does not occur naturally in the environment but is
synthesised specifically for commercial purposes. MTBE is used in small quantities as
a laboratory solvent and a pharmaceutical agent; however, its major use is as a fuel
additive (oxygenate) to raise the octane rating of fuel and to reduce carbon monoxide
exhaust emissions (anti-knocking agent). Worldwide production of MTBE has been
constant at about 18 million tonnes/yr (2005) owing to growth in Asian markets which
are less subject to ethanol subsidies (Winterberg et al. 2010). However, in the US,
MTBE reformulated fuel has be banned or its usage limited (state dependent) due to
concerns for groundwater contamination and water quality.
In Australia, the addition of MTBE to all grades of petrol was prohibited by the
Commonwealth due to the potential of MTBE to contaminate surface and groundwater
supplies (Fuel Quality Standards Act 2000; Fuel Quality Standards Regulation 2001).
However, MTBE may enter the Australian environment as a result of contamination of
imported fuel by residual amounts of MTBE reformulated fuel remaining in storage
facilities and/or distribution systems. Consequently the National Fuel Quality Standards
set a maximum MTBE fuel content of 1% (by volume) although a more stringent
standard of 0.1% (by volume) has been set by Western Australia due to water resource
issues.

4.2 Physico-chemical properties
Figure 3 shows the chemical structure of MTBE (C5H12O). MTBE is moderately soluble
(48 g/L at 25 °C) and with a vapour pressure and Henry’s law constant of 245 mm Hg
and 5.87 x 10-4 atm m3 mol-1 respectively, is relatively volatile. The low octanol-water
partitioning coefficient (Kow = 1.24) indicates that MTBE will not accumulate in human
or animal fatty tissue while the organic carbon partition coefficient (Koc = 1.05) indicates
that the fuel oxygenate will sorb poorly to soil and therefore has the potential to be
transported to subsurface environments. MTBE has a characteristic terpene-like odour
which can be detected at low concentrations (20–40 µg/L) (US EPA 1997a).

CH3
CH3

C

O

CH3

CH3
Figure 3. Chemical structure of MTBE.
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4.3 Fate and Behaviour
4.3.1 Source and levels of MTBE in the environment
MTBE may enter the environment as a result of leaking underground storage tanks
containing reformulated fuel or from the release from refining/blending facilities Borden
et al. 2002). In the US, contamination of groundwater by MTBE exists nationwide and
is strongly associated with population density (north-east region and California) and the
use of MTBE reformulated fuel (Hadzima 2006). MTBE concentrations over several
orders of magnitude (from low µg/L to mg/L concentrations) have been detected in
groundwater in the US (Fogg et al. 1998). In Australia, reports of MTBE in groundwater
environments are scarce; however, concentrations ranging from 6–7,380 µg/L have
been reported in Victoria, New South Wales and Western Australia (linkedin survey to
Australian Remediation Industry Cluster).

4.3.2 Solubility and dissolution
As detailed in Table 17, MTBE is characterised by its moderate aqueous solubility and
as such has the potential to be readily transported to surface waters and subsurface
environments as a result of runoff and leaching.

Table 17. Physico-chemical properties of MTBE.

Parameter
CAS number
Molecular formula
Colour
Odour
Boiling point (°C)
Melting point (°C)
Density at 20°C (g/ml)
Water solubility (g/L at 25 °C)
Log octanol-water partitioning coefficient
Log organic carbon partition coefficient
Vapour pressure (mm Hg at 25 °C)
3
Henry’s law constant (atm m /mol)

Value
1634-04-4
C5H12O
Colourless
Terpene-like
55.2
-109
0.74
48.0
1.24
1.05
245
-4
5.87 x 10

4.3.3 Volatilisation
Once released to the environment, MTBE may partition into the atmosphere given its
volatility (Table 17). However, it has been estimated that atmospheric MTBE may
undergo rapid transformation as a result of reactions with hydroxyl radicals. The half
life of MTBE has been estimated to range from 3–6 days depending on atmospheric
conditions (Smith et al. 1991; Wallington et al. 1988).

4.3.4 Adsorption
As a result of MTBE’s low organic carbon partition coefficient (Koc = 1.05), the fuel
oxygenate will sorb poorly to soil, sediment and aquifer matrices and therefore has the
potential for migration.
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4.3.5 Photolysis
Environmental photolyic processes do not play a role in MTBE degradation as the fuel
oxygenate does not absorb light in the range above 210 nm (US EPA 1994a).
However, advanced oxidation processes, utilising both UV light (150 W TQ 150
mercury lamp) and hydrogen peroxide may be utilised to degrade MTBE via tert-butyl
formate under first order rate reactions (Alnaizy & Ibrahim 2009; Šabata et al. 2008).

4.3.6 Hydrolysis
MTBE may undergo hydrolysis under acidic conditions (Kogelbauer et al. 1995;
O'Reilly et al. 2001). O’Reilly et al. (2001) demonstrated that MTBE was sensitive to
acid catalysed hydrolysis reactions (> pH 1) that resulted in the production of tert-butyl
alcohol (TBA) and methanol. Although hydrolysis in the presence of strong acids is
recognised as a mechanism for MTBE transformation, it has been discounted as a
significant reaction under environmental conditions (O'Reilly et al. 2001). However, in
water samples it has been shown that the acid used for preservation may facilitate the
hydrolysis of MTBE to TBA during headspace analysis (at 80 °C) (McLoughlin et al.
2004). In HCl acidified samples, McLoughlin et al. (2004) determined that the extent of
MTBE hydrolysis ranged from 19 to 87%. However, in order to avoid hydrolysis during
analysis, it was suggested to preserve water samples with trisodium phosphate
dodecahydrate instead of HCl.
Acidic zeolites have been shown to have the potential to remove MTBE from water and
catalyse it hydrolysis (Centi et al. 2002; Nikpay et al. 2008). Centi et al. (2002) showed
that acid H-MFI and H-BEA zeolites were effective in both adsorption and hydrolysis of
MTBE whereas other zeolites (mordenite and faujasite) were ineffective. It has also
been suggested that increasing the zeolite’s Si/Al ratio promotes hydrolysis reaction
(Nikpay et al. 2004). As a result, there is potential for zeolites to be applied for both in
situ underground water remediation and as protection barrier for wells or leaking tanks
(Centi et al. 2002).

4.3.7 Reduction
Abiotic reduction of MTBE is not a significant transformation pathway. Limited studies
have demonstrated that MTBE may be transformed abiotically to tert-butyl alcohol
(TBA) under methanogenic conditions (Bradley et al. 2006). Bradley et al. (2006)
observed the abiotic formation of TBA in the presence of H2 and suggested that in situ
H2 concentrations may be a useful indicator of MTBE transformation pathways in
ground water systems.

4.3.8 Bioaccumulation
Based on its physico-chemical properties, MTBE is unlikely to bioaccumulate in human
or ecological receptors.
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4.3.9 Biotransformation
A variety of studies utilising prokaryotes and mammals have demonstrated the in vivo
transformation of MTBE although a dearth of information is available regarding MTBE
biotransformation in an Australian context. Table 18 details bacterial species capable of
degrading/transforming MTBE when supplied as a sole carbon and energy source or in
the presence of a co-substrate while Figure 4 details a constructed pathway for MTBE
degradation. MTBE is initially oxidised to tert-butyl alcohol (TBA) via an ether bond
cleavage as a result of unspecific monooxygenases. An alternative initial step of MTBE
degradation observed for Mycobacterium vaccae JOB5 is via the formation of tert-butyl
formate (TBF) which is then hydrolysed to TBA and formate. TBA may be degraded to
2-hydroxyisobutyrate via 2-methyl-2-hydroxy-1-propanol and 1-methyl-2hydroxypropanol as demonstrated by M. austroafriconum IFP2012 (Ferreira et al.
2006). The exact mechanism of 2-hydroxyisobutyrate degradation is unclear; however,
it has been proposed that this transformation product may be degraded to either
methacryrate, 2-propanol and/or 2,3-dihydroxy-2-methylpropionate (Steffan et al.
1997). These metabolites may be further transformed to isobutyrate or lactate.
In higher organisms, MTBE is rapidly metabolised as a result of cytochrome P450
monooxygenases. In humans, CYP2A6 has been shown to be most active during
MTBE metabolism (Shamsipur et al. 2012; McGregor 2007). Initial oxidation results in
the formation of TBA (Figure 5) which is further transformed to 2-methyl-1,2propanediol then 2-hydroxyisobutyrate which are major urinary metabolites (Amberg et
al. 1999, 2001; Benson et al. 2001; Benson et al. 2003; Bernauer et al. 1998; Dekant et
al. 2001; Nihlén et al. 1999). TBA may also form conjugated products with glucuronide.
In mammals, elimination half lives of MTBE urinary metabolites is rapid ranging from 8–
17 hours depending on exposure concentration (Amberg et al. 1999, 2001). Following
inhalation exposure, MTBE may be cleared rapidly (10–20 minutes) unchanged or as tbutanol following exhalation (Amberg et al. 2001).
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Table 18. Biodegradation of MTBE.

Organisms
Acinetobacter woffii and MC-3 (Bacillus sp)
Bacillus cereus and Klebsiella terrigena
Rhodococcus wratislaviensis IFP 2016 and
Rhodococcus aetherivorans IFP 2017
Achromobacter xylosoxidans MCM1/1,
Enterobacter cloacae MCM2/1 and
Ochrobactrum anthropi MCM5/1
Methylibium petroleiphilum PM1
Enterobacter sp. NKNU02
Methylibium petroleiphilum PM1
Achromobacter xylosoxidans MCM1/1
Gordonia
Mycobacterium austroafricanum IFP 2012
Mycobacterium austroafricanum IFP 2012

Pseudomonas aeruginosa
Rhodococcus sp. BU3

Hydrogenophaga flava ENV735
Mycobacterium austroafricanum JOB5
Methylibium petroleiphilum PM1
NERC0401 (Klebsiella oxytoca)
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Degradation details

Reference

62–73% MTBE was biodegraded in 144–192 hours at an initial concentration of 100 ppm
as the sole carbon source
Able to completely degrade 10 g/L MTBE in less than a day
The presence of benzene, toluene, ethylbenzene, and xylenes (BTEXs) had a detrimental
effect on ETBE and MTBE biodegradation
High levels of MTBE biodegradation were obtained using resting cells

Acuna-Askar et al. 2000

50 mg/L MTBE could be degraded under aerobic condition, while only 5% was degraded
under anaerobic condition by resting cells
Resting cell experiments – tert-butyl alcohol, acetic acid, 2-propanol, and propenoic acid
were detected during degradation
Immobilised cells could be used wider with respect to pH value, temperature and initial
MTBE concentration than freely-suspended cells
78% of MTBE was degraded in 5 days
Methanol for induction or co-oxidation is necessary for MTBE oxidation by Gordonia
Co ++ ions were required for the degradation of 2-hydroxyisobutyric acid (HIBA) formed by
oxidation of TBA
The strain was able to degrade an intermediate of MTBE biodegradation, 2-methyl 1,2propanediol, to hydroxyisobutyric acid

Chen et al. 2007

P. aeruginosa could metabolise methyl t-butyl ether (MTBE) in the presence of pentane as
the sole carbon and energy source
Rhodococcus sp. degraded MTBE at maximum rates of 5.4 mg MTBE/(g biomass·h) when
grown on propane and 2.3 mg MTBE/(g biomass·h) when grown on 1-propanol,
respectively
ENV735 grew slowly on MTBE or tert-butyl alcohol (TBA) as sole sources of carbon and
energy
Oxidation of both MTBE and TBA by resting cells was consistently inhibited by acetylene
MTBE oxidation was elucidated by linking the low-level stable isotope fractionation to
expression of the ethB gene encoding a cytochrome P450 monooxygenase
At MTBE initial mass concentration 39.0551 mg/L, the half-life of the degradation was 3.41d
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Arabi et al. 2007
Auffret et al. 2009
Barberà et al. 2011

Chen et al. 2011
Cheng et al. 2007; Cheng et al. 2011
Eixarch & Constantí 2010
Emtiazi et al. 2011
Fayolle et al. 2003
Ferreira et al. 2006; François et al.
2002; Maciel et al. 2008; Zeller-Grit
et al. 2005
Garnier et al. 1999; Revah & Magana
1999
Haase et al. 2006

Hatzinger et al. 2001
House & Hyman 2010; Johnson et al.
2004
Jechalke et al. 2011
Ji et al. 2007

Methylibium petroleiphilum PM1
Staphylococcus saprophyticus subsp.
saprophyticus and Pseudomonas sp.
Rhodococcus sp. EH831
Ochrobactrum cytisi
Klebsiella oxytoca
Fusarium solani
Rhodococcus ruber IFP 2001, Rhodococcus
zopfii IFP 2005 and Gordonia sp. IFP 2009
Methylobacterium Rhodococcus and
Arthrobacter
Methylibium sp. PM1 and Aquincola
tertiaricarbonaris L108)
Pseudomonas aeruginosa
Pseudomonas mendocina KR-1
Pseudonocardia sp. strain ENV478
Rhodococcus pyridinivorans 4A and
Achromobacter xylosoxidans 6A
Comamonas testosterone
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Methylotroph distinguished by its ability to completely metabolise the fuel oxygenate methyl
tert-butyl ether
After 3 weeks of incubation at 25 °C, the removal rates 25 and 125 mg/L MTBE by
Staphylococcus saprophyticus 6sy were found to be 97 and 63%, respectively, while
Pseudomonas sp. degraded 96 and 40% respectively
The specific degradation rate was 139 μmol g-dry cell weight/(DCW)/h
O. cytisi was able to degrade MTBE through direct metabolism when MTBE was present as
the only carbon source
Degradation could be enhanced in the presence of ethanol
The maximum degradation rate of MTBE was 16 mg protein h and 46 mg/g protein h for
TBA
Strains IFP 2001, IFP 2005 and IFP 2009 grew on MTBE due in part to the activity of a
cytochrome P450, CYP249
Degraded 60 mg/L MTBE in 1-2 weeks at 23–25°C

Kane et al. 2007; Pruden & Suidan
2004; Zhang et al. 2008a
Lalevic et al. 2011

The low fractionating model strain L108 is more competitive in degrading MTBE compared
with strain PM1
MTBE was degraded even when hexane was completely exhausted with a cometabolic
coefficient of 1.06 ± 0.16 mg MTBE mg hexane(-1)
Cells grown under carbon-limited conditions on n-alkanes in the presence of MTBE (42
μmol) oxidised up to 94% of the added MTBE to TBA.
After growth on THF, strain ENV478 degraded and methyl tert-butyl ether (MTBE) (9.1
mg/h/g TSS)
After 3 weeks of aerobic cultivation using n-alkanes as cosubstrate, the concentration of
MTBE in R. pyridinivorans 4A was reduced to 62.4% of its initial amount (50 mg/L)
At an initial MTBE concentration of 50 mg/L, MTBE was be reduced by 98.89% with seven
days

Rosell et al. 2010
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Lee & Cho 2009
Lin et al. 2007
Liu et al. 2010
Magaña-Reyes et al. 2005
Malandain et al. 2010
Mo et al. 1997

Salazar et al. 2012
Smith et al. 2003
Vainberg et al. 2006
Vošahlíková-Kolářová et al. 2008
Zhang et al. 2009
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Figure 4. Pathway for the bacterial degradation of MTBE.
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OH

4.4 Exposure to MTBE – human health effects
The potential health effects of MTBE exposure hav e been reviewed by numerous
agencies (ATSDR 1996; HEI 1996; NIEHS 2002; NRC 1996; NSTC 1996; OSTP
1997b; US EPA 1994b, 1997; CDHS 2000; CEPA 1999; Froines et al. 1998; NJDEP
1996; IARC 1999; WHO 1998). While short-term effects including nausea and
headaches have been reported, the long-term effects of inhalation or oral ingestion are
unclear (NIEHS 2002). Although MTBE has been shown to cause cancer in mice and
rats exposed to elevated concentrations (up to 1190 mg/kg BW/day) (HEI 1996; NIEHS
2002; US EPA 1997b; CDHS 2001), carcinogenicity has not been demonstrated in
humans. As a result, different conclusions have been drawn from these data as
detailed below.
•

National Toxicology Program – MTBE not classified as a carcinogen (NTP 2002)

•

International Agency for Research on Cancer – MTBE is listed as a group 3
carcinogen (not classifiable as its carcinogenicity to humans) (IARC 1999)

•

United States Environmental Protection Agency – ‘MTBE poses a potential for
human carcinogenicity at high doses based on animal data but these animal data
do not support confident, quantitative estimation of risk at low dose’ (US EPA
1997b), and

•

National Science and Technology Council; Office of Science and Technology
Policy; United States Environmental Protection Agency, California Environmental
Protection Agency – MTBE should be regarded as posing a potential carcinogenic
risk to humans based on animal cancer data (NSTC 1996; OSTP 1997; US EPA
1997b; CEPA 1999).

4.5 Exposure to MTBE – ecological effects
Table 19 details outcomes of MTBE toxicity assays using a variety of ecological
receptors. Pimephales promelas has been the principal organism for the assessment of
MTBE toxicity for freshwater fish. A number of researchers have determined that the
LC50 values for this species ranges from 672–1054 mg/L (Geiger et al. 1988; Veith et
al. 1983; BenKinney et al. 1994, Hockett 1997a, 1997b; API 1999a) with a no
observable effect concentration (NOEC) of 235 mg/L. Similar LC50 values (574–1358
mg/L) have been reported for marine fish species including Menidia beryllina,
Gasterosteus aculeatus and Cyprinodon variegates (BenKinney et al. 1994; API 1999l;
1999k).
The acute LC/EC50 values for freshwater invertebrates (Daphnia magna, Ceriodaphnia
dubia, Brachionus calyciflorus, Physa gyrina, Hexagenia limbata) ranges from 340–960
mg/L with lower values (136–306 mg/L) reported for marine invertebrates (Mysidopsis
bahia, Neomysis mercedis, Callinectes sapidus, Palaemonetes pugia, Crassostrea
virginica, Rhepoxynius abronius). Similarly, the NOEC for marine invertebrates (26
mg/L) has been reported to be lower than freshwater invertebrates (51 mg/L) (API
1999h, 1999n). Some variability has been reported for the toxicological impact of
MTBE on algae.
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Table 19. Toxicity of MTBE to ecological receptors.

Organism
Freshwater fish
Pimephales promelas

Marine fish
Menidia beryllina
Gasterosteus
aculeatus
Cyprinodon
variegatus
Freshwater
invertebrates
Daphnia magna

Exposure period

Toxicity (mg/L)

96 hr

LC50: 672–1054

7 days
31 days

NOEC: 235
IC20: 279
IC25: 208

96 hr
96 hr

LC50: 574
LC50: 929
EC50: 297
LC50: 1358
EC50: 663

96 hr

48 hr

48 hr
5 days
24 hr

EC50: 472–681
LC50: 542
NOEC: 51
LOEC: 100
LC50: 340
NOEC: 202–580
EC50: 960

96 hr
96 hr

EC50: 559
EC50: 581

96 hr

EC50: 136–187
LC50: 200
NOEC: 26
LOEC: 50
IC25: 32
LC50: 236
EC50: 306
LC50: 306
EC50: 166
LC50: 166
EC50: 150
EC50: 294

21 days
Ceriodaphnia dubia
Brachionus
calyciflorus
Physa gyrina
Hexagenia limbata
Marine invertebrates
Mysidopsis bahia

28 days

Neomysis mercedis
Callinectes sapidus

96 hr
96 hr

Palaemonetes pugia

96 hr

Crassostrea virginica
Rhepoxynius abronius
Algae
Selenastrum
capricornutum

96 hr
96 hr

Scenedesmus
subspicatus
Amphibians
Rana temporaria

96 hr

Reference
Geiger et al. 1988;
BenKinney et al. 1994,
Hockett 1997a, 1997b;
API 1999
Hockett 1997f
API 1999g

BenKinney et al. 1994
API 1999l
API 1999K

Huels 1991b; BenKinney
et al. 1994; API 1999o
API 1999h
Hockett 1997c
Hockett 1997e
Werner et al. 1998
API 1999f
API 1999e
Benkinney et al. 1994;
API 1999n
API 1999n

Werner et al. 1998
API 1999i
API 1999j
API 1999m
API 1999d
API,1999p

72 hr

IC50: 491
IC25: 134
IC20: 103
NOEC: 470

-

LC50: 2500

Paulov 1987
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For example, API (1999p) reported an IC50 value of 491 mg/L for Selenastrum
capricornutum whereas Huels (1991a) reported a NOEC value of 470 mg/L for
Scenedesmus subspicatus. In contrast, limited information is available regarding the
impact of MTBE on amphibians. In a study by Paulov (1987) using Rana temporaria,
an LC50 value of 2500 mg/L was reported for tadpoles. However, when exposure was
conducted at lower MTBE concentrations (100 mg/L), a marked increase in the number
of tadpoles and frogs was observed compared with the control.
Recently, the US EPA (2006) determined that MTBE would have to occur in fresh and
saltwater environments over the short term (acute toxicity) at or above concentrations
of 151 and 53 mg/L respectively, to be harmful. Over the long term (chronic toxicity),
MTBE would have to occur at or above 51 and 18 mg/L to be harmful to fresh and
saltwater organisms respectively. Following the examination of MTBE in surface water,
the US EPA concluded that the ambient concentrations of MTBE are 10,000 times
lower than the calculated harmful levels.

4.6 Potential remediation technologies
Table 3.4 lists potential in situ and ex situ remediation technologies for MTBE
contaminated matrices while Table 3.5 compares the relative cost and duration of each
technology. Technologies that may be appropriate for MTBE remediation include:
•

Pump and treat – Contaminated water is extracted from aquifers and treated at the
surface using physical, chemical or biological technologies.

•

Air sparging – In situ treatment technology that involves the injection of air directly
into the subsurface to exchange volatile contaminants. The stripped MTBE is then
biodegraded in the vadose zone or removed via soil vapour extraction.

•

In situ biodegradation – Microbial degradation of MTBE via enhanced natural
attenuation, bioaugmentation, etc.

•

In situ chemical oxidation – Injection of oxidants and amendments into the
subsurface and groundwater plumes. The oxidants react with MTBE resulting in
mineralisation to CO2 and H2O.

•

Phytoremediation – The use of plants to remediate or stabilise contaminants in
soil, groundwater and sediments.

•

Monitored natural attenuation – Dependent on naturally occurring subsurface
processes to achieve site specific goals that are monitored.

While a number of technologies may be applied for the remediation of MTBE, as
detailed in Table 20, technology selection is highly dependent on site specific
conditions, remediation timeframes and budget (Table 21).
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Table 20. Technologies for the remediation of MTBE-contaminated environments.

Technology
Pump and treat

Air sparging

In situ
biodegradation

Description

Applicability

Contaminated water
extracted from aquifers and
treated at the surface using
physical, chemical or
biological technologies:
 Liquid phase absorption
processes e.g. GAC,
resins
 Air stripping
 Advanced oxidation
processes e.g. UV/H2O2,
O3/H2O2
 Ex situ biodegradation
In situ treatment technology
that involves the injection of
air directly into the
subsurface to exchange
volatile contaminants. The
stripped MTBE is then
biodegraded in the vadose
zone or removed via soil
vapour extraction

Pump and treat efficacy is
dependent on
hydrogeological properties
– the more complex, the
likelihood that clean up
goals are achieved
decreases, e.g. high
permeability versus
fractured rock

Microbial degradation of
MTBE via enhanced natural
attenuation,
bioaugmentation, etc.

Performance is highly site
specific and dependent on
amendments added
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Aquifers at < 15 m below
ground surface and
sandy/silt soils are
candidates for air sparging

Advantages















Disadvantages

Widely available and well
understood
Hydraulic control over in
situ treatment
Increased process control
and confidence in
treatment effectiveness



Widely recognised
treatment technology
Simple installation, short
clean up times
If soil vapour extraction
not required, minimal
operational oversight is
required.
No waste stream
generated



Potential to degrade
MTBE to less toxic byproducts
Potentially low cost
Potential to remediate
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References

The performance of the
system is uncertain until
the system is tested by
beginning the clean up
process
Purge and trap systems
can restore aquifers only
where the source area or
NAPL are contained or
removed and where
suitable geological
conditions prevail

Dernbach & Collins 2003;
Fischer & Ellis 2001

Limitations in predicting
the performance of air
sparging
Not expected to be
effective in most clayey
settings
Potential for migration of
VOC impacted vapour
Injection of air into the
subsurface can produce
zones of reduced
hydraulic conductivity –
potential to divert the
plume away from the
zone of air sparging
MTBE relative resistant
to biodegradation
Dependent on site
variables, e.g. MTBE
concentration, oxygen

Aivalioti & Gidarakos
2008; Bruce & Johnson
2001; Fields et al. 1999;
Johnson 1998; Mortensen
et al. 2000; Williamson et
al. 2002; Wilson & Wilson
2003

Barker 1998; Bradley et
al. 2001; Busch-Harris et
al. 2008; Mackay et al.
2007; Mackay et al. 2000;
Mackay & Scow 2002;



In situ chemical
oxidation

Phytoremediation

Injection of oxidants and
amendments into the
subsurface and
groundwater plumes. The
oxidants react with MTBE
resulting in mineralisation to
CO2 and H2O. Oxidants
include:
 Fentons reagent
 Activated persulfate
 Ozone
 Sodium persulfate
 Peroxide
 Potassium
permanganate
The use of plants to
remediate or stabilise
contaminants in soil,
groundwater and
sediments. May include:
 Rhizo-remediation
 Phyto-volatilisation
 Phyto-degradation
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Dependent on
hydrogeology,
geochemistry and
contaminant
concentrations




certain sites faster than
conventional technologies
Eliminates the need for
groundwater extraction,
above ground treatment
and waste water
discharge
Reduced site disturbance
Potential to mineralise
MTBE to CO2 and H2O





Dependent on site
conditions and plant
parameters:
 MTBE needs to be
accessible by the
root zone
 Area need to be
available for
growing vegetation
 MTBE
concentration
should not be toxic








Low cost/maintenance
May be used to
supplement other
remediation technologies
Vegetation may be used
as a final cap for closing
or restoring the site
Favourable public
perception
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availability, pH,
concentration of organic
and inorganic electron
donors, concentration of
electron acceptors,
availability of nutrients

McKelvie et al. 2007;
Schmidt et al. 2004;
Wilson et al. 2002

Not applicable at sites
with significant residual
or mobile NAPL, high
concentrations of nontarget contaminants, in
low permeable matrices
or where sensitive
utilities are located within
the treatment area
Oxidant performance is
dependent on site
conditions

Chen et al. 2009; Damm
et al. 2002; Easterday &
Varner 2002; Leethem
2002; Liang et al. 2011

Long treatment times
Dependent on climate
and growth season
Potentially difficult to
establish/susceptible to
disease
Shallow root penetration
Potential phytotoxicity
Potential transfer to
secondary media

Arnold et al. 2007;
Brendley et al. 2002;
Corseuil & Moreno 2001;
Greene et al. 2003; Hong
et al. 2001; Ma et al. 2004

Monitored natural
attenuation (MNA)

Dependent on naturally
occurring subsurface
processes to achieve site
specific goals that is
monitored

to the plant
MNA is only appropriate in
conjunction with source
control and remediation of
high concentrations








Reduced site disturbance
and waste generation
Biodegradation
component may include
mineralisation
Can be used in
conjunction/after active
remediation
Potentially lower costs









Requires a higher level
of site characterisation
Potentially longer
timeframes, therefore
increased monitoring
costs
Incomplete
biodegradation may
result in accumulation of
transformation products
May not mitigate
migration
May be difficult to gain
public acceptance

Reisinger & Reid 2001;
Seagren & Becker 2002;
Sims & Swank 2002a;
Sims & Swank 2002b;
Wilson et al. 2004

Table 21. Relative costs and duration of remediation technologies for MTBE in groundwater (ITRC 2005.)

Technology
Pump and treat
Air sparging
In situ
bioremediation
In situ chemical
oxidation
Phytoremediation
Monitored natural
attenuation

Characterisation

Capital cost
$$–$$$
$–$$
$

Operation and
maintenance
$$–$$$
$–$$
$

Monitoring and
reporting
$$
$
$$–$$$

$$
$–$$
$$$

Months–years
Months–years
Months–years

Ability to control
process
High
Moderate
Low–moderate

$$–$$$

$$–$$$

$

$$

Days–months

Low–moderate

$$
$$$

$$
$

$–$$
$

$$–$$$
$$$

Years
Years–decades

Low
Low
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Timeframe

4.7 Regulatory guidance
As detailed by the World Health Organization (WHO 2005), no human health related
guideline value has been developed for MTBE in drinking water, as the concentration
would be significantly higher than the lowest concentration at which the odour of MTBE
is detectable in drinking water (15 µg/L). In the US, the EPA’s public water supply
program made a non-health based recommendation to limit MTBE in drinking water to
20-40 µg/L based on preventing taste/odour complaints. Similar drinking water quality
guideline values have been adopted in Canada and Europe; however, some
jurisdictions in the US (e.g. California) have adopted more stringent standards based
on health concerns (13 µg/L) or aesthetics (5 µg/L).
In addition, MTBE water quality guidelines for other water uses are available in Canada
and some of its provinces. The Canadian Council of Ministers of the Environment
(2003) have MTBE guideline values for the protection of freshwater (10 mg/L) and
marine (5 mg/L interim guideline) life while the British Columbia Ministry of
Environment (2001) has more stringent guidelines of 3.4 and 0.44 mg/L respectively. In
addition, the British Columbia Ministry of Environment (2001) has a livestock watering
guideline value of 11.0 mg/L.

4.8 Identification and prioritisation of data gaps
Over the past three decades, a considerable amount of information has been
generated regarding the fate and transport of MTBE in the environment, its toxicity to
human and ecological receptors and technologies for the remediation of contaminated
matrices. Due to potential environmental health and water quality issues associated
with the (accidental) release of MTBE to the environment, the fuel oxygenate is being,
or has been phased out/replaced by other anti-knocking agents (e.g. ethanol) in many
jurisdictions. As a result, MTBE research has reached maturity. The extent and quality
of existing data does warrant further research.

4.9 Conclusions
MTBE may enter the Australian environment as a result of contamination of imported
fuel by residual amounts of MTBE reformulated fuel remaining in storage facilities
and/or distribution systems. Reports of MTBE in Australian groundwater environments
are scarce; however, concentrations ranging from 6–7,380 µg/L have been reported in
Victoria, New South Wales and Western Australia. Although no human health related
guideline value has been developed for MTBE in drinking water, the concentration
would be significantly higher than the lowest concentration at which the odour of MTBE
is detectable in drinking water (15 µg/L). As a result, a number of international
jurisdictions have recommended a non-health based limit of MTBE in drinking water of
20–40 µg/L based on preventing taste/odour complaints; however, the Californian EPA
has adopted more stringent standards based on health concerns (13 µg/L) or
aesthetics (5 µg/L). The aforementioned values would also be protective of ecological
receptors as MTBE would have to occur in fresh and saltwater environments at or
above concentrations of 151 and 53 mg/L (acute toxicity) or 51 and 18 mg/L (chronic
toxicity) respectively, to be harmful. Although human health and ecological values are
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yet to be prescribed for MTBE in Australia, guidance from international jurisdictions
could assist in establishing values for risk assessment and remediation purposes.
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5. Benzo[a]pyrene (BaP) – Environmental fate,
dynamics and impact
5.1 Introduction
Polycyclic aromatic hydrocarbons (PAHs) refer to hydrocarbons containing two or more
fused benzene rings in linear, angular or clustered arrangements including those that
connect benzene structures with five member rings (e.g. fluorene and phenanthrene).
PAHs are ubiquitous environmental pollutants primarily produced from the incomplete
combustion of organic material. As a consequence of anthropogenic activities and
natural events (e.g. bushfires, volcanoes), PAHs have been detected in a wide variety
of environmental samples including air, water, soil, sediment, biota and foodstuff. In
most cases, PAHs are present as mixtures in the aforementioned matrices. Due to their
toxicological concern, the US EPA classified 16 PAHs as priority pollutants with eight of
the compounds listed as probable human carcinogens (see Table 22).

Table 22. List of US EPA priority PAHs.

PAH
Naphthalene
Acenaphthylene
Acenaphthene
Fluorene
Phenanthrene
Anthracene
Fluoranthene
Pyrene
Benz[a]anthracene*
Chrysene*
Benzo[b]fluoranthene*
Benzo[k]fluoranthene*
Benzo[a]pyrene*
Dibenz[a,h]anthracene*
Benzo[g,h,i]perylene*
Indeno[1,2,3-c,d]pyrene*

CAS
91-20-3
208-96-8
83-32-9
86-73-7
85-0-8
120-12-7
206-44-0
129-00-0
56-55-3
218-01-9
205-99-2
207-08-9
50-32-8
215-58-7
191-24-2
193-39-5

* Listed by the US EPA as probable human carcinogens

Benzo[a]pyrene (BaP) is a five-ring polycyclic aromatic hydrocarbon (PAH). BaP has
been classified by the US Environmental Protection Agency (US EPA) as a priority
pollutant: a compound selected on the basis of its known or suspected carcinogenicity,
teratogenicity or high acute toxicity. Multiple animal studies in many species have
demonstrated the carcinogenicity of BaP following administration by numerous routes.
In addition, BaP has been shown to cause genotoxic effects in a broad range of
prokaryotic and mammalian cell assays, and as such, its occurrence in the
environment is of great concern. The level of BaP in the environment forms the basis
for the development of environmental assessment and cleanup regulations throughout
the world. This review provides an outline of the physico-chemical properties of BaP, its
environmental fate, ecological and human health issues associated with exposure,
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remediation technologies for the treatment of impacted matrices and
national/international guidelines associated with BaP in the environment.

5.2 Physico-chemical properties
Figure 6 shows the chemical structure of BaP (C20H12). BaP is sparingly soluble in
water (3.8 µg/L at 25 °C) and with a vapour pressure and Henry’s law constant of 5.6 x
10-9 mm Hg and 4.9 x 10-7 atm m3/mol respectively, is non-volatile (Table 23). The high
octanol-water partitioning coefficient (Kow = 6.04-6.35) indicates that BaP will sorb
strongly to soil constituents including clays and organic material.

Figure 6. Chemical structure of benzo[a]pyrene.

Table 23. Physico-chemical properties of benzo[a]pyrene.

Parameter
CAS number
Synonyms

Molecular formula
Colour
Boiling point (°C)
Melting point (°C)
Water solubility (µg/L at 25 °C)
Log octanol-water partitioning coefficient
Vapour pressure (mm Hg at 25 °C)
3
Henry’s law constant (atm m /mol)
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Value
50-32-8
BaP, benzo[def]chrysene,
benz[a]pyrene,
3,4-benz[a]pyrene,
3,4-benzopyrene,
6,7-benzopyrene,
3,4-benzpyrene,
4,5-benzpyrene
C20H12
Yellowish needles
310-312
179
3.8
6.04–6.35
-9
5.6 x 10
-7
4.9 x 10
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5.3 Fate and Behaviour
5.3.1 Source and levels of BaP in the environment
The major source of PAHs, including BaP, to the environment is from the combustion
of organic material (Cerniglia & Yang 1984; Guerin & Jones 1988a). BaP is formed
naturally during thermal geologic production and during burning of vegetation in forest
and bush fires (Blumer 1976; Bjorseth et al. 1979a). BaP occurs in crude oil, shale oil,
and coal tars and is emitted from active volcanoes. BaP and its alkyl homologues may
also be derived from biogenic precursors during early diagenesis (Wakeham et al.
1980b; Laflamme & Hites 1978, 1979). However, anthropogenic sources, particularly
from fuel refining and combustion, fossil fuel power plants (coal, oil), coal-tar production
plants, coking plants, bitumen and asphalt production plants, paper mills, wood
products manufacturers, aluminium production plants, pyrolytic processes, spillage of
petroleum products, waste incinerators and domestic heaters (Freeman & Cattell 1990;
Wakeham et al. 1980a), are significant sources of BaP in the environment. In industrial
countries, anthropogenic combustion activities are a principal source of BaP in soils
where they arise from atmospheric deposition. The main route for BaP transport is
through the atmosphere as particulates. Results from ambient air monitoring programs
have shown that BaP concentrations are usually in the order of a few nanograms per
cubic metre of air (Table 24) (Ramadahl et al. 1982). However, BaP concentrations
may vary from season to season depending on emissions arising from the combustion
of home heating products.

Table 24. Concentration of benzo[a]pyrene in environmental matrices.

Environmental Matrix
Air
Soil
Sediment

BaP Concentration
0.0001–4.32 ng/m
0.038–2.02 ng/m
14–536 mg/kg
2.9–90.3 mg/kg
< 0.1–1,100 mg/kg
<0.01–6,800 µg/kg

Locations
Europe, Russia, UK, USA
Australia
Superfund sites, USA
Australia (see Table 25)
Canada, Europe, USA
Australia

As BaP is characterised by its low water solubility and high octanol-water partitioning
coefficient, its concentration in water is extremely low. However, due to its hydrophobic
nature, BaP accumulates in fine grain sediments, partitioning to organic carbon-coated
particles (Meador et al. 1995). As such, sediments may be considered a reservoir for
BaP accumulation. BaP concentrations in sediments may accumulate due to a number
of sources including atmospheric deposition, marine seeps of petroleum hydrocarbons,
off shore production or petroleum transportation, sewage disposal or boating (Baumard
et al. 1998; Yunker et al. 1993; Shiaris & Jambard-Sweet 1986). Similarly, BaP
accumulates in surface soils. A qualitative BaP pattern for most locations has
appeared, with an increase in BaP abundance near urban centres. Anthropogenic
combustion of fossil fuels and long range atmospheric transport of BaP has contributed
to the dispersal of BaP throughout the environment (Bjorseth et al. 1979a; Greenberg
et al. 1985).
As illustrated in Tables 24 and 25, the concentration of BaP in environmental matrices
is variable depending on the source of contamination, proximity of the sampling
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location to the source, physico-chemical properties of soil/sediment and seasonal
variability (i.e. air concentrations and combustion heating during winter).

Table 25. Concentration of PAHs in 25 contaminated soils collected from Victoria, New South
Wales and South Australia.

Compounds
Naphthalene
Acenaphthylene
Acenaphthene
Fluorene
Phenanthrene
Anthracene
Fluoranthene
Pyrene
Benz(a)anthracene
Chrysene
Benzo(b)&(k)fluoranthene
Benzo(a)pyrene
Indeno(1,2,3-cd)pyrene
Dibenzo(a,h)anthracene
Benzo(g,h,i)perylene
Sum PAHs

Minimum
0.6
0.3
1.1
0.9
3.0
0.9
5.6
5.3
3.0
3.0
4.8
2.9
0.6
0.5
1.4
37.4

PAHs (mg/kg)
Maximum
Mean
84.3
21.3
46.6
8.8
11.0
6.1
36.3
8.8
166.7
36.4
99.7
16.4
732.5
76.8
956.0
85.4
118.5
30.2
352.5
42.4
310.4
55.6
90.3
27.8
47.5
10.9
33.1
10.5
44.0
15.8
2745.0
425.1

Median
13.3
4.8
5.6
4.3
13.4
7.9
24.5
25.2
13.8
13.7
26.2
17.6
7.4
6.5
11.9
153.2

5.3.2 Solubility and dissolution
As detailed in Table 23, BaP is characterised by its low aqueous solubility and as such
has little potential to be transported to surface waters and subsurface environments as
a result of runoff and leaching.

5.3.3 Volatilisation
BaP is characterised by its low vapour pressure (5.6 x 10-9 mm Hg) and as such will
exist in the atmosphere entirely in the particulate phase.

5.3.4 Adsorption
The extent of contaminant retention is directly correlated with the octanol-water (Kow)
partitioning coefficient and the percentage of organic material in the soil. As BaP is
characterised by a large Kow, (6.04–6.35), its tendency to sorb onto the organic soil
fraction and become unavailable is high. The adsorption or covalent attachment of BaP
to natural solids, such as clays and humic material, will affect its bioavailability,
transport, biological activity and degradation of the compound in the environment
(Pignatello & Xing 1996. A number of mechanisms such as those involving Van der
Waals forces, chemical binding, cation bridging, H-bonding, ion exchange, covalent
bonding or ligand exchange (Khan & Ivarson 1982; Koskinen & Harper 1990) may be
involved in the sorptive process; however, these mechanisms are not fully understood.
Environmental factors such as pH, temperature, type and quality of clay minerals,
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amount of organic matter in soil and the type and concentration of solutes in the
surrounding solution can also influence the sorption of BaP.

5.3.5 Photolysis
Atmospheric BaP may undergo photochemical degradation as a result of reactions
between BaP adsorbed on particle surfaces and oxidant gases (NO2, O3, and SO3) or
via irradiation under solar radiation or simulated sunlight which produces a variety of
oxidised derivatives including quinones, ketones and acids (ATSDR 1995).
Photocatalysis may also be utilised for the destruction of BaP; see section 5.7
(Potential Remediation Technologies) for further details.

5.3.6 Hydrolysis
Hydrolysis is not considered to be an important degradation process for PAHs (ATSDR
1995).

5.3.7 Bioaccumulation
BaP has the capacity to bioaccumulate in a variety of aquatic and terrestrial organisms;
however, uptake/bioaccumulation will be influenced by the presence of other PAHs (as
they usually exist as complex mixtures), the contaminated matrix (i.e. bioavailability
issues) and the capacity of the organisms to metabolise or transform BaP. Table 26
shows the bioaccumulation of BaP in aquatic organisms as a result of exposure to
water, sediment and food BaP sources. Bioconcentration factors (BCFs) for several
aquatic species range from 12 to >134,000. The ability of fish to metabolise PAHs may
explain why BaP frequently is not detected or found only at low concentrations in fish
from environments contaminated with PAHs (ATSDR 1995). Lower bioconcentration
factors (0.09 to 7.4) have been reported for benthic invertebrates (compared with
aquatic organisms) (Macoma inquinata, Abarenicola pacifica, Nereis diversicolor,
Scolecolipides virdis, Leitoscoloplos fragilis, Diporeia sp.) following exposure to BaPcontaminated sediment. As a result of these findings, the US EPA (1999)
recommended a sediment to benthic invertebrate bioconcentration value of 1.59 for
BaP.
BaP may also accumulate in vegetation that could indirectly cause human exposure
through food consumption (Wagrowski & Hites 1997). Atmospheric deposition of BaP
onto plants occurs and in some cases various plants have been found to take up these
compounds (Simonich & Hites 1994). PAHs may be transformed to ß-O-glucoside and
ß -O-glucuronide conjugates if the PAHs can penetrate the cell (Nakajima et al. 1996);
however, the fate of these transformation products and their parent compounds in
leaves have not been fully elucidated. A number of factors can influence the
accumulation of PAHs in plants such as the physical properties of the PAH, the plant
species and structure (Wagrowski & Hites 1997) as well as environmental conditions
including atmospheric PAH concentrations, temperature and wind conditions. The
uptake of PAHs from soil to plants and the subsequent biomagnification is generally
quite low (Sims & Overcash 1983). Ratios of PAH concentrations in vegetation to soil in

CRC CARE Technical Report no. 29
Environmental impact of priority contaminants: A literature review

76

which plants have been growing have been reported to range from 0.001 to 0.18 for
total PAHs and from 0.002 to 0.33 for BaP.
BaP tends not to bioaccumulate in higher organisms due to their capacity to transform
BaP as a result of cytochrome P450 monooxygenase activity.

Table 26. Bioaccumulation of benzo[a]pyrene in aquatic organisms (modified from ATSDR, 1995).

Organism
Midge
Mosquito
Alga
Cladoceran
Cladoceran
Snail
Clam
Oyster
Northern pike
Mosquito fish
Bluegill

Scientific Name

Exposure Period

Chironomus riparius
Culex pipiens
quinquefasciatus
Oedogonium
cardiacum
Daphnia pulex
Daphnia magna
Physa sp.
Rangia cuneata
Crassostrea virginica
Esox lucius
Gambusia affinis
Lepomis macrochirus

8 hr
3d

Bioconcentration
Factor
166
11,536

3d

5,258

3d
6 hr
3d
24 hr
14 d
23 day
3d
4 hr

134,248
2,837
82,231
9–236
242
55
930
12

5.3.8 Biotransformation
The biotransformation of BaP by prokaryotes and eukaryotes is complex; however,
some commonalties exist in terms of enzyme systems involved and transformation
products. A number of comprehensive reviews on the biotransformation of BaP by a
variety of organisms have been undertaken in recent years. This section summarises
pertinent information; further details can be gleaned from the respective reviews.
Transformation by bacteria – Bacteria, such as those detailed in Table 4.6, initially
oxidise PAHs to cis-dihydrodiols by enzymatic incorporation of molecular oxygen into
the compound. This initial ring oxidation is usually the rate limiting step in the
biodegradation of PAHs (Cerniglia 1992; Juhasz & Naidu 2000; Kanaly & Harayama
2000). Characteristically, bacteria produce dioxygenases, which incorporate two
oxygen atoms into the aromatic nucleus (Albaiges et al. 1983). cis-Dihydrodiols are rearomatised through a cis-dihydrodiol dehydrogenase to yield a dihydroxylated
derivative (Cerniglia 1984). Further oxidation of the cis-dihydrodiols leads to the
formation of catechols that are substrates for other dioxygenases that bring about
enzymatic cleavage of the aromatic ring. The bacterial degradation of BaP has been
shown to occur when growth supporting PAHs (phenanthrene, fluoranthene, pyrene) or
other substrates (peptone, yeast extract, glucose, succinate, salicylate) were supplied
additionally. It has been suggested that bacterial pre-exposure to other PAH
compounds may be an important process for the induction of enzyme synthesis for the
degradation of high molecular weight PAHs, such as BaP, that do not serve as growth
substrates (Chen & Aitken 1999). Although it has been demonstrated that bacteria
have the potential to degrade BaP, in most cases, degradation rates are extremely
slow and degradation is usually incomplete. (Cerniglia 1984, 1992; Juhasz & Naidu
2000; Kanaly & Harayama 2000, 2010; Seo et al. 2009).
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Transformation by fungi – A diverse group of ligninolytic and non-ligninolytic fungi have
the ability to oxidise PAHs, some of which have been shown to transform BaP to polar
metabolites after growth on an alternative carbon source (Table 27). Many fungi have
been shown to oxidise BaP by mechanisms similar to those observed in mammals.
Mammalian metabolism of BaP is mediated by microsomal cytochrome P450
monooxygenases. Fungal oxidation of BaP results in the formation of transdihydrodiols which supports the hypothesis that fungal BaP oxidation is mediated by
cytochrome P450 (Cerniglia & Gibson 1980a). Trans-7,8-dihydroxy-7,8-dihydroBaP and
trans-9,10-dihydroxy-9,10-dihydroBaP have been detected as initial BaP oxidation
products of Cunninghamella elegans and Aspergillus ocharaceus (Cerniglia et al.
1980a; Datta & Samanta 1988). Further oxidation of BaP dihydrodiols has been
demonstrated by Cerniglia and Gibson (1980a, 1980b) with Cunninghamella elegans.
Oxidation of trans-9,10-BaP dihydrodiol at the 7,8- positions resulted in the formation of
9,10-BaP diol epoxides. Cerniglia and Gibson (1980a, 1980b) proposed that the
hydrolysis of 9,10-BaP diol epoxides accounted for the formation of tetraols. Other BaP
transformation products arising from monooxygenase activity include 3- and 9hydroxyBaP as seen for Aspergillus ochraceus, Penicillium janthinellum and
Syncephalastrum racemosum (Ghosh et al. 1983; Datta & Samanta 1988; Launen et
al. 1995). Alternatively, the oxidation of BaP may be catalysed by different enzymatic
mechanisms involving extracellular peroxidases and laccases (Launen et al. 1995;
Majcherczyk et al. 1998). For example, BaP 1,6-, 3,6- and/or 6,12-quinones have been
detected as BaP polar metabolites of Phanerochaete chrysosporium, Cunninghamella
elegans, Aspergillus ochraceus, Trametes versicolor and Pycnoporus cinnabarinus
(Haemmerli et al. 1986; Cerniglia & Gibson 1980a; Datta & Samanta 1988;
Majcherczyk et al. 1998; Rama et al. 1998). In addition, sulfuric and glucuronic acid
conjugates of BaP diols have also been detected (Cerniglia & Gibson 1980a). Sulfuric
and glucuronic acid conjugate reactions in fungi have been implicated as detoxification
mechanisms (Cerniglia & Gibson 1980a).
Transformation by algae – Few studies have reported the degradation of BaP by algae.
Of these, Lindquist and Warshawsky (1985) and Warshawsky et al. (1988)
demonstrated the oxidation of BaP by the green algae Selanastum capricornutum
(Table 27). Degradation of BaP resulted in the formation of cis-4,5-, 7,8-, 9,10- and
11,12- BaP-dihydrodiols. These results indicated that S. capricornutum produced cis
vicinal dihydrodiols via a dioxygenase enzyme pathway. The dioxygenase enzymes are
characteristic of bacterial metabolic pathways and are unlike those of eukaryotic
organisms (such as fungi) which involve monooxygenase enzymes (Warshawsky et al.
1988).
Transformation by fish – Biotransformation of BaP by the mixed function oxidase
(MFO) system in the fish liver can result in the formation of carcinogenic and mutagenic
intermediates. The breakdown products (polyhydroxy compounds) are eliminated in
feces (via bile) and urine (ATSDR 1995).
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Table 27. List of PAH degrading and benzo[a]pyrene degrading bacterial, fungal and algal genera (modified from Juhasz, 2002).

Organism
Bacteria

Fungi

Algae

a

PAH Degrading Genera
Acidovorax, Acinetobacter, Aeromonas, Agrobacterium, Alcaligenes,
Arthrobacter, Bacillus, Brevundimonas, Comamonas, Corynebacterium,
Cycloclasticus, Flavobacterium, Gordona, Halomonas, Micrococcus,
Moraxella, Neptunomonas, Nocardia, Norcardioides, Pasteurella,
Rhodotorula, Streptomyces
Absida, Agrocybe, Basidobolus, Beauveria, Ceriporiopsis, Choanephora,
Cicinobolus, Circinella, Cladosporium, Claviceps, Cokeromyces,
Conidiobolus, Cryphonectria, Cryptococcus, Curvularia, Cylindrocladium,
Daedaela, Drechslera, Emericellopsis, Epicoccum, Flamulina, Fusarium,
Gilbertella, Gliocladium, Helicostylum, Hyphochytrium, Kuehneromyces,
Laetiporus, Linderina, Marasmiellus, Monosporium, Mortierella, Mucor,
Oxysporus, Panaeolus, Pestalotia, Phlyctochytrium, Phycomyes,
Phytophthora, Psilocybe, Rhizophlyctis, Rhizopus, Saprolegnia,
Smittium, Sordaria, Sporormiella, Thamnidium, Verticillium,
Zygorhynchus
Agmenellum, Amphora, Anabaena, Aphanocapsa, Chlamydomonas,
Chlorella, Coccochloris, Cylindrotheca, Dunaliella, Microcoleus, Navicula,
Nitzschia, Nostoc, Oscillatoria, Porphyridium, Ulva

BaP Degrading Genera

Beijernickia, Burkholderia, Mycobacterium, Pseudomonas,
Rhodococcus, Sphingomonas, Stenotrophomonas

Aspergillus, Bjerkandera, Candida, Cunninghamella, Nematoloma,
Neurospora, Penicillium, Phanerochaete, Pleurotus, Pycnoporus,
Saccharomyces, Syncephalastrum, Trametes

Selenastrum

BaP degrading organisms are also capable of degrading other PAHs.
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Transformation by mammals – In mammals, BaP is metabolised through the action of
microsomal cytochrome P450 systems to arene oxides. Arene oxides may be
transformed spontaneously to phenols or may be transformed to the trans-dihydrodiols
via hydration in a reaction catalysed by microsomal epoxide hydrolase. In addition,
arene oxides may react covalently with glutathione catalysed by cytosolic glutathioneS-transferases (IARC 2010). The phenols, quinones and dihydrodiols may be
converted to conjugated products of glucuronides and sulfate esters (IARC 2010). In
addition to being conjugated, the dihydrodiols undergo further oxidative metabolism via
cytochrome P450 systems. For example, benzo[a]pyrene-9,10-dihydrodiol may be
metabolised to l- and/or 3-phenol derivatives with the formation of minor quantities of
9,10-diol-7,8-epoxide. Diol epoxides may also be conjugated with glutathione either
spontaneously or by a glutathione-S-transferase catalysed reaction. In addition, diol
epoxides may be spontaneously hydrolysed to form tetrols (ATSDR 1995). Figure 7
shows pathways for the mammalian transformation of BaP.

5.4 Exposure to BaP – human health effects
Short-term acute exposures to BaP may result in a number of symptoms including skin
and eye irritation, nausea, vomiting, diarrhea, and confusion. Chronic exposures may
result in cancer risk in addition to other effects including kidney and liver damage. BaP
has been shown to cause tumours in several tissues (skin, lung, forestomach,
oesophagus, tongue, liver) in a number of animal species (mouse, rat, hamster)
following ingestion, inhalation and dermal exposure (IARC 2010). There is considerable
information regarding BaP toxicology (Jennings 2012): a summary of BaP classification
by regulatory and health departments is listed below.
•

The U.S. Department of Health and Human Services Public Health Service
National Toxicity Program classifies BaP as ‘R- reasonably anticipated to be a
human carcinogen’ (USDHHS/PHS/NTP 2011).

•

The U.S. Environmental Protection Agency characterizes BaP as ‘B2 – probable
human carcinogens’ (US EPA/IRIS 2011).

•

The California Environmental Protection Agency Office of Environmental Health
Hazard Assessments lists BaP as ‘California Carcinogens’ (CEPA 2011).

•

The World Health Organization International Agency for Research on Cancer
classifies BaP as ‘2A – The agent is probably carcinogenic to humans’
(WHO/IARC 1998).

•

The American Conference of Governmental Industrial Hygienists classifies
benzo(a)pyrene as ‘1 – carcinogenic to humans (NIH/NLM/HSDB 2011).

•

Safe Work Australia classifies BaP as ‘Category 2 carcinogens – substances that
should be regarded as if they are carcinogenic to man;’ ‘Category 2 mutagen–substances that should be regarded as if they are mutagenic to man;’ ‘Category 2
reproductive risk – substances that should be regarded as if they impair fertility in
humans’ (SWA 2011).

•

The German Research Foundation (DFG – Deutsche Forschungsgemeinschaft)
assigns BaP as a ‘Category 2 – chemicals considered to be carcinogenic to
humans’ and a germ cell mutagens group ‘2 – germ cell mutagens which have
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Figure 7. Pathways for the mammalian transformation of benzo[a]pyrene.
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•

been shown to increase the mutant frequency in the progeny of exposed animals’
(WHO/IPCS/ICSC 2011).

•

The International Labour Organization (ILO 2011) assigns BaP risk phrases 45 –
may cause cancer, 46 – may cause heritable genetic damage, 60 – may impair
fertility and 61 – may cause harm to the unborn child.

5.5 Exposure to BaP – ecological effects
As a result of BaP being a component in complex PAH mixtures, limited information is
available regarding the toxicity of BaP (alone) on terrestrial receptors. As detailed in
Table 28, some information is available for terrestrial invertebrates; however, these
data should be viewed with caution due to the possible synergistic effects of cocontaminants on toxicological impact. Lowest observable effect concentrations for BaP
range from 1 to 125 mg/kg depending on test species and mode of exposure (i.e.
matrix effects; Douben 2003). As described by Neff (1985), the mechanisms for toxicity
of BaP and other PAHs arise from interference with cellular membrane function
including the associated enzyme systems. In addition to unmetabolised BaP/PAHs
exerting these effects, metabolised BaP/PAHs in the form of expoxides and
dihydrodiols have the potential to bind to cellular proteins and DNA resulting in
biochemical disruptions and cell damage lead which may lead to mutations,
developmental malformations, tumours, and cancer.

5.6 Potential remediation technologies
Table 4.8 lists remediation technologies for the treatment of PAH contaminated soils
and their applicability for the removal/destruction of BaP. Treatment technologies may
be divided into four categories including:
•

•

•

•

Physical-chemical
-

Solvent extraction/soil washing

-

Supercritical fluid extraction

-

Subcritical fluid extraction

Biological
-

Bioremediation

-

Phytoremediation

Chemical
-

Chemical oxidation

-

Photocatalysis

-

Electrokinetics

Thermal
-

Incineration

-

Thermal desorption

-

Vitrification.
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Table 28. Toxicity of benzo[a]pyrene to terrestrial invertebrates (Douben 2003).

Test species
E. crypticus
E. crypticus
E. crypticus
E. fetida
E. fetida
E. fetida
O. asellus

Endpoint
Cocoon fertility
Cocoon fertility
Reproduction
Mortality
Cocoon production
Neutral red retention
Growth

Exposure duration (d)
4
7
30
28
28
28
63

P. scaber

Agar
Food
Soil, 3.9% OM
Soil, 3.9% OM
Soil, 3.9% OM
Soil, 2.0% OM
Food, > 90% OM

LOEC (mg/kg)
1
75
100
10
1
26.4
100

Assimilation

28

Food, > 90% OM

125

P. scaber

Growth

28

Food, > 90% OM

125

P. scaber

Growth

63

Food, > 90% OM

100

F. candida

Reproduction

28

Soil, 5.5% OM

10
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Reference
Achazi et al. 1995b
Achazi et al. 1995a
Achazi et al. 1995a
Schaub & Achazi 1996
Schaub & Achazi 1996
Eason et al. 1999
Van Brummelen &
Struijfzand 1993
Van Straalen & Verweij
1991
Van Straalen & Verweij
1991
Van Brummelen &
Struijfzand 1993
Bauer & Pohl 1998

An overview of pertinent parameters for each of the above-mentioned remediation
technologies including their applicability for the remediation of BaP-contaminated soils,
whether the technologies have been applied at field scale, and an indication of cost
and treatment time parameters is provided in Table 29.
While a number of technologies may be applied for PAH remediation, technology
selection is highly dependent on site specific conditions, volume of soil requiring
treatment, remediation timeframes and budget. For example, bioremediation is
considered an environmentally friendly, cost-effective treatment technology for the
remediation of a variety of organic contaminants. In the context of PAHs, it may be
suitable for the remediation of low molecular weight compounds (≤ 4-ring compounds);
however, its applicability for the removal of high molecular weight PAHs, such as BaP,
is limited due to its recalcitrance to microbial attack. BaP is resistant to microbial attack
(compared with three- and four-ring compounds) due to biological factors such as high
activation energies, unfavorable Gibbs free energy, or slow transport across the cell
membrane. In addition, PAH sequestration and PAH bioavailability may significantly
influence the efficacy of bioremediation processes resulting in high residual fraction at
the end of the treatment period even for biodegradable PAHs. As BaP is characterised
by a large Kow, (6.04–6.35), its tendency to sorb onto the organic soil fraction and
become unavailable is high. Although phytoremediation is a promising low cost, green
remediation technology for metal impacted soils, its applicability for the remediation of
PAHs is restricted by the limited ability to remove/degrade high molecular weight PAHs
including BaP (Rezek et al. 2008; Colfield et al. 2008). Phytoremediation is also limited
by root depth, growing period, potential toxicity issues affecting growth and water
usage (especially in arid regions). Bioavailability issues will also impact on the efficacy
of phytoremediation for the removal of PAHs from contaminated soils as highlighted for
bioremediation.
Physical-chemical technologies, such as soil washing, have been shown to be efficient
at removing BaP (and other PAHs) from contaminated soils; however, efficacy is
dependent on the extractant type, treatment time and soil:extractant ratio. Silvia et al.
(2005) demonstrated that increasing the soil:extractant ratio from 1:1 to 1:8 increased
the PAH removal efficacy from <30% to 95%. Similarly, increasing the extractant
solvency power (e.g. methanol, ethanol, propanol) or the use of ternary mixtures (e.g.
1-pentanol-water-ethanol) may also facilitate enhanced removal of PAHs (Khodadoust
et al. 2000). However, cost of the extractant is an important consideration when
assessing the suitability of soil washing processes for BaP/PAH remediation.
Surfactants have also been used as the extractant in soil washing processes. While a
number of surfactants (see Table 29) have been shown to be effective for the removal
of low molecular weight PAHs, such as phenanthrene (Ahn et al. 2008; Deshpande et
al. 1999), their applicability for BaP removal is limited.
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Table 29. Remediation technologies for PAHs and their applicability for benzo[a]pyrene.

Classification
Physicalchemical

Technology
Soil washing

Supercritical fluid
extraction

Subcritical fluid
extraction

Biological

Bioremediation

Phytoremediation

Chemical

Chemical

Comments
Desorption of PAHs from the soil matrix and elution into the extraction fluid.
Mixtures of water and co-solvents (e.g. ethanol, methanol, propanol, pentanol,
methyl ethyl ketone, N,N-dimethylacetamide, N,N-dimethylformamide, N-butyl
acetate, N-propyl acetate, acetone, toluene), surfactants (Tween 40, 80, Brij
30, 35, Triton X-100, X-114, X-305, T-Maz 20, 80, CA 620, TerraSurf 80,
Dowfax 8390, sodium dodecyl benzene sulfonate, sodium dodecyl sulfate,
Sterol 330) or cyclodextrins may be used. PAH removal may also be achieved
via extraction with vegetable oils. PAH extraction efficiency is dependent on
solvent type and soil:solvent ratio.
Extraction performed at elevated temperature and pressure (i.e. above the
fluids thermodynamic critical point). Carbon dioxide is typically used (50°C, 450
bar) and is sometimes combined with a co-solvent (e.g. methanol) to enhance
PAH removal.
The subcritical fluid is held in its liquid state and maintained below its critical
point under high pressure and temperature. Water is often used (also termed
pressurised hot water extraction) at temperatures between 100 and 275°C
under pressure to maintain its liquid form.
Removal of PAHs may be achieved by exploiting the metabolic capacity of
indigenous soil microorganisms. Bioremediation strategies may include the use
of biopiles, composting or slurry reactors operated under aerobic conditions
with the addition of essential nutrients (nitrogen and phosphorus). Cosubstrates may also be added to enhance microbial growth. Where indigenous
metabolic capacity is lacking, (exogenous) PAH degrading microorganisms
may be added to enhance bioremediation potential.
Grasses have predominantly been used for the removal of PAHs from
contaminated soil (e.g. tall fescue, ryegrass, switchgrass). They have a large
root surface area and are capable of adapting to a variety of soil conditions.
Efficacy is influenced by soil type (i.e. PAH bioavailability), depth of root
penetration, growth conditions etc. Phytoremediation is limited by difficulties
associated with measurement of removal rates, prediction of treatment
duration and development of monitoring schemes.
A number of chemical oxidants have been used for the treatment of PAH
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Applicable
for BaP

Applied at
a
field scale

Costs
b,c

Treatment
d,e
time

Yes

No

2–3*

1–2*

Yes

No

2–3*

1*

Yes

No

2*

1*

No

Yes

f

1–2

3

No

Yes

f

1

3

Yes

Yes

2

1

oxidation

contaminated soil including Fenton’s reagent, ozone, peroxy-acid, potassium
permanganate, hydrogen peroxide and activated persulfate. Often, chemical
oxidation is performed in slurry phase systems; however, increased soil
moisture content was found to have an adverse effect on ozone treatment. The
susceptibility of PAHs to chemical oxidation is a function of TOC content, soil
porosity and PAH physico-chemical properties. In addition, by-products may be
formed during the oxidation process which has the potential to exert toxic
effects.
Photocatalysis
Photocatalysis may be utilised for the treatment of wastewater and
Yes/No
No
2*
1-2*
contaminated soils. Titanium dioxide in the presence of UV light can accelerate
PAH degradation compared with UV light alone. The presence of humic acids
may enhance photocatalytic degradation by sensitising radicals capable of
oxidising PAHs. Issues associated with irradiation depth penetration
Electrokinetics
Application of a low level direct current electric potential through electrodes in
No
No
3*
3*
soil which facilitates the movement of ionic contaminants to the oppositely
charged electrode. Solubilising agents (e.g. surfactants, co-solvents or
cyclodextrin) are required to enhance removal. Laboratory-based trials have
utilised a 2.0 VDC/cm voltage gradient and 1.4 hydraulic gradient.
Thermal
Incineration
Temperatures ranging from 870-1200°C are required to effectively destroy
Yes
Yes
3
1
organic contaminants. Soil moisture will influence contaminant combustion. Off
gases may be produced which include HCl, SOx, NOx, dioxins and furans.
Thermal
Thermal desorption volatilises organic contaminant and removes them via a
Yes
Yes
3
1
desorption
carrier gas or vacuum system. They are then treated via secondary
combustion or through off-site disposal. Off gases may be produced which
include HCl, SOx, NOx, dioxins and furans.
Vitrification
Uses extremely high temperatures (1600-2000°C) to immobilise inorganic
Yes
Yes
3
1
contaminants and to destroy organic contaminants. Vitrification may include
electrical, thermal or plasma processes.
a
Identified following a search of data compiled in the Federal Remediation Technology Roundtable (case studies for treatment technologies).
b
Costs associated with each remediation technology have been ranked nominally as low (1), medium (2) or high (3). Costs are highly dependent on site specific conditions and clean
up targets.
c
If the remediation technology has not been demonstrated at field scale, potential costs are indicated with an asterisk.
d
Treatment time with each remediation technology have been ranked nominally as short (1), medium (2) or long (3). Treatment times may be dependent on site specific conditions and
clean up targets.
e
If the remediation technology has not been demonstrated at field scale, potential treatment times are indicated with an asterisk.
f
Remediation targets for BaP were not met.
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Bench-scale treatability studies have demonstrated the potential use of CO2 in
supercritical fluid extraction applications for the removal of PAHs from spiked soils.
Using 5% (v/v) methanol as a co-solvent at a temperature of 50 °C and pressure of 450
bar, supercritical CO2 extraction was effective at removing > 90% of all PAHs including
five- and six-ring compounds (Librando et al. 2004). Unlike other solvent extraction
methods, increasing the soil moisture content had a positive effect on the removal
efficacy of PAH from soil using supercritical CO2 extraction (Schleussinger et al. 1996).
Although bench-scale treatability studies have demonstrated the potential application of
supercritical CO2 extraction for the remediation of PAH-contaminated soil, its
application at pilot and large scale has been limited. Similarly, the potential applicability
of subcritical fluid extraction for the treatment of PAH/BaP contaminated soil has been
demonstrated at bench and pilot scale (Lagadec et al. 2000; Kronholm et al. 2002;
Kronholm et al. 2003). Subcritical fluid extraction is advantageous as it is considered a
green extraction methodology due to its utilisation of water (with a decreased dielectric
constant due to temperature and pressure) as the extractant.
A variety of chemical oxidants have been utilised for the remediation of PAH
contaminated soils. The most common oxidants used include Fenton’s reagent, ozone,
potassium permanganate, hydrogen peroxide and sodium persulfate. Table 30 details
the oxidation potential of a variety of compounds while Rivas (2006) and Khan et al.
(2004) provide comprehensive overviews of the mechanisms, kinetics and operational
parameters of chemical oxidation processes. Chemical oxidation typically involves
reduction/oxidation reactions that chemically convert hazardous compounds to
nonhazardous or less toxic compounds that are more stable, less mobile, or inert.
Redox reactions involve the transfer of electrons from one compound to another.
Specifically, one reactant is oxidised (loses electrons) and one is reduced (gains
electrons) – see below for the reactions involved in Fenton’s chemistry.
1.
2.
3.
4.
5.
6.
7.

Fe2+ + H2O2 → Fe3+ + OH· + OH−
Fe3+ + H2O2 → Fe2+ + OOH· + H+
HO· + H2O2 → Fe(III) + HO·2 + H+
HO· + Fe(II) → Fe(III) + OH−
Fe(III) + HO·2 → Fe(II) + O2H+
Fe(II) + HO·2 + H+ → Fe(III) + H2O2
HO·2 + HO·2 → H2O2 + O2.

Table 30. Relative power of chemical oxidants.

Compound
Hydroxyl radicals
Sulfate radicals
Ozone
Hydrogen peroxide
Permanganate
Chlorine dioxide
Chlorine
Oxygen
Bromine
Iodine

Oxidation Potential
(volts)
2.8
2.6
2.1
1.8
1.7
1.5
1.4
1.2
1.1
0.76
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Relative Oxidising Power
(Cl2 = 1.0)
2.1
1.9
1.5
1.3
1.2
1.1
1.0
0.9
0.8
0.54
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Chemical oxidation has primarily been applied for the remediation of contaminated
groundwater; however, there have been some applications to soil contamination and
source zone contamination. Flotron et al. (2005) utilised Fenton’s reagent for the
treatment of PAH-contaminated soil and sediment (including BaP) in slurry systems.
Although the initial concentration of PAHs and BaP in soil and sediment was low (< 10
mg/kg), total PAH and BaP concentrations were reduced by up to 90% after 24 hours.
Although significant BaP removal was recorded, the concentration of other high
molecular weight PAHs (e.g. benzo[b]fluoranthene) remained unchanged in the
presence of excess hydrogen peroxide. Other studies have demonstrated the variability
in chemical oxidation efficacy for PAH-contaminated soils using Fenton’s reagent,
ozone, potassium permanganate and sodium persulfate (especially for high molecular
weight compounds) with PAH removal ranging from 13–86% (Watts et al. 2000;
Kawahara et al. 2005; Ferrarese et al. 2008). These studies highlighted that the
susceptibility of PAHs to chemical oxidation is a function of TOC content, soil porosity
and PAH physico-chemical properties. Soil reactivity with chemical oxidants is
especially important when considering the costs of chemical oxidation. In addition, byproducts may be formed during the oxidation process which have the potential to exert
toxic effects on environmental health (Flotron et al. 2005).
Photocatalytic processes are established strategies for the treatment of wastewater. In
recent years, their application has been extended (at laboratory scale) for the treatment
of contaminated soils. Titanium oxide has been utilised in the presence of UV
irradiation, promoting the shift of an electron from the valence band to the conductance
band resulting in oxidation/reduction. In laboratory-based experiments, titanium
dioxide, at concentrations up to 3% by weight under UV light (254 nm), has been
shown to be effective (up to 90% removal) for the treatment of BaP spiked soil (40
mg/kg) although treatability studies were conducted with only 5 g of soil (Zhang et al.
2008). In addition, depth penetration (i.e. penetration of UV irradiation) is a major
limiting factor for the effectiveness of photocatalytic processes.
Electokinetic remediation involves the use of a low direct current for the in situ
electromigration of contaminants in soil. This remediation approach has more often
been applied for the treatment of metals and radionuclide-impacted soils. Its infrequent
application for the remediation of PAH/BaP contaminated soils is due to poor
contaminant removal efficacy (Gan et al. 2009).
A number of thermal treatments (incineration, thermal desorption, vitrification) may be
utilised for the remediation of BaP-contaminated soils. Incineration is a commonly
utilised treatment technology where temperatures ranging from 870–1200 °C are used
to effectively destroy BaP. Incineration temperature is critical for minimising the
production of problematic off gases including dioxins and furans. A critical factor
influencing contaminant combustion is soil moisture which may need to be regulated to
ensure adequate temperature is attained. Thermal desorption differs from incineration
by utilising lower temperatures (~ 450 °C) to volatilise organic contaminants and
removes them via a carrier gas or vacuum system. Off gases are then treated via
secondary combustion or through off-site disposal. Limited information is available
regarding the efficacy of thermal desorption for the treatment of BaP-contaminated soil
although Renoldi et al. (2003) reported 99.9% removal of PAHs from contaminated soil
(~50 mg/kg) following treatment at 450 °C. As with incineration, dioxins and furans may
be produced as a result of the decomposition or oxidation of BaP/other PAHs.
Compared with incineration and thermal desorption, vitrification uses extremely high
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temperatures (1600–2000 °C) to immobilise inorganic contaminants and to destroy
organic contaminants. Vitrification may include electrical, thermal or plasma processes;
however, treatment may be cost prohibitive due to the energy requirements for
attaining temperature in excess of 1600 °C.

5.7 Regulatory guidance
As detailed by the World Health Organization (WHO 2011), a drinking water guideline
value of 0.7 µg/L was derived for BaP based on an oral carcinogenicity study in mice.
The value was calculated using a two-stage birth–death mutation model, which
incorporated variable dosing patterns and exposure times (i.e. dose response for
tumours). An addition study in which the carcinogenicity of BaP was examined (oral
administration in mice), confirmed the value of 0.7 µg/L. More stringent drinking water
quality guideline values are enforced in various jurisdictions. In the United States, the
maximum BaP level for drinking water is 0.2 µg/L based on the observed experimental
effects of reproductive difficulties and an increased risk of cancer associated with
exposure (US EPA Safe Water Drinking Act 1994). In Australia (NEPM–ASC 1999;
NHMRC/NRMMC – Australian Drinking Water Guidelines 2004), the United Kingdom
(Drinking Water Inspectorate 2010), the European Union (Council Directive 98/83/EC
and amending act Regulation #596/2009) and Canada (Health Canada – Guidelines for
Canadian Drinking Water Quality 2012) the BaP drinking water guideline value is 0.01
µg/L.
A survey of US jurisdictional (state, regional, county and city) regulatory guidance
values for BaP in soil yielded values spanning over 6 orders of magnitude (Figure 8).
The most stringent BaP guideline value was 0.00018 mg/kg for rural environments
(Boeing/National Aeronautics and Space Administration/Department of Energy 2009)
ranging to a generic value of 860 mg/kg for the Pennsylvania Department of
Environmental Protection (2011). The median BaP soil guidance value was 0.23 mg/kg
with 86 of the 120 identified values less than 1 mg/kg.
Regulatory guidance values for BaP in soil are significantly lower in the US than in
other international jurisdictions (Figure 8). Analysis of soil guidance values for BaP
from 47 countries spanned over 5 orders of magnitude (dependent on intended land
use) ranging from 0.01 mg/kg (Norway) to 1110 mg/kg (Netherlands). The median BaP
soil guidance value was 1.0 mg/kg with 79 of the 161 identified values less than 1
mg/kg. In Australia, the health investigation level for BaP in standard residential
gardens (HILa) is currently 1 mg/kg (NEPM-ASC 1999); however, it has been proposed
to modify this value and base regulatory guidance on BaP toxicity equivalents (TEQ). It
is proposed that the HIL for BaPTEQ be based on the eight carcinogenic PAHs
(benz[a]anthracene [0.1], benzo[a]pyrene [1.0], benzo[b+j]fluoranthene [0.1],
benzo[k]fluoranthene [0.1], benzo[g,h,i]perylene [0.01], chrysene [0.01],
dibenz[a,h]anthracene [1.0], indeno[1,2,3-c,d]pyrene [0.1]) and the toxicity equivalency
factors (potency relative to BaP; listed above in parenthesis) adopted by the Canadian
Council of the Ministers of the Environment (CCME 2010).
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Figure 8. Box plot of US and International jurisdictional regulatory guidance values for
benzo[a]pyrene in soil. Each box represents the lower and upper quartiles while the band within the box
represents the median benzo[a]pyrene soil guidance value. Whiskers represent minimum and maximum
values.

BaPTEQ is calculated by multiplying the concentration of each carcinogenic PAH in the
sample by its BaP toxicity equivalency factor and summing these products. This
approach makes the implicit assumptions that carcinogenic potential is derived simply
from the addition of measured and recognised carcinogenic constituents in the mixture
and that other compounds present in complex PAH mixtures that have not been
adequately characterised from a carcinogenic/toxicological perspective (e.g. alkylPAHs) do not contribute to BaPTEQ. For HILa, this would result in a guidance value of 3
mg BaPTEQ/kg.

5.8 Identification and prioritisation of data gaps
A considerable amount of research has been performed on BaP since it was first
identified as a probable carcinogen over 70 years ago. From a toxicological viewpoint,
the carcinogenicity of parent PAH compounds is well established; however, the
carcinogenic/toxicological impact of other compounds present in complex PAH
mixtures (e.g. alkyl-BaP) requires characterisation to determine whether they contribute
to BaPTEQ.
The toxicity/carcinogenicity of some BaPTEQ transformation products are known;
however, their identification and quantification in complex samples (i.e. contaminated
soil and sediments) is not undertaken during site-specific risk assessment. In order to
address this shortfall, the development and application of routine methods for the
identification and quantification of BaPTEQ transformation products in complex samples
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should be undertaken. Data generated from these analyses would add value to sitespecific risk assessment for both human and ecological receptors.
In the context of human health risk assessment and remediation decisions, BaPTEQ
bioavailability is fundamental in determining acceptable endpoints and potential cleanup options. BaPTEQ bioavailability controls the dose, obtained via various exposure
pathways, that reaches systemic circulation. As a result, to enhance risk assessment
and remediation decisions, fundamental knowledge is required on how to assess
BaPTEQ bioavailability, the impact of physicochemical parameters on BaPTEQ
bioavailability and how this information can be used to better quantify exposure for
human health risk assessment. While it is assumed that BaPTEQ bioavailability may
vary depending on a variety of environmental parameters, its determination in the
context of human health risk assessment is lacking.
As detailed in Table 29, a number of remediation technologies are available for the
treatment of BaP/PAH-contaminated soils. While some technologies are low cost (e.g.
bioremediation, phytoremediation), they also have low efficacy for the removal of BaP.
In contrast, thermal technologies offer great efficacy for the destruction of BaP;
however, they are cost intensive and may result in the production of dioxins and furans.
In order to develop cost effective remediation technologies for the treatment of
BaP/PAH-contaminated soil, further investigation is required into alternative physicalchemical approaches. This should include proof of concept at laboratory/pilot scale in
addition to detailed cost estimates at field scale.

5.9 Conclusions
BaP is a priority pollutant: a compound selected on the basis of its known or suspected
carcinogenicity, teratogenicity or high acute toxicity. As a result, there is concern
regarding the presence of BaP in the environment due to its potential adverse effects
on human and environmental health. The fate of BaP in the environment, in addition to
its carcinogenic effects has been studied extensively. As a consequence, a
considerable amount of information is known about the dynamics and impact of BaP in
the environment. Although this compound has been studied for the past 70 years, there
are still knowledge gaps which require investigation in order to inform risk assessment
and remediation decisions.
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6. Assessment of polar transformation products
resulting from the weathering of petroleum
hydrocarbons
6.1 Introduction
Petroleum hydrocarbons may enter the environment as a result of natural processes
(i.e. seepages) and anthropogenic activities. Once in the environment, the composition
of petroleum hydrocarbons may change due to weathering (abiotic) and biotic
processes (Frysinger et al. 2003; Lang et al. 2009; Melbye et al. 2009). The rate and
extent of hydrocarbon degradation is variable and is dependent on a variety of
parameters including hydrogeological/environmental conditions, physico-chemical
properties of the hydrocarbon in addition to biological parameters (e.g. presence of
hydrocarbon degrading microorganisms, rate of uptake, presence of
nutrients/substrates) (Han et al. 2008; Okoh 2006).
Analysis of petroleum hydrocarbons (e.g. LNAPLs) by gas chromatography reveals a
complex mixture containing hundreds of individual components, both resolvable and
unresolvable. During the analysis of weathered hydrocarbons, an unresolved complex
mixture (UCM), referred to as the hump, is often observed in gas chromatographs.
Processes such as weathering and biodegradation result in an enrichment of the UCM
component through the removal of resolved components and the creation of new
compounds. New compounds may include polar products formed during hydrocarbon
biodegradation as a result of the biological incorporation of nitrogen, sulfur and oxygen
atoms into organic molecules (Hughes et al. 2008; Watson et al. 2002). However,
during the analysis of weathered hydrocarbons, these polar products are often not
differentiated which may result in the overestimation of dissolved phase hydrocarbons
due to enhanced aqueous solubilities of polar products compared with their parent
compounds (Lang et al. 2009).
This review provides an outline of biological processes that lead to the production of
petroleum hydrocarbon polar products, the toxicological impact of polar products on
ecological receptors and regulatory guidance associative with the presence of these
compounds in impacted groundwater.

6.2 Petroleum hydrocarbon transformation and the production of
polar daughter products
LNAPLs, such as those derived from diesel, contain a mixture of organic compounds
including n-alkanes, alkenes, BTEX, alkylcyclohexanes, alkylbenzenes, isoprenoids,
(methylated) polycyclic aromatic hydrocarbons, (alkyl) benzothiophene, steranes.
Under suitable environmental conditions, these organic compounds may undergo
biodegradation resulting in the production of polar daughter products and compositional
changes to the LNAPL. As detailed in Table 31, a number of physical, chemical and
biological parameters may influence the rate and extent of hydrocarbon
biodegradation. Factors influencing hydrocarbon biodegradation have been reviewed
extensively; for detailed descriptions please refer to Das and Chandran (2011),
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Jindrova et al. (2002), Okoh (2006), Rojo (2009), Patzelt (2007), Seo et al. (2009),
Singh et al. (2012) and Weelink et al. (2010).

Table 31. Factors influencing the biodegradation of petroleum hydrocarbons (adapted from Okoh
2006).

Limiting factor
Petroleum hydrocarbon composition
Physical state
Weathering
Water potential
Environment
Temperature
Nutrients
Oxygen availability
Reaction
Microorganisms

Comment
Structure, amount, toxicity
Aggregation, spreading, dispersion, adsorption
Evaporation, photooxidation
Osmotic and matrix forces, exclusion of water from
hydrophobic aggregates
Geology and groundwater system
Influence on evaporation and degradation rates
N, P, Fe may be limiting
Other alternative electron acceptors may be utilised
including nitrate, iron and sulfate
pH may not be favourable for biodegradation
Hydrocarbon degraders may be absent, in low
numbers, repressed

Provided below is an outline of biological process that result in the biodegradation of
hydrocarbon constituents commonly found in diesel LNAPLs.

6.2.1 n-alkanes
A number of bacteria have been reported to degrade n-alkanes, utilising the
hydrocarbons as carbon and energy sources. The rate and extent of n-alkane
biodegradation is influenced by hydrocarbon carbon chain length; that is, degradation
of short chain length hydrocarbons (< C10) may be limited due their impact on cell wall
integrity while for long chain n-alkanes, biodegradation is limited by their solubility.
Complete degradation of n-alkanes may occur under aerobic conditions which require
several steps as detailed in Figure 9. Degradation is initiated by the oxidation of a
terminal methyl group resulting in a primary alcohol which is further oxidised to the
corresponding aldehyde (Das & Chandran 2011; Rojo 2009; Patzelt 2007; Singh et al.
2012). The aldehyde is converted into a fatty acid, conjugated to Coenzyme A (CoA)
and further metabolised by β-oxidation resulting in the production of acetyl-CoA. An
alternative pathway for further transformation of the fatty acid is via ω-hydroxylation
whereby both terminal methyl groups are oxidised resulting in a ω-hydroxyl fatty acid
that is concerted to a dicarboxylic acid and processed by β-oxidation (Das & Chandran
2011; Rojo 2009; Patzelt 2007; Singh et al. 2012). Sub-terminal oxidation of n-alkanes
may occur. This results in the production of a secondary alcohol which is converted to
the corresponding methylketone and then oxidised to a methylester. As a result of
esterases, the methylester may be hydrolysed into an alcohol and fatty acid which may
be further metabolised by β-oxidation (Das & Chandran 2011; Rojo 2009; Patzelt 2007;
Singh et al. 2012).
Methyl branching increases the resistance of hydrocarbons to biodegradation as a
result of the methyl group hindering β-oxidation. However, branched isoprenoid
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alkanes, such as pristane may undergo ω-hydroxylation resulting in the formation of
dicarboxylic acids (pristandoic acid) (Figure 10; Patselt 2007).
n-alkanes may also be degraded under anaerobic conditions via the addition of
fumarate or via putative pathways (Figure 11). Under nitrate and sulfate reducing
conditions, fumarate addition (terminal or sub-terminal) results in the formation of alkyl
succinate. Following esterification with CoA, rearrangement of the carbon skeleton and
decarboxylation may occur. The methylcarboxylic acid CoA ester is transformed to a βketocarboxylate derivative (via dehydrogenation-hydration reactions) and subsequently
cleaved to produce acetyl-CoA and methyl fatty acid derivatives. Acetyl CoA enters the
TCA (tricarboxylic acid) cycle and regenerates fumarate while the remaining methylacyl
CoA ester undergoes further metabolism via β-oxidation (Das & Chandran 2011; Rojo
2009; Patzelt 2007; Singh et al. 2012).

6.2.1 Cycloalkanes
Cycloalkanes are more resistant to degradation than n-alkanes. For unsubstituted
cycloalkanes the first step in the aerobic degradation process is the initial oxidation
leading to the formation of alcohols and ketones (Figure 12). Further transformation
leads to the formation of 1-oxo-2-oxocycloheptane prior to ring cleavage and the
formation of adipate. Adipate may then be further degraded via β-oxidation. Alkylcycloalkanes may also be transformed via aerobic degradation with the initial site of
attack being the alkyl group (Das & Chandran 2011; Rojo 2009; Patzelt 2007; Singh et
al. 2012).
6.2.1 Monoaromatic hydrocarbons (BTEX)
Benzene – During the aerobic degradation of benzene, the compound is initially
oxidised to cis-dihydrodiols through the incorporation of molecular oxygen into the
substrate (Jindora et al. 2002; Seo et al. 2009). This initial reaction, catalysed by multicomponent dioxygenase enzymes, is usually the rate limiting step in the biodegradation
reaction (Albaiges et al. 1983). Following the initial oxidation of benzene (Figure 13),
cis-dihydrodiols are re-aromatised through a cis-dihydrodiol dehydrogenase to yield a
dihydroxylated derivative (Cerniglia 1984) with further oxidation leading to the formation
of catechol (Atlas 1981). Further degradation of catechol may proceed via ortho or
meta cleavage resulting in the production of a number of intermediate products (Figure
14). Under anaerobic conditions, benzene is more resistant to microbial attack;
however, several mechanisms (hydroxylation, methylation, carboxylation) are known
which facilitate the initial steps of degradation (Figure 15). Benzene may be
hydroxylated to form phenol and subsequently carboxylated resulting in the formation
of p-hydroxybenzoate (Weelink et al. 2010). Loss of the hydroxyl group and CoA
derivatisation results in the formation of benzoyl-CoA. This degradation product may
also be formed via the methylation of benzene and subsequent toluene degradation via
benzylsuccinate. A third mechanism for the anaerobic degradation of benzene is via
carboxylation to form benzoate leading to benzoyl-CoA (Figure 15; Weelink et al.
2010).
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OH

Toluene – The aerobic degradation of toluene (Figure 15) may be initiated by oxidation
of the methyl group (Shaw & Harayama 1992), ring mono-oxidation at positions 2, 3, or
4 (Shields et al. 1995; Olsen et al. 1994; Yen et al. 1991) or ring di-oxidation at the 2,3
position (Wackett et al. 1988). Mono- or di-oxidation at the 2 and 3 positions leads to
the formation of 3-methylcatechol. Following rink cleavage 3-methylcatechol may be
degraded via a number of intermediates resulting in acetaldehyde and pyruvic acid.
In contrast, oxidation at the 4 position results in the formation of 4-hydroxytoluene with
oxidation of the methyl group resulting in the formation of 4-hydroxybenzoate.
Alternatively, if the initial attack on toluene is via oxidation of the methyl group, this
leads to formation of benzoate (Jindrova et al. 2002) (Figure 15). Under anaerobic
conditions, the first step in the degradation of toluene is through the addition of toluene
to the double bond of fumarate to form benzylsuccinate. As a result of a succinyl-CoAdependent CoA-transferase, benzylsuccinate is then activated to CoA, resulting in the
formation of benzylsuccinyl-CoA which is then converted to succinyl-CoA and benzoylCoA (Figure 16; Weelink et al. 2010).
Ethylbenzene – Under aerobic conditions, ethylbenzene degradation is initiated by a
dioxygenation (2,3-dihydroxyethylbenzene) of the aromatic ring, leading to an extradiol
ring cleavage (2-hydroxy-6-oxo-ocrta-2,4-dienoate). Further transformation of the
opened ring leads to the formation of propanoate, acetaldehyde and pyruvic acid
(Jindrova et al. 2002). Alternative pathways utilising naphthalene dioxygenase result in
the aerobic degradation of ethylbenzene to styrene and/or 2-hydroxyacetophenone
although information regarding the further degradation of 2-hydroxyacetophenone is
lacking (Jindrova et al. 2002) (Figure 17). Anaerobic degradation of ethylbenzene is
initiated by a dehydrogenation of ethylbenzene to 1-phenylethanol and subsequent
oxidation to acetophenone (Figure 18). Carboxylation of acetophenone at the methyl
group results in the formation of benzoylacetate which is further converted via
benzoylacetyl-CoA to benzoyl-CoA – the central intermediate in the anaerobic
degradation of a variety of aromatic hydrocarbons. (Weelink et al. 2010)
Xylene – The position of the methyl group on xylene plays an important role in the
selection of bacteria able to aerobically degrade this monoaromatic. Bacteria fall into
two groups; those that can degrade both m- and p-xylene, and those that can degrade
o-xylene only. The initial attack on m-xylene proceeds through the actions of xylene
monooxygenase resulting in the formation of 3-methylbenzalcohol which is oxidised via
3-methylbenzoic acid to 3-methylcatechol (Jindrova et al. 2002) (Figure 19). o-Xylene
is also degraded via a similar pathway although a secondary pathway for o-xylene
proceed through two successive mono-oxidations of the aromatic ring to form 2,3dimethylphenol and 3,4-dimethylphenol simultaneously, which are converted into 3,4dimethylcatechol and 4,5-dimethylcatechol, respectively (Figure 20).
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Ring cleavage of the methyl catechols as a result of dioxygenases results in the
formation of 2-hydroxy-5-methyl-6-oxohepta-2,4-dienaote and 2-hydroxy-4,5-dimethyl6-oxohexa-2,4-dienaote which may be mineralised though a number of reactions
(Jindrova et al. 2002). The aerobic degradation of p-xylene is similar to that of o-xylene
(Figure 21) leading to the formation of 4-methylcatechol. 4-methylcatechol may be
further degraded through either ortho or meta pathways (Figure 5.22) in which the
aromatic ring of 4-methylcatechol is cleaved to 2-hydroxy-5-methyl-cis,cis-muconic
semialdehyde and 4-methylmuconolactone respectively. These transformation
products may be further metabolised to pyruvate, propanol and carbon dioxide. pXylene may also be degraded to 3,6-dimethylcatechol as a result of p-xylene
dioxyenase. Further metabolism and ring cleavage of 3,6-dimethylcatechol results in
the mineralisation of this transformation product (Jindrova et al. 2002). Anaerobic
degradation of xylene proceeds via a series of reactions that are similar to those of
fumarate addition in toluene degradation (Weelink et al. 2010).

6.2.2 Polycyclic aromatic hydrocarbons (PAHs)
Naphthalene – The aerobic degradation of naphthalene is initiated by the oxidation at
the 1,2- and 3,4- positions to form cis-1,2-dihydroxy-1,2-dihydronaphthalene and cis3,4-dihydroxy-3,4-dihydronaphthalene with the former being the predominant isomer
(Cerniglia, 1992) (Figure 5.23). 1,2-Dihydroxynaphthalene is enzymatically cleaved by
a dioxygenase to yield cis-2-hydroxybenzalpyruvate. An aldose catalyses the cleavage
of cis-2-hydroxybenzalpyruvate to pyruvate and salicylaldehyde, the latter of which is
subsequently oxidised to salicylate by a dehydrogenase (Seo et al. 2009). Salicylate
may be further oxidised by salicylate hydroxylase to yield catechol which can then
undergo ortho or meta fission (Figure 5.23). Under anaerobic conditions, naphthalene
degradation proceeds via methylation prior to the addition of fumarate in a process
similar to the anaerobic degradation of monoaromatic hydrocarbons (Safinowski et al.
2006) (Figure 5.24). Fumarate addition leads to the formation of 2-(2naphthalenylmethyl) succinic acid which is further transformed to 2-naphthoic acid.
Further transformation via ring reduction and cleavage results in a number of
transformation products including tetralin, decahydro-2-naphthoic acid (Zhang & Young
1997) (Figure 5.25).
Phenanthrene – Under aerobic conditions, phenanthrene is initially oxidised at the 1,2-,
3,4- and 9,10- positions to form cis-1,2-dihydroxy-1,2-dihydrophenanthrene, cis-3,4dihydroxy-3,4-dihydrophenanthrene and cis-9,10-dihydroxy-9,10-dihydrophenanthrene
with the 3,4-dihydrodiol being the predominant isomer (Cerniglia 1992; Jerina et al.
1976; Koreeda et al. 1978). The dihydroxylated derivatives are then further oxidised to
produce cis-4-(1-hydroxynaphth-2-yl)-2-oxobut-3-enoic acid which are further oxidised
to 1-hydroxy-2-naphthoic acid (Figure 25). This intermediate product may then be
further catabolised via a naphthalene catabolising pathway (see Figure 23) or through
a protocatechuate pathway. Under anaerobic conditions, phenanthrene degradation is
not favourable; however, phenanthroic acid has been detected as a transformation
product.
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Figure 23. Biodegradation pathway for the aerobic degradation of naphthalene.
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Figure 24. Biodegradation pathway for the anaerobic degradation of naphthalene.
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Figure 25. Biodegradation pathway for the aerobic degradation of phenanthrene.
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6.2.1 Heterocyclic compounds
Dibenzothiophene – The degradation of the sulfur containing heterocyclic compound
dibenzothiophene may occur through three independent mechanisms including sulfur
oxidation, carbon-carbon cleavage and sulfur specific cleavage. Sulfur oxidation occurs
as a result of bacterial dioxygenases which results in the formation of
dibenzothiophene sulfone and/or hydroxylated derivatives (Blum et al. 2011; Yu et al.
2006). As shown in Figure 26, carbon-carbon cleavage, occurs following hydroxylation
resulting in the formation of 3-hydroxy-2-formylbenzothiophene. During the sulfur
specific cleavage of dibenzothiophene, 2-hydroxybiphenyl is formed with the loss of
sulfite with further transformation resulting in the formation of 2-methoxybiphenyl
(Cooper et al. 2010; Yu et al. 2006) (Figure 26).
Carbazole – Under aerobic conditions, the nitrogen containing heterocyclic compound
carbazole is degraded to 2’-aminobiphenyl-2,3-diol following ring cleavage of the
heterocycle as a result of dioxygenases (Blum et al. 2011; Yu et al. 2006) (Figure 27).
Through a series of reactions, 2’-aminobiphenyl-2,3-diol is converted to 2hydroxypenta-2,4-dienoate and 2-aminobenzoate which may be completely
mineralised by a number of Gram negative bacteria. Carbazole may also be
metabolised by a hydroxylation reaction to form 1-, 2- and 3- hydroxycarbazole, with
the latter being the major transformation product (Yu et al. 2006).

6.2.1 Other compounds
As detailed in Table 32, a number of polar compounds may result from the aerobic and
anaerobic biodegradation of minor constituents in petroleum products. Although a
considerable amount of research has been performed to elucidate the metabolic
pathways for n-akanes, BTEX, polycyclic aromatic hydrocarbon and heterocyclic
compounds, limited information is available regarding degradative pathways for
adamantanols, benzoic acids, bicyclic alcohols, decalones, indanoic acids, indanols,
indanones, sulfoxides, tetrahydronaphthoic acids and tetralones. Table 32 details
possible mechanisms for the formation of these polar compounds.

6.2.1 Toxicological impact of petroleum hydrocarbon polar daughter
products
As detailed above, numerous polar products may result from the biodegradation of
LNAPL constituents. These compounds exhibit high aqueous solubilities and as a
consequence are freely available to organisms for absorption and to exert possible
effects. Toxicological data are available regarding the impact of unresolved complex
mixtures from crude oil, production waters from oil rigs and soil sand processing on
benthic invertebrates (Du et al. 2011), bivalves (Scarlett et al. 2007, 2008; Donkin et al.
2003; Booth et al., 2008) and fish bioassays (Melbye et al. 2009; Meier et al. 2010);
however, limited information is available regarding the toxicity of individual polar
products.

CRC CARE Technical Report no. 29
Environmental impact of priority contaminants: A literature review

114

Dibenzothiophene

S
naphthalene
1,2-dioxygenase

S
HO

O

OH
cis-1,2-Dihydroxy-1,2-dihydrodibenzothiophene

O

Dibenzothiophene sulphone

S
1,2-dihydroxy-1,2-dihydronaphthalene dehydrogenase

HO

OH
HO

1,2-Dihydroxy-dibenzothiophene

2-Hydroxybiphenyl
S

1,2-dihydroxynaphthalene
dioxygenase

OH

O

cis-4-[2-(3-hydroxy)-thionaphthenyl]
-2-oxo-3-butenoate

H3C
2-Methoxybiphenyl

S
O
COO

2-hydroxychromene-2carboxylate isomerase

OH

-

trans-4-[2-(3-hydroxy)-thionaphthenyl]
-2-oxo-3-butenoate
O

-

S
COO

trans-o-hydroxybenzylidene
-pyruvate hydratasealdolase

-

OH
O

3-Hydroxy-2-formylbenzothiophene

S
CO2

+
O
H3C

COO

-

Pyruvate

Figure 26. Biodegradation pathway for the aerobic degradation of dibenzothiophene.
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Figure 27. Biodegradation pathway for the aerobic degradation of carbazole.
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Table 32. Possible polar transformation products formed from the biodegradation of petroleum hydrocarbons.

Class
Adamantanols

Possible transformation products
1-adamantanol, 2-adamantanol
C1-Alkyladamantanes
C2-Alkyladamantanes

Benzoic acids

2,4,6-trimethylbenzoic acid
C3-alkylbenzoic acids
C3-alkylbenzoic acids
Benzylsuccinic acids
4-methylbicyclo[2,2,2]octanol

Bicyclic alcohols
Biphenylacetic acids

Indanoic acids

Biphenylacetic acid
Methylbiphenylacetic acid
Decalone
Methyldecalone
Diphenylethanoic acid
Methyldiphenylethanoic acids
Indanoic acid

Indanols

6-methyl-4-indanol

Indanones

1-indanone
2-methyl-1-indanone
Methylindanones
Dimethylindanones
1-thiaacenaphthen-2-one

Decalones
Diphenylethanoic acids

Ketones
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Comments
Formed from the aerobic biodegradation of
adamantanes. It has been proposed that 2adamantanol may be transformed to 2-adanantanone,
4-oxohomoadamantan-5-one, 5-hydroxyadamantan-2one, leading to the formation of a hydroxylactone end
product.
Possibly formed from the aerobic biodegradation of
alkylbenzenes or from the anaerobic biodegradation of
tetramethylbenzenes.

Reference
Lang 2011; Wei et al. 2007;
White et al. 1984

Possibly formed from the aerobic oxidation of 4methylbicyclo[2,2,2]octane at the tertiary position.
Formed from the biodegradation of biphenyls and
diphenylmethanes.
Presumably formed from the degradation of decalins.

Lang 2011

Formed from the biodegradation of biphenyls and
diphenylmethanes.
Presumably formed from the biodegradation of indane
via anaerobic processes.
Formed from the aerobic oxidation of indanes. 1-indanol
may be formed through hydroxylation of the benzylic
carbon atom while 5-indanol may be formed through
simultaneous hydroxylation at the 4- and 5- positions.
Formed from the aerobic biodegradation of indane and
indene with hydroxylation at the 1- position.

Lang 2011

Presumably formed from the biodegradation of

Lang 2011
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Beller et al. 1995; Cozzarelli et
al. 1990; Lang 2011; Jindrova et
al. 2002; Namocatcat et al. 2003

Lang 2011
Lang 2011

Annweiler et al. 2002; Lang 2011
Kim et al. 2010; Lang 2011; Lie
et al. 2009

Gibson et al. 1995; Lang 2011;
Lie et al. 2009

Naphthaleneacetic acids

Naphthoic acids

Phenols

Naphthaleneacetic acids
Methylnaphthaleneacetic acids
C2-alkylnaphthaleneacetic acids
Methylnaphthoic acids
C2-alkylnaphthoic acids
C3-alkylnaphthoic acids
3,4,5-trimethylphenol
C3-alkylphenols

Sulfoxides

8-methyl-7-thiabicyclodecane sulfoxide

Tetrahydronaphthoic acids

5,6,7,8-tetrahydro-1-naphthoic acid

Tetralones

1-tetralone
2-methyl-1-tetralone
Methyltetralones (benzylic methyl group)
Methyltetralones (cyclic methyl group)
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heterocyclic sulfur compounds.
Formed from the biodegradation of alkylnaphthalenes
through both aerobic and anaerobic processes.

Annweiler et al. 2002; Lang 2011

Formed from the biodegradation of alkylnaphthalenes
through both aerobic and anaerobic processes.

Annweiler et al. 2002; Lang 2011

Alkylphenols formed from the aerobic and anaerobic
biodegradation of alkylbenzenes.

Bastow et al. 2003; Eriksson et
al. 2005; Fritsche & Hofrichter
1999; Lang 2011
Lang 2011; Waldo et al. 1991

Presumably formed from the biodegradation of
heterocyclic sulfur compounds. Sulfoxides may also
form through abiotic processes.
Presumably formed aerobically from the oxidation of the
methyl group of 5-methyltetralin or anaerobically from
the biodegradation of tetralin.
Presumably formed from the aerobic degradation of
tetralins at the benzylic carbon atom.
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Annweiler et al. 2002; Lang 2011

Lang 2011; Lie et al. 2009;
Schreiber & Winkler 1983

Table 33. Toxicity of polar transformation products formed from the biodegradation of petroleum hydrocarbons.

Compound

Test organism

Naphthenic acids
n-hexanoic acid

Vibrio fisheri

n-octanoic acid
n-nonanoic acid
n-decanoic acid

Vibrio fisheri
Vibrio fisheri
Vibrio fisheri

n-undecanoic acid
n-dodecanoic acid
4-methyloctanoic acid
4-methylnonanoic acid
7-methyldecanoic acid
4-methyldodecanoic acid
2,6-dimethyheptanoic acid
3,7-dimethyloctanoic acid
2,6,10-trimethylundecanoic acid
3-cyclohexylpropanoic acid
4-cyclohexylbutanoic acid
5-cyclohexylpentanoic acid
6-cyclohexylhexanoic acid
4-ethylcyclohexylethanoic acid
4-n-propylcyclohexylethanoic acid
4-n-butylcyclohexylethanoic acid
4-n-pentylcyclohexylethanoic acid
4-n-hexylcyclohexylethanoic acid
Decalin-2-carboxylic acid
Decalin-2-ethanoic acid
3-decalin-1-yl-propanoic acid
1-adamantane carboxylic acid
1-adamantane ethanoic acid
3,5-dimethyl adamantine carboxylic acid
3,5-dimethyl adamantine ethanoic acid

Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
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Response
(EC50; mM)
0.700
19.1
0.380
0.360
0.120
0.330
0.042
0.019
0.480
0.200
0.080
0.012
0.240
0.060
0.015
0.410
0.110
0.050
0.040
0.340
0.200
0.095
0.030
0.012
0.218
0.027
0.004
0.784
0.667
0.565
0.337
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Reference

Jones et al. 2011
Frank et al. 2010
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Frank et al. 2010
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011

4-n-propylphenylethanoic acid
4-n-butylphenylethanoic acid
4-n-pentylphenylethanoic acid
4-n-hexylphenylethanoic acid
Naphthoic acids
1-hydroxy-2-naphthoic acid
2-hydroxy-1-naphthoic acid
2-hydroxy-3-naphthoic acid
6-hydroxy-2-naphthoic acid
Alkylphenols
3-isopropylphenol
4-isopropylphenol
Phenols
Phenol
o-Cresol
m-Cresol
p-Cresol
2,3-Xylenol
2,4-Xylenol
2,5-Xylenol
2,6-Xylenol
3,4-Xylenol
3,5-Xylenol
2,3,5-Trimethylphenol
2,3,6-Trimethylphenol
2,4,6-Trimethylphenol

Vibrio fisheri
Vibrio fisheri
Vibrio fisheri
Vibrio fisheri

0.394
0.250
0.044
0.023

Jones et al. 2011
Jones et al. 2011
Jones et al. 2011
Jones et al. 2011

Oryzias latipes (embryo toxicity)
Oryzias latipes (embryo toxicity)
Oryzias latipes (embryo toxicity)
Oryzias latipes (embryo toxicity)

0.020
0.048
0.051
1
N/A

Carney et al. 2008
Carney et al. 2008
Carney et al. 2008
Carney et al. 2008

Vibrio fisheri
Vibrio fisheri

0.002
0.00007

Choi et al. 2004
Choi et al. 2004

Daphnia magna
Onchorhynchus mykiss (hepatocytes)
Daphnia magna
Daphnia magna
Daphnia magna
Daphnia magna
Daphnia magna
Daphnia magna
Daphnia magna
Daphnia magna
Daphnia magna
Daphnia magna
Daphnia magna
Daphnia magna

0.395
3
0.194
2
0.166
2
0.178
2
0.115
2
0.111
2
0.096
2
0.093
2
0.117
2
0.153
2
0.181
2
0.196
2
0.143
2
0.208

2

1

NA – no mortality observed at maximal concentration within solubility limits (highest concentration tested was 300 µM)
Values represent 24 hour IC50
3
Values represent 96 hr trout hepatocyte metabolic inhibition EC50
2
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Devillers 1988
Tollefsen et al. 2008
Devillers 1988
Devillers 1988
Devillers 1988
Devillers 1988
Devillers 1988
Devillers 1988
Devillers 1988
Devillers 1988
Devillers 1988
Devillers 1988
Devillers 1988
Devillers 1988

Alkylphenols have been shown to exhibit estrogenic properties which may cause
disruption to growth, development and reproduction (Table 33). It has been proposed
that mono-substituted alkyphenols with moderately sized branched alkyl groups in the
para position have the highest estrogenic potency (Tollefsen et al. 2008; Tollefsen &
Nilsen 2008).
In a study by Beyer et al. (2012), the environmental impact of alkylphenols from
offshore oil and gas production waters was assessed on fish populations in the North
Sea. Rate constants for uptake and elimination and bioconcentration factors
corresponding to selected C4-C5 alkylphenols and C6+ alkylphenols were utilised in
the dose related risk and effect assessment model (DREAM). With a no observable
effect concentration (NOEC) of 4 ng/L, the predicted exposure to fish was
approximately 2 orders of magnitude lower than the exposure level required to cause
negative impacts on reproduction.
The cytotoxic effects of alkylphenols on rainbow trout (Onchorhynchus mukiss)
hepatocytes were also assessed by Tollefsen et al. (2008). The size, branching,
position and number of alkyl groups influenced alkylphenol cytotoxicity with EC50
values ranging from 1.16 x 10-4 to 8.93 x 10-5 mol/L for metabolic inhibition and 1.04 x
10-4 to 9.49 x 10-5 mol/L for membrane integrity (Tollefsen et al. 2008).
The influence of different methyl substitutions on the acute toxicity of phenol derivatives
(o-, m-, p-cresol, 2,3-, 2,4-, 2,5-, 2,6-, 3,4-, 3,5-xylenol, 2,3,5-, 2,3,6-, 2,4,6trimethylphenol) was assessed by Devilliers (1988) using Daphnia magna (Table 33).
Following a 24-hour exposure period, IC50 values ranged from 0.096 (2,5-xylenol) to
0.395 mmol l-1 (phenol). Although some variability in acute toxicity was observed,
Devilliers (1988) concluded that it was difficult to identify a direct relationship between
toxicity and the number and position of the methyl groups on the phenol nucleus.
The developmental toxicity of naphthoic acids (possible PAH transformation products)
on Japanese rice fish (Oryzias latipes) embryos was assessed by Carney et al. (2008).
Compounds assessed included bacterial metabolites of phenanthrene, anthracene and
2-methylnaphthalene namely 1-hydroxy-2-naphthoic acid (1H2NA), 2-hydroxy-1naphthoic acid (2H1NA), 2-hydroxy-3-naphthoic acid (2H3NA) and 6-hydroxy-2naphthoic acid (6H2NA). Naphthoic acid isomers demonstrated a rank order of toxicity
with 1H2NA > 2H1NA > 2H3NA > 6H2NA being more toxic. LC50 embryo toxicity values
ranged from 20 µM (1H2NA) to > 300 µM (6H1NA – mortality was not observed at the
solubility limits) while LC50 larval toxicity values ranged from 74 µM (1H2NA) to 228 µM
(6H1NA) (Table 33).
Using Vibrio fisheri, Jones et al. (2011) assessed the toxicity of a variety of naphthenic
acids commonly found in oil sands process water. Compounds utilised ranged from
straight chain, methyl branched, isoprenoid, monocyclic, branched monocyclic, bicyclic,
tricyclics and mono aromatic acids (Table 33). EC50 values ranged from 0.004 to 0.7
mM depending on the structure and the carbon atoms of the acids (Table 33). An
increase in toxicity was observed with increased carbon number of the acid, consistent
with the non-specific narcosis mode of toxicity (Jones et al. 2011). However, Jones et
al. (2011) suggested that in oil sands process water which contains complex mixtures
of naphthenic acid and petroleum, synergistic or antagonistic effects may influence the
effective toxicity of these compounds.
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6.3 Regulatory guidance
Although extensive guidance is available regarding the health and ecological
investigation levels for petroleum hydrocarbons, a search of national and international
hydrocarbon guidance documents was unable to identify environmental guidelines for
polar transformation products resulting from hydrocarbon weathering.

6.4 Identification and prioritisation of data gaps
6.4.1 Quantification of polar transformation products in weather hydrocarbon
mixtures
Hydrocarbon biodegradation has been studied extensively with metabolic pathways
determined for a number of chemical classes. While transformation products have
been proposed, identification and quantification of these compounds in complex
hydrocarbon mixtures (e.g. weathered LNAPLs) is analytically difficult and not routinely
undertaken. Identification of compounds in the unresolved hump may be achieved
using a variety of wet-chemistry fractionation techniques including silica gel
chromatography, silver-impregnated silica gel chromatography, thin-layer
chromatography, molecular sieves, and urea or thiourea adductions (Frysinger et al.
2003) linked to spectroscopic analytical methods. In addition, next generation analytical
techniques such as two-dimensional gas chromatography – time of flight-mass
spectrometry (GCxGC-ToF-MS) may be utilised for resolving UCM components. While
methodologies are available for resolving polar UCM components, complete
characterisation is lacking. In order to understand the potential impact and
environmental relevance of polar transformation products, their identification and
quantification is essential.

6.4.2 Toxicity of polar transformation products in weathered hydrocarbon
mixtures
Limited information is available regarding the toxicological impact of polar products
produced from the biodegradation of petroleum hydrocarbons. Assessing the toxicity of
these compounds using a variety of biological receptors and endpoints is key for
understanding the ecological risk associated with their presence in the environment.
Toxicity data for polar compounds should be assessed not only in isolation but also as
part of complex mixtures in order to assess synergistic and/or antagonistic effects.
Toxicity testing should be linked to data obtained from the identification and
quantification of polar compounds in aquifer systems in order to position toxicity
outcomes in the context of their environmental relevance (i.e. prevalence and
concentration of polar products in groundwater systems).

6.4.3 Regulatory guidance for polar transformation products
Regulatory guidance is lacking regarding the impact of polar transformation products in
groundwater and site-specific clean up levels. Information gleaned from toxicity studies
(see Section 6.2 above) may inform the development of guidance on these polar
products.
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6.5 Conclusions
Petroleum hydrocarbons may undergo transformation as a result of biotic and abiotic
processes leading to the enrichment of unresolved components and production of polar
transformation products. During hydrocarbon analysis, these polar products are often
not differentiated which may result in the overestimation of dissolved phase
hydrocarbons due to enhanced aqueous solubilities of polar products compared with
their parent compounds. A dearth of information is available regarding the toxicity of
these polar products which is a limiting factor in developing environmental guidelines
for polar transformation products resulting from hydrocarbon weathering.
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